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A B S T R A C T   

Estuarine floodplain soils are both sinks and potential sources of toxic trace metals such as Cd. Mobilization of Cd 
has been identified through spatiotemporal monitoring in intertidal sediments during the last decades, but no 
information was yet available as to what extent these biogeochemical dynamics change the Cd isotopic 
composition. Cores of an Aquic Udifluvent soil from an intertidal mudflat of the Elbe River, Germany, were sub- 
sampled at 2 cm intervals to a depth of 40 cm corresponding to a sedimentation of about 10 years. Strong redox 
zonation was found in the cores, with an upper suboxic zone and a lower anoxic zone of significantly different Cd 
isotopy. Cadmium partitioning and pore water data determined in 1985 and 1988 using a sequential extraction 
procedure were reassessed to explain the variations in the δ114Cd values determined in this study. The redox 
conditions in the mudflat soil were found to change from suboxic (Eh 300 mV) to anoxic (Eh –100 mV) at 20 cm. 
This was caused by semi-diurnal flooding with oxygenated river water (tidal pumping). The δ114Cd values varied 
systematically with depth and were correlated with the redox profile. The intense tidal water flow caused lighter 
Cd isotopes to desorb more readily from the parent soil in the upper suboxic zone and to subsequently rede-
positing in the deeper anoxic (sulfidic) zone, where the lighter Cd mobilized from Fe/Mn oxyhydroxides was 
found to be scavenged in sulfidic form. Tidal advection of dissolved lighter Cd down to the anoxic zone and 
sulfidic reprecipitation led to a decrease in δ114Cd value of up to -0.2‰ with signals of ±0.1‰ even on a seasonal 
timescale. It became clear that apportioning sources using Cd isotopes would be difficult given the sensitivity of 
the isotope record to such early-diagenetic isotope fractionation reactions.   

1. Introduction 

As one of the most toxic and mobile trace metals in the aqueous 
environment, anthropogenic enrichment of Cd in soil may threaten food 
security and human health, particularly if it is mobilized due to 
anthrobiogeochemical processes (Chen and Graedel, 2012; Kubier et al., 
2019). Controlling and mitigating soil pollution requires the sources of 
pollutants to be assessed, and stable isotopes have been suggested as a 
potential tool to apportion the sources of Cd to soil (Zhong et al., 2020). 
In view of its eight stable isotopes with atomic masses between 106 and 
116, distinctive Cd isotope ratios can be found for environmental media 
using sensitive modern analytical techniques (Hoefs, 2018). The natural 
ratio of 114Cd/110Cd (expressed as δ114Cd) in environmental media has a 
narrow range of 0–1.5‰ relative to the NIST 3108 Cd isotope reference 

material. However, industrial processes can cause Cd isotope fraction-
ations and yield in extreme δ114Cd values between − 2.3‰ and +5.9‰ 
(Martinková et al., 2016). Anthropogenic deviations in Cd isotope ratios 
from those for background soil could therefore be used to track sources 
of Cd (Zhong et al., 2020). Such anthropogenic Cd isotope signatures 
have been found for contaminated topsoils around a Zn− Pb refinery 
because of ash impact (Cloquet et al., 2006). Biogeochemical cadmium 
isotope fractionation within the soil profile, however, have been found 
to complicate source identification in relation to Pb-Zn mining and 
smelting processes (Chrastný et al., 2015). 

In fact, there has recently been some debate about the usefulness of 
Cd isotopes as source tracers due to the complex biogeochemical 
behavior of Cd (Komárek et al., 2021). Biogeochemical effects on Cd 
isotope fractionation are not as well understood as for isotopes of other 
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industrially important metals. Organic and sulfidic ligands play key 
roles in controlling Cd toxicity and mobility in the pedosphere, but the 
role of organic matter in sequestering Cd isotopes is quite complex and 
have only recently been recognized (Zhao et al., 2021). Strong Cd 
isotope fractionation giving Δ114CdOC-Cd(aq) up to ~1‰ has also been 
found for Cd binding to thiol-type organic complexes (Zhao et al., 2021). 
Preferential sorption of light Cd isotopes to such S-donor ligands may be 
caused by the low electronegativity of S and markedly longer bond be-
tween Cd and S than between Cd and O or N (Imseng et al., 2019; 
Wiggenhauser et al., 2021). Cd isotopes could therefore be used to 
indicate whether Cd binds to S in soil organic matter or to sulfides in 
redoximorphic soils . 

Dissolved Cd released in an aquatic environment is usually scav-
enged by being sorbed to minerals. Few laboratory experiments, how-
ever, have been aimed at quantifying Cd isotope fractionation driven by 
adsorption to minerals (Komárek et al., 2021). Lighter Cd isotopes have 
been found to be enriched through adsorption to Mn-oxides (Δ114Cdso-

lid-Cd(aq) = − 0.54‰ to − 0.24‰, Wasylenki et al., 2014), and Fe oxy-
hydroxide surfaces through fractionation with similar magnitudes 
having been found for goethite (Δ114CdGoe-Cd(aq) = − 0.51‰), haematite 
(Δ114CdHem-Cd(aq) = − 0.54‰), and two-line ferrihydrite (Δ114Cd2LFh-Cd 

(aq) = − 0.55‰) (Yan et al., 2021). Similar, enrichment of lighter isotopes 
in a solid may be induced by co-precipitation with calcite (Δ114Cdcalci-

te-Cd(aq) ≥ − 0.45‰) (Horner et al., 2011) or precipitation as CdS in an 
anoxic environment (Δ114CdCdS-Cd(aq) = − 0.28‰ to − 0.52‰, depending 
on the dissolved chloride concentration) (Guinoiseau et al., 2018). 

There is particular concern about the bioavailability of trace metals 
in wetland and floodplain soil ecosystems. Dynamics of redox-sensitive 
processes are very important for such soils because the depth of the oxic- 
anoxic interface changes frequently due to fluctuations in the depth of 
the water table (Borch et al., 2010). Climate change may render these 
dynamics even more intense (Ponting et al., 2021). The most frequent 
water table fluctuations occur in intertidal soils, in which tidal pumping 
of surface water intensifies solute exchange and biogeochemical pro-
cesses in the soil that contribute strongly to recycling of major nutrients 
and trace metals such as Cd, Cu and Zn (Du Laing et al., 2009). Mobi-
lization of Cd has thus been identified through spatiotemporal moni-
toring in intertidal sediments during the last decades (e.g., Audry et al., 
2006; Du Laing et al., 2009; Ponting et al., 2021). Historically 
contaminated floodplains may thus increasingly become sources of 
legacy pollutants. 

However, previous studies were all based on Cd concentration pro-
files in soil, and some of them also took into account Cd concentrations 
in pore water and sequential extraction results. Cadmium isotope data 
from such dynamic systems have not yet been published. The aim of the 
study described here was to identify potential changes in Cd isotope 
composition during mobilization/immobilization due to tidal pumping 
through different redox zones in an intertidal mudflat. We combined 
data on Cd mobility and partitioning (unpublished data from sequential 
extractions and pore water analyses of fresh soil cores collected >30 
years ago) with data acquired using the stable Cd isotope approach 
established only recently. Freeze-dried samples retained from the orig-
inal sampling campaigns were analyzed for Cd isotope fractionation as 
done in a previous study of Cu and Zn (Bigalke et al., 2012). Our main 
hypotheses were that (i) the stable isotope approach could offer insights 
into the post-depositional fates of trace metals in floodplain soils 
affected by tidal pumping and strong biogeochemical zonation, and (ii) 
the stable Cd isotope record in such highly reactive soils can in fact 
change due to mobilization/reprecipitation along this biogeochemical 
zonation. 

2. Materials and methods 

2.1. Sampling and sample preparation 

The study was performed in the Heuckenlock wildlife reserve in the 

limnic part of the meso-tidal Elbe Estuary upstream of Hamburg harbour 
in northern Germany. By the end of the 1980s, the Elbe had become one 
of the most polluted rivers in Europe (Schulz-Zunkel and Krueger, 
2009). The sampling site was at an intertidal mudflat within this reserve. 
The location, morphology, and hydrological regime of the site were 
described previously and are summarised in the Supporting Information. 
Undisturbed soil cores were collected on 25 April 1985 at 5:00 p.m. and 
on 10 May 1988 at 11:00 a.m., when the sampling site was exposed at 
low tide. Soil cores were collected using a stainless-steel corer contain-
ing transparent acrylic liners (6.4 cm i.d.) during the rising tide just 
before the sampling site was inundated, i.e., before the pore water was 
replaced by infiltrating river water. The acrylic liners were stacked of 20 
rings, each of which was 2 cm long and taped transparently together. 
This enabled easy slicing of the muddy soil cores. Once collected, the 
cores were examined through the liner for disturbance and capped at 
each end, leaving no head space. The cores were kept at 4 ◦C in a cool 
box until they were transferred into the laboratory, where they were 
placed in an Ar-flushed glove box for subsampling. 

Duplicate acrylic liners were predrilled with sampling ports every 2 
cm in helical pattern to enable measuring redox potentials and pH by 
punch-in electrodes in field. The pH and ORP values were determined 
with precisions of 0.1 pH units and ±30 mV, respectively. The ORP data 
were recalculated to report eH values relative to a standard hydrogen 
electrode. Concentrations of H2S were determined using an ion-selective 
electrode. Each soil core was subsampled into 2 cm slices by separating 
the acrylic tube segments. Interstitial water was extracted shortly after 
by displacing with an immiscible, dense, and inert fluorocarbon liquid in 
a centrifuge (Kinniburgh and Miles, 1983). Unlike conventional 
squeezing techniques, which can only extract mobile pore water, 
displacement using the immiscible liquid technique also extracts the 
immobile (stagnant) pore water. The supernatant water was passed 
through a 0.45 μm membrane filter and acidified with HNO3 (MERCK 
suprapure quality) before being subjected to dissolved trace metal 
analysis. 

2.2. Chemical analysis 

Sequential extractions inherently give operationally defined frac-
tions but can provide useful insights into metal mobility and binding 
forms in soil samples, particularly in conjunction with information 
about pore water geochemistry (Koretsky et al., 2008). A five-step 
sequential extraction method was used to characterize the partitioning 
of metals in the soil under anaerobic conditions. The method and results 
for Fe and Mn are described in the Supporting Information. Cd con-
centrations in the pore water samples and sequential extracts were 
determined using a Hitachi 180 graphite furnace atomic absorption 
spectrometer equipped with Zeeman background correction and the Fe 
and Mn concentrations were determined using a Hitachi 180 flame 
atomic absorption spectrometer (Hitachi Ltd, Tokyo, Japan). An 
external standard was analyzed at the end of each run. Results for 
samples analyzed in a run were only used if the results for the standard 
were within 10% of the expected value. These analyses were performed 
shortly after the samples were collected in 1985 and 1988. 

2.3. Cd isotope analysis 

The stable Cd isotope ratios for retained freeze-dried subsamples 
were determined >30 years after the samples had been collected. The 
samples were processed for isotope analysis in a class 100 clean lab 
(Imseng et al., 2019). All Cd isotope data are reported relative to the Cd 
isotope standard NIST 3108 (Abouchami et al., 2013), calculated using 
the equation: 

δ114Cd % =

[
(114 Cd/110 Cd)sample

(114 Cd/110 Cd)NIST 3108
− 1

]

× 103 (1) 
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High purity reactants, including distilled acids (Savillex, Eden Prai-
rie, MN, USA) and deionized water (> 18.2 MΩ, Milli-Q; Merck, 
Darmstadt, Germany), and acid-cleaned PFA beakers were used to 
minimize contamination. A 50–100 mg aliquot of a freeze-dried sample 
was digested in a mixture of 14 M HNO3 (Suprapure quality, Merck, 
Darmstadt, Germany) and H2O2 at 120 ◦C for >48 h. The digested 
sample was then evaporated to dryness, redissolved in 7 M HCl and 
digested at 120 ◦C for ≥24 h. The solution was then evaporated to a 
small volume and refluxed with 2 M HCl at 120 ◦C for ≥2 h. 

The isotope analyses were performed using a double isotope spike 
and a sample purification method as described in previous publications 
(Sieber et al., 2019; Wiggenhauser et al., 2021). An aliquot containing 
200 ng of Cd was taken from a sample extract and mixed with 200 ng of a 
111Cd/113Cd double spike, then the mixture was evaporated to dryness 

and refluxed with 4 mL of 2 M HCl at 120 ◦C for ≥24 h. The sample was 
purified using a one-stage anion exchange column procedure developed 
for analysing Cd-contaminated soil-plant systems (Wiggenhauser et al., 
2021). In brief, the double-spiked sample was mixed with 2M HCl and 
evaporated to dryness, redissolved again in 2 M HCl, and then loaded 
onto an anion exchange resin column (2 mL AG-MP-1 in a Poly-Prep PE 
column by Biorad, Cressier, Switzerland). Matrix compounds were 
successively eluted using HCl at concentrations of 2, 0.3, 0.012 M, then 
Cd was eluted using 1.2 mM HCl. The purified sample was evaporated, 2 
mL of 16 M HNO3 was added and then evaporated to dryness again. 
Finally, the sample was refluxed with 2 mL of 0.3 M HNO3 at 120 ◦C for 
≥24 h to give a solution with a Cd concentration of about 100 µg L− 1. 

The Cd isotope ratio analyses were performed using a modified 
version of a protocol developed by Sieber et al. (2019). In brief, a sample 

Fig. 1. Sequential extraction results for Cd for the mudflat soil samples collected in 1985 and 1988. (To interpret the references to colours in the legend, the reader is 
referred to the web version of the article.) 
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was introduced into a Thermo Neptune Plus high-resolution multi-
collector inductively coupled plasma mass spectrometer (Thermo Fisher 
Scientific, Waltham, MA, USA) using an Aridus desolvating system 
(Teledyne Cetac, Omaha, NE, USA) to provide ‘dry’ plasma conditions to 
decrease variability in the mass bias of the instrument. Isotopes of 117Sn 
and 115In were measured to correct for isobaric interferences of Sn on 
112Cd, 114Cd, and 116Cd, and of In on 113Cd, respectively. An 
111Cd/113Cd double spike was used to correct for instrumental mass bias. 
Procedural blank values were negligible because <0.7 ng of Cd was 
found in the blanks, which was <0.35% of the total amount of Cd in a 
sample. Quality control was achieved by analysing the NIST 3108 Cd 
isotope standard and the secondary Cd isotope standards BAM IO12 and 
JMC Cd Münster (Abouchami et al., 2013). The sample preparation and 
isotope analysis performances were also monitored by analysing the 
NIST SRM 2711a standard Montana Soil II, which has been used in 
interlaboratory comparisons for Cd isotope ratio analyses of 
Cd-contaminated soil (Borovička et al., 2021; Li et al., 2018; Liu et al., 
2019; Tan et al., 2020). The quality control sample analysis indicated 
that the external precision was 0.06 ‰ (expressed as 2sd, i.e., two times 
the standard deviation), which is similar to the secondary standards, and 
that high accuracy was achieved as shown in Table S1 (Supporting In-
formation). The Cd/Sn mass ratios for the purified samples were lower 
for the SRM 2711 Montana Soil II samples (Cd/Sn >700) than for our 
samples (Cd/Sn 27− 213). However, Sn labelling tests, sensitivity ana-
lyses, and previously published labelling tests indicated that Sn impu-
rities of up to 5% (i.e., Cd/Sn >20) can be robustly corrected as 
described in the Supporting Information. 

3. Results 

3.1. Cd concentration profiles 

The Cd concentration profiles in the soil cores collected from the 
same site in 1985 and 1988 were similar. The Cd concentrations were 
generally lower in the upper 12 cm zone than further down. Total Cd 
concentration in the soil varied markedly with depth, and the minimum 
concentration were 8.8 mg g− 1 at 10− 12 cm in 1985 and 6.4 mg g–1 at 
same depth in the soil collected in 1988 (Fig. 1). The upper 0− 12 cm in 
1985 would have become the deeper 12− 24 cm layer in 1988 due to the 
sedimentation rate of 4 cm a− 1 (Bigalke et al., 2012). The Cd concen-
trations 12− 24 cm deep in the core collected in 1988, however, were 
roughly double the Cd concentrations 0− 12 cm deep in the core 
collected in 1985. The Si/Al ratio often used to assess changes in the 

grain size distribution of sediments did not change much though the 
cores (Table 1). The concentrations of immobile elements (Al, Si, and Ti) 
generally did not vary much through the cores, although the Cd con-
centration varied considerably (Table 1). A post-depositional process 
rather than an input signal must therefore have caused the increase in Cd 
concentrations in this soil. The hypothesis was therefore that the in-
crease in the Cd concentrations with depth were not caused by fluctu-
ations in Cd supply but by leaching from the upper soil because of tidal 
pumping and subsequent scavenging in the deeper anoxic zone (Kerner 
et al., 1986). This hypothesis is supported by the highest Cd concen-
trations in the pore water (7.9 nmol L–1 in the core collected in 1988, 
Table 1) at 14− 16 cm, which decreased below that depth to less than 
detectable in the anoxic zone below 20 cm. The Cd in the pore water 
must have been released by the soil in situ rather than imported by river 
water drainage because dissolved Cd concentrations only up to 1 nmol 
L–1 were found in river water when the cores were collected (Kerner and 
Wallmann, 1992). The Cl− concentration in the river water was ~6 
mmol L–1 and speciation of dissolved Cd would probably have been 
dominated by chloride complexes. The high dissolved organic carbon 
concentration in the pore water, however, would have caused the dis-
solved Cd predominantly to form organic complexes. This was evi-
denced by differential pulse anodic stripping voltammetry (DPASV) 
measurements, which suggested that >80% of the total dissolved Cd in 
pore water was present as non-labile organic complexes (Kerner and 
Wallmann, 1992). The organic complexation of Cd could contribute to 
its mobility in the tidal mudflat soil (Grybos et al., 2007). 

3.2. Cd partitioning profiles 

Changes in the speciation of solid Cd can be assessed from the results 
of sequential extractions of the 2 cm soil core subsamples (Fig. 1). The 
sequential extraction results indicated that Cd partitioning varied 
strongly in parallel with variations in the redox potential, but did not 
show a shift due to the 12 cm sedimentation in between the years 1985 
and 1988. This means that the variations kept at same depth despite the 
relatively high sedimentation rate and thus growth of the mudflat. There 
were dramatic differences in the relative contributions of the different 
fractions in the subsamples from above and below 10–12 cm in both 
1985 and 1988 cores. At ≤12 cm, the exchangeable fractions F1 and F2 
contributed large proportions (up to 50 %) of the Cd but ≥16 cm deep 
the oxidizable fraction F4 became increasingly dominant. The relative 
contribution of F4, which was presumably dominated by Cd bound to 
OM at least in the suboxic zone, reached a maximum at the redoxcline 

Table 1 
Physicochemical conditions and element concentrations in pore water and soil for a core collected from a mudflat in the Elbe Estuary on 10 May 1988. The soil element 
concentrations were taken from Bigalke et al. (2012).  

Depth cm Eh mV  Pore water Soil 
pH H2S Fe Mn Cd Si Corg Al Fe N S Ti Mn Fe/Ti Si/Al  

——–––– µmol L–1 —–––––––– nmol L–1 ———————————–––––––––––––– mg g–1 ———————————––––––––––– 
0–2 220 6.6 -† <1 <1 1.5 228 104 57.0 53.9 8.9 4.5 4.1 3.3 13.3 4.0 
2–4 340 6.3 - † -† -† -† -† -† -† -† -† -† -†
4–6 330 6.2 - † <1 <1 3.7 225 104 53.7 44.8 8 4.3 3.9 2.7 11.5 4.2 
6–8 280 6.1 - † 218 107 52.4 43.1 8.2 4.2 3.8 2.9 11.4 4.2 
8–10 310 6.0 - † <1 <1 5.5 221 99 51.3 45.8 7.5 4.2 3.7 2.6 12.6 4.3 
10–12 370 6.0 - † 228 95 52.5 42 7.3 4.1 3.8 3.7 11.1 4.3 
12–14 290 6.1 - † <1 33 7.9 223 87 51.8 44.2 6.7 3.6 3.6 3.0 12.3 4.3 
14–16 20 6.7 - † 225 94 51.5 42.5 7.0 4.3 3.9 1.4 10.8 4.4 
16–18 -40 6.6 - † 1.6 1.5 4.8 213 106 43.5 44.7 8.5 4.6 3.4 1.8 13.3 4.9 
18–20 -100 6.5 50 41 13 <1 236 68 51.4 38.0 5.3 3.5 3.5 1.5 10.8 4.6 
20–22 -165 6.5 130 236 97 54.4 42.7 8.2 4.8 3.9 0.7 11.0 4.3 
22–24 -160 6.5 240 136 27 <1 224 83 52.6 34.9 6.1 7.2 3.9 0.9 9.1 4.3 
24–26 -150 6.5 210 242 -† 57.5 44.2 -† 7.8 4.1 1.3 10.7 4.2 
26–28 -160 6.5 180 72 21 <1 240 89 58.0 33.7 6.7 6.8 4.0 1.0 8.5 4.1 
28–30 -200 6.5 150 227 105 55.2 45.5 8.2 7.1 4.0 1.0 11.4 4.1 
30–32 -160 6.5 210 70 22 <1 241 85 58.6 38.8 -† 7.1 4.1 0.8 9.6 4.1 
32–34 -160 6.5 170 229 -† 57.0 32.7 6.3 8.0 4.0 0.8 8.3 4.0 

†) Not determined. 
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10–12 cm deep. The other binding forms such as Cd adsorbed to oxy-
hydroxides and other mineral surfaces had apparently been leached out 
at that depth. Unfortunately, the oxidizable fraction F4 is less well 
defined than the other fractions because it includes Cd bound to both 
labile and more refractory OM and also by sulfides. The results suggest 
that Cd bound to OM may have dominated fraction F4 in the suboxic 
zone (the top 16 cm) but would have been rather less important in the 
deeper anoxic zone in which the sulfide concentrations in the pore water 
were up to 0.2 mmol L–1 (Table 1). The small oxalate-reducible (pH 3) 
fraction F3 in the anoxic zone might even have been an artefact because 
Wallmann et al. (1993) found that Cd sulfide is soluble to some extent in 
this fraction. Weber et al. (2009) performed similar sequential extrac-
tions and found that easily mobilizable Cd in floodplain soil was 
completely sequestered as sulfide precipitates when waterlogging 
occurred and that this decreased the dissolved Cd concentration to 
below the detection limit just as found for our soil cores (Table 1). 

4. Discussion 

4.1. Biogeochemical zonation 

A 134Cs activity maximum was found at 8 ± 1 cm in the core collected 
May 1988, giving a mean sedimentation rate of 4 ± 0.5 cm a–1 for the 
two years after the Chernobyl event (Bigalke et al., 2012). The mudflat 
soil surface therefore moved upwards by ~12 cm (three times the mean 
sedimentation rate) between the sampling campaigns. This would have 
been facilitated by dense stands of reed acting as sediment scavengers. 
During both sampling campaigns, the redox potentials in the soil cores 
decreased from ~300 mV to below –100 mV at 22 cm (Table 1). Net 
downward infiltration of oxygenated surface water (“tidal pumping”) 
causes a redox cycle in the topmost unsaturated layer and drains the 
intermittently or permanently waterlogged soil beneath that layer. This 
causes extensive net export of dissolved nutrients, Mn, and Fe back via 
the tidal creeks into the river (Kerner, 1993; Kerner et al., 1990). 

Despite the presence of fine-grained sediments rich in organic matter 
(Corg90 ± 20 mg g–1 dry-wt., Table 1), the suboxic recharge zone 
extended down to 20 cm before the soil became anoxic. The Eh values 
decreased slightly down the topmost 6 cm due to intense degradation of 
plant debris involving deamination processes causing rapid replenish-
ment of oxygen (Table 1). Kerner and Wallmann (1992) found trace 
concentrations of free dissolved sulfide concentrations (total H2S con-
centrations 2− 8 μg L− 1) in the top 6 cm of soil from the same site, 
indicating anoxic conditions at microniche sites. However, our redox 
potential measurements were only performed when the samples were 
collected at low tide and may not have been fully representative of 
variations over longer periods, and particularly not for high tide. LaR-
iviere et al. (2004) found temporary redox potential variations with a 
high frequency of up to 10 mV min− 1, from oxic to anoxic conditions, for 
soil in a tidally influenced wetland. The Eh values between ~6 cm and 
14 cm were found to be stable at ~300 mV. Nitrate was abundant in the 
pore water in the suboxic zone due to nitrification. The NH4-N con-
centration decreased in the top 10 cm due to aerobic nitrification during 
tidal advection of oxygenated river water through the soil surface at 
high tide (Kerner, 1993; Kerner et al., 1990). The Eh decreased at >10 
cm, indicating an intermediate redoxcline from aerobic nitrification to 
suboxic denitrification and Mn/Fe reducing conditions. The nitrate 
concentration decreased to close the detection limit, while the dissolved 
ammonium concentration in the pore increased in the denitrification 
zone >14 cm (Kerner, 1993; Kerner et al., 1990). Diurnal waterlogging 
in this zone led to marked accumulation of dissolved Fe and Mn in the 
pore water and therefore the reduction of labile Fe/Mn oxyhydroxides 
such as ferrihydrite (Table 1). This was also clearly indicated by a 
minimum particulate Mn concentration in the suboxic zone and a 
marked change to more labile binding forms indicated by the sequential 
extraction results (Fig. S2). Note that the main direction of water flow 
was vertically downwards, so Mn and Fe dissolved in the upper suboxic 

soil would have been transported downwards and not diffused upwards 
as common in sediments. 

DPASV measurements indicated that Fe(III) humates were the 
dominant dissolved Fe species in the pore water (Kerner and Wallmann, 
1992). These humates were also visible as typical oil-like films at 
seepage sites of pore water in the tidal creeks at low tide. Tidal pumping 
in the mudflat would have prevented rapid accumulation of sulfide to 
concentrations high enough to cause large amounts of Fe sulphide to 
precipitate. The Fe3+ in the dissolved Fe(III) humates would instead 
have first been reduced to Fe2+ and then precipitated as siderite (FeCO3) 
at the redoxcline (“ferricline”) as was indicated by the sequential 
extraction results. However, downward tidal pumping would have 
supplied enough bicarbonate to allow for siderite precipitation only at 
the redoxcline, which would not have accumulated any deeper. The 
sequential extraction results for >24 cm (a little deeper than the ferri-
cline) indicate that rather oxidizable Fe accumulated at the expense of 
reducible Fe, presumably because sufficient dissolved sulfide was pre-
sent to precipitate FeS despite continuous flooding (Fig. S2). The total 
dissolved Fe concentration therefore decreased again at 24 cm (Table 1). 
The saturation index (SI = logIAP − logKsp) for FeS (mackinawite) of 0.2 
± 0.1 at logKsp = − 3.6 from the Visual Minteq code database (Gus-
tafsson, 2020) indicates that both dissolved Fe2+ and HS− were in 
equilibrium with mackinawite at >24 cm. 

4.2. Cd biogeochemistry 

A severe loss of Fe/Mn oxyhydroxide adsorption capacity in the 
suboxic zone was indicated by the increasing ammonia concentrations 
in pore water that was ascribed to changes in the reversible adsorption- 
desorption equilibrium of ammonia in soil (Kerner, 1993; Kerner et al., 
1990). The Cd desorption and release rate in that zone was ~1 ×
10–6nmol g–1 s–1 on a dry-weight basis in laboratory percolation ex-
periments that mimicked diurnal tidal pumping conditions (Kerner and 
Wallmann, 1992). This was equivalent to ~95 nmol g–1 or ~10.6 μg g–1 

in three years, which agrees quite well with the decrease in the total Cd 
concentration of ~50 % from topsoil down to the transition between the 
suboxic denitrification and suboxic nitrification soil zones at 10 cm 
(Fig. 1). Approaching the anoxic redoxcline, the total Cd concentration 
increased again between 14 and 18 cm in the cores collected in both 
1985 and 1988, but the particulate Mn concentration remained low 
(Table 1). At ~22 cm, a strong redoxcline towards an anoxic zone (Eh <
–100 mV; Table 1) would have been caused by permanently waterlogged 
conditions independent of the tidal inundation cycle. Below this 
redoxcline, increasing accumulation of sulfide concentrations in pore 
water to reach 0.2 mmol L–1 (Table 1) would have caused 
re-precipitation of the trace amount of Cd mobilized and advected from 
above. Both mobilization of Cd in the suboxic zone and re-precipitation 
below the redoxcline were strongly indicated by the minima and max-
ima, respectively, at same depths in the Cd concentration profiles for the 
cores collected in 1985 and 1988 despite the high sedimentation rate 
(Fig. 1 and Table 1). This indicates that these changes in concentration 
were probably not caused by variations in particulate Cd supply but by 
the post-depositional biogeochemical mobilization/immobilization 
processes discussed above. This conclusion derived from assessing the 
old data is important to rationalize the Cd isotope data measured in this 
study. 

4.3. Cd isotope fractionation 

The previous discussion in fact facilitates to rationalize the changes 
of Cd isotopic composition with depth. The first intense Cd leaching 
zone to 8 cm caused δ114Cd values to increase (Fig. 2). Between 10 and 
24 cm, no marked δ114Cd fluctuations were found (δ114Cd = 0.30 ±
0.06; Fig. 2). At >24 cm, the δ114Cd value indicated that lighter Cd 
isotopes became increasingly important, and the δ114Cd values 
decreased to 0.10 ± 0.06. There are two possible explanations for these 
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variations in Cd isotope compositions between the suboxic and anoxic- 
sulfidic zones. The first is that the Cd concentration and isotope 
composition varied due variations in the deposited Cd, but this is less 
plausible as discussed already above. Variations in the sources of river 
sediment forming the mudflat are unlikely to explain the variations in 
the vertical distribution of δ114Cd. The second is that advection and 
biogeochemical processes in the soil caused post-depositional redistri-
bution of Cd and concomitant isotope fractionation. Strong bio-
geochemically induced redox zoning and a particularly high leaching 
rate by tidal river water inundation (tidal pumping) are therefore more 
likely to have caused not only the variations in Cd concentrations but 
also in Cd isotope ratios. The increase in δ114Cd values to 8 cm was 
caused by desorption of lighter Cd from Fe/Mn oxyhydroxides due to 
decrease in pH. Isotope fractionation due to preferential desorption of 
lighter Cd isotopes from Fe/Mn oxyhydroxides is known from experi-
ments (Wasylenki et al., 2014). The Cd thus mobilized was not scav-
enged deeper down due to increasing reduction of the Fe/Mn 
oxyhydroxides as indicated by the dissolved Fe and Mn in the pore water 
(Table 1). The decrease in both total and weakly-bound Cd concentra-
tions as shown by the sequential extraction results indicate that this is a 
plausible conclusion (Fig. 1). Re-precipitation, as CdS, or 
co-precipitation with FeS of dissolved lighter Cd advected from above by 
tidal pumping in turn may have increased the particulate Cd concen-
tration by nearly double as much as in the upper suboxic zone and may 
well explain the change to lighter Cd isotopes by up to δ114Cd − 0.2‰ 
below the redoxcline. This explanation is further corroborated by the 
decrease of Cd in pore water at the redoxcline (Table 1) and by increase 
of the sulfide-bound Cd in the sequential extraction results (Fig. 1). 
Unfortunately, no isotope data were available of the dissolved Cd in pore 
water nor of the different Cd fractions from sequential extractions to 
calculate a mass balance for the isotope changes. 

Marked fluctuations in δ114Cd occurred in the anoxic-sulfidic part of 
the sediment >24 cm at strikingly regular intervals (Fig. 2). This regu-
larity could have been caused by the 2 cm sampling interval, with each 2 

cm section representing ~6 months of sedimentation. This regularity 
and the δ114Cd fluctuations may have been caused by seasonal sedi-
mentation. The quality and quantity of OM in the soil may vary 
seasonally, and the conditions controlling microbial activity (e.g., tem-
perature) vary by season as well, resulting in different intensities of 
redox processes and Cd accumulation in between the 2 cm sections and 
associated slight effects on the Cd isotope signal. This was evident 
because δ114Cd correlated with the Fe/Ti concentration ratio (Table 1). 
The Ti concentration would not have been affected by biogeochemical 
dynamics and did not vary with depth, but the Fe concentration would 
have been strongly affected by the biogeochemical dynamics, as 
mentioned in Section 3.1. A higher Fe concentration would indicate 
lower redox conditions at the time of FeS accumulation caused by higher 
temperatures (tidal pumping in the summer season). This would have 
caused higher Fe concentrations and more intense change in δ114Cd. 
Accordingly, higher δ114Cd values were found when the Fe/Ti ratios 
were higher, indicating stronger microbial activity, and vice versa 
(Fig. 2 and Table 1). These δ114Cd fluctuation beyond the level of sta-
tistical significance were therefore probably seasonal and induced by the 
highly dynamic biogeochemical conditions. Similar fluctuations were 
found for stable Cu isotopes at that site and explained by the same 
seasonally changing isotope fractionation intensity of the redox- 
sensitive Cu (Bigalke et al., 2012). 

4. Conclusions 

Each soil core represented ~10 years of sedimentation in a limnic 
section of the tidal part of the Elbe estuary. Strong redox zonation was 
found in the cores, with an upper suboxic zone and a lower anoxic zone 
of significantly different Cd isotopic composition. Redox conditions 
controlled the pH, the metal concentrations in the pore water, and Cd, 
Fe, and Mn partitioning between operationally defined fractions in the 
solid phase. Tidal pumping induced a reverse pore water advection from 
the suboxic to the anoxic soil horizons each semi-diurnal tidal cycle, 
implying that competition between desorption and adsorption, and be-
tween dissolution and precipitation occurred. This induced mobilization 
and immobilization of the trace metals and a post-depositional Cd 
isotope fractionation, with lighter Cd isotopes preferentially remobilized 
in the suboxic zone and reprecipitated in the anoxic zone below 20 cm 
by tidal pumping. 

The results indicate that the distribution of dissolved Cd in pore 
water in an estuarine mudflat is, at any moment in time, probably the 
instantaneous product of a continually varying dynamic balance. 
Neither thermodynamic equilibrium nor even a dynamic steady state, 
except on a time-averaged basis indicated by the particulate binding 
forms, appeared to be achieved at the sampling site. Such a reactive 
environment appears not to be useful for studying historical trace metal 
records using dated sediment or soil cores. The biogeochemical condi-
tions should be verified, and inert biogeochemical behavior of the 
environment must be confirmed before any dating experiments can be 
performed. This can be very laborious, but it appears to be much easier 
to correlate variations in the Cd isotope record with redox profiles 
because Cd isotopes react quite sensitively to changing biogeochemical 
conditions triggering early-diagenetic changes in the δ114Cd record even 
on a seasonal timescale as shown in this study. It became clear that 
apportioning sources using Cd isotopes would be difficult given the 
sensitivity of the isotope record to potential early-diagenetic isotope 
fractionation reactions. 

Supporting Information 

Extended details including tables and figures containing hydrologi-
cal condition information for the sampling site, sequential extraction 
method description and results for Fe and Mn, and the method used to 
correct Sn interference on the Cd isotope measurements. 

Fig. 2. δ114Cd soil profile for the core collected in 1988 (each error bar indicate 
the external precision expressed as 2sd). The shadowed lower part indicates the 
zone of Fe sulphide formation. 
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