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Abstract 

Environmental pollution is increasingly recognized as a global concern. Therefore, the development of cost-

effective remediation technologies continues to be a growing topic in the scientific community. A material 

receiving increased attention in the field of soil and water remediation in the last decade is biochar – a carbon-

rich product obtained through pyrolysis of organic materials. Biochar can be applied as a sorbent in 

environmental remediation for a variety of different contaminants. 

In this thesis, the sorption and remobilization behavior of two model organic contaminants, trichloroethylene 

(TCE) and tetrachloroethylene (PCE), on different biochars was investigated to gain a better understanding of 

biochar-pollutant interaction mechanisms. To this end, a set of laboratory experiments was conducted that are 

presented in the three core chapters of this thesis. Three biochars produced from cattle manure, grain husk, and 

wood chips at 450°C were used in all experiments. For selected tests, an activated carbon was included to serve 

as a fully carbonized reference. 

Single- and bi-solute batch adsorption experiments were conducted to study the effects of biochar feedstock on 

sorption behavior, to explore competitive and concentration-dependent effects in bi-solute systems, and to 

determine how sorbent properties influence partitioning and adsorption in both systems. In single-solute 

experiments, all biochars showed stronger sorption for TCE compared to PCE, which was attributed to steric 

effects. Plant-derived, carbon-rich biochars with high specific surface area and microporosity predominantly 

sorbed via pore-filling. Biochar produced from manure, with higher ash content and polarity, and smaller total 

pore volume, showed significant contribution of partitioning. In bi-solute systems, TCE and PCE showed different 

competition behavior depending on biochar properties. Plant-based biochars are pore-filling-dominated and 

show strong competition, whereby manure-derived biochar with high polarity and lower total pore volume 

showed significant partitioning and less competition.  

When biochar is applied in remediation technologies, its properties and sorption behavior can be naturally 

altered by, e.g., dissolution of minerals and mobilization of leachable organic carbon (LOC). This was investigated 

by artificially leaching the three biochars, characterizing their leachates, determining changes in the biochars’ 

chemical and structural properties, and relating these changes to specific differences in sorption mechanisms. 

The manure-derived biochar mobilized significantly more LOC and total ions, compared to the two plant-based 

biochars. Leaching increased external surface area, mesopore volume, and hydrophobicity of the manure-

derived biochar, and decreased its polarity. This enhanced sorption via partitioning. In the plant-based biochars, 

micropore volume and pore size distribution were altered, most likely through the un-blocking of pores, causing 

increased sorption via pore-filling for both TCE and PCE. 

When biochar is applied in remediation technologies, it is not only important to understand the adsorption 

process, but it is also vital to know if pollutants are sequestered for the long-term or if they are readily released 

again into the environment. To investigate the influence of biochar properties on the remobilization of organic 
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contaminants, the three biochars were pre-loaded with defined amounts of TCE and PCE and sequentially 

extracted with different solvents to analyze their remobilization behavior (water, methanol, toluene, and n-

hexane). Water was only able to mobilize a comparably low fraction of the actually extractable mass. A 

significantly higher mobilized fraction of TCE and PCE was water-extractable from the polar, mesoporous 

manure-derived biochar. The more hydrophobic sorbents (grain husk biochar, wood chips biochar, and activated 

carbon), containing significant micropore volume, showed a lower water-extractable fraction. For all biochars, 

methanol contributed the highest share to the total extracted mass of all solvents at the two lowest pre-loading 

levels, whereby mass fractions released by toluene and n-hexane were comparably low. The non-extractable 

fraction appeared to be higher for PCE compared to TCE for the two plant-based biochars. Further, the fraction 

remaining unextracted was slightly lower at the higher pre-loading level. Overall, the results indicated that 

contaminant trapping in narrow micropores, especially at low concentrations, significantly influenced the 

release behavior of sorbed compounds. This supports the well-established hypothesis of contaminant trapping 

caused by swelling and deformation of the pore structure as a cause for irreversible sorption in the investigated 

biochars. In addition, overall matrix and pore accessibility governed by sorbent bulk hydrophobicity likely also 

have an impact. 

The results from this thesis highlight that biochar is an excellent sorption material for organic pollutants with 

great potential for a variety of different applications in environmental remediation. Thereby, feedstock-

governed biochar properties show a strong influence on the overall fate of pollutants, indicating that sorbents 

ultimately could be tailored by feedstock selection. 
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Zusammenfassung 

Die Verschmutzung von Wasser und Boden wird zunehmend als globales Problem erkannt, weshalb die 

Entwicklung kostengünstiger Sanierungstechnologien im wissenschaftlichen Diskurs zunehmend an Bedeutung 

gewinnt. Ein Material, das in den letzten Jahren im Bereich der Wasser- und Bodensanierung zunehmend mehr 

Aufmerksamkeit erfahren hat, ist Biokohle. Biokohle ist ein kohlenstoffreiches Material, das durch die Pyrolyse 

organischen Materials gewonnen wird und in der Sanierungstechnik als Sorbent für eine Vielzahl 

unterschiedlicher Schadstoffe eingesetzt werden kann. 

In dieser Arbeit wurde das Sorptions- und Remobilisierungsverhalten von zwei typischen organischen 

Schadstoffen (Trichlorethylen, TCE; Tetrachlorethylen, PCE) auf verschiedenen Biokohlen untersucht, um ein 

besseres Verständnis für die relevanten Interaktionsmechanismen zu erlangen. Hierzu wurde eine Reihe von 

Laborexperimenten mit Biokohlen, hergestellt aus den Ausgangsmaterialien Kuhdung, Getreidespelzen und 

Holzchips (bei 450°C), durchgeführt. In ausgewählten Versuchen diente zusätzlich eine kommerzielle Aktivkohle 

als Referenzmaterial.  

In Einstoff- und Zweistoff-Batchexperimenten wurde das Sorptionsverhalten der beiden Stoffe sowie mögliche 

Konkurrenz- und Konzentrationseffekte untersucht. Außerdem wurde der Einfluss der Eigenschaften der 

verschiedenen Sorbenten auf die beteiligten Sorptionsmechanismen näher betrachtet. Im Einstoffsystem 

sorbiert TCE deutlich stärker als PCE auf allen Biokohlen. Dies kann durch sterische Hinderung erklärt werden. 

Stark kohlenstoffreiche Biokohle, hergestellt aus Pflanzenmaterial, besitzt eine hohe spezifische Oberfläche, 

sowie eine große Anzahl von Mikroporen. Daher findet Sorption hauptsächlich durch Porenfüllung statt. Im 

Gegensatz dazu zeigte die aus Kuhdung hergestellte Biokohle, mit hohem Aschegehalt, höherer Polarität und 

geringerem Porenvolumen, einen deutlichen Anteil von „Partitioning“ an der Gesamtsorption. Im 

Zweistoffsystem, zeigten TCE und PCE unterschiedliches Konkurrenzverhalten, welches deutlich durch die 

Eigenschaften der Biokohlen beeinflusst wurde. In den aus Pflanzenmaterial hergestellten Biokohlen, in denen 

Sorption hauptsächlich durch Porenfüllung stattfindet, konnte ein ausgeprägtes Konkurrenzverhalten der 

beiden Schadstoffe gezeigt werden. Im Unterschied dazu wurde in der Kuhdung-Biokohle, mit hoher Polarität 

und geringem Porenvolumen, eine deutlich geringere Konkurrenz zwischen TCE und PCE festgestellt. Dies wurde 

auf den größeren Einfluss von „Partitioning“ zurückgeführt. 

Wird Biokohle in der Sanierungstechnik eingesetzt, können sich ihre Eigenschaften durch natürliche 

Lösungsprozesse verändern. Dazu zählen zum Beispiel die Lösung von mineralischen Phasen oder die 

Mobilisierung von löslichen, organischen Kohlenstoffspezies. Der Einfluss dieser Veränderungen auf die 

Sorptionsfähigkeit von Biokohle wurde untersucht, indem diese durch Extraktion mit Wasser einem künstlichen 

Lösungsprozess unterzogen wurde. Anschließend wurden die Eluate hydrochemisch charakterisiert, sowie 

Elementzusammensetzung, spezifische Oberfläche und Porenstruktur der eluierten Biokohlen bestimmt. Ferner 

wurde das Sorptionsverhalten der beiden Schadstoffe TCE und PCE an den eluierten Biokohlen in 
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Batchversuchen getestet. Aus der Kuhdung-Biokohle wurden große Mengen an löslichem, organischem 

Kohlenstoff, sowie Ionen gelöst. Die Eluate der beiden übrigen Biokohlen zeigten deutlich geringere 

Lösungskonzentrationen. Alle drei Biokohlen zeigen deutliche Veränderungen ihrer strukturellen und 

chemischen Eigenschaften. Nach der Elution konnte für die Kuhdung-Biokohle eine erhöhte Hydrophobizität, 

eine größere externe Oberfläche, größeres Mesoporen-Volumen, sowie geringere Polarität nachgewiesen 

werden. Diese Veränderungen führten gleichzeitig zu einem größeren Anteil von „Partitioning“ an der 

Gesamtsorption. Für die beiden Biokohlen aus Pflanzenmaterial wurde dagegen eine Veränderung des 

Mikroporenvolumens, sowie der Porengrößenverteilung festgestellt. Diese führte zu einem Anstieg der Sorption 

beider Schadstoffe, durch vermehrte Porenfüllung. 

Neben dem Sorptionsverhalten von Sorbenten, ist die Frage nach einer möglichen Remobilisierung sorbierter 

Schadstoffe von großem Interesse. Um diesen Aspekt zu untersuchen, wurden die Biokohlen mit einer 

definierten Menge TCE oder PCE beladen und anschließend mit vier unterschiedlichen Lösungsmitteln 

sequenziell extrahiert (Wasser, Methanol, Toluol und n-Hexan). In allen Versuchen konnte mit Wasser nur eine 

geringe Menge der gesamtlöslichen Masse extrahiert werde. Dabei wurden von der Kuhdung-Kohle deutlich 

größere Anteile TCE und PCE mobilisiert als von den beiden aus Pflanzenmaterial hergestellten Biokohlen. Dies 

konnte auf die unterschiedlichen chemischen und strukturellen Eigenschaften zurückgeführt werden. Dabei 

spielt neben der Polarität der Sorbenten hauptsächlich das Mikroporenvolumen eine entscheidende Rolle. Von 

allen Biokohlen konnte der größte Anteil löslicher Schadstoffe mit Methanol extrahiert werden. Im Gegensatz 

dazu, konnten mit Toluol und n-Hexan nur geringe Mengen extrahiert werden. Im Allgemeinen scheint für die 

beiden Biokohlen aus Pflanzenmaterial die nicht extrahierbare Masse an PCE höher zu sein. Des Weiteren 

erscheint der nicht extrahierbare Anteil bei geringerer Schadstoffbeladung leicht höher. Die Ergebnisse lassen 

vermuten, dass besonders bei geringen Konzentrationen, Schadstoffe in engen Mikroporen festgehalten 

werden. Dieser Prozess kann das Elutionsverhalten von Schadstoffen deutlich beeinflussen. Das beobachtete 

Verhalten scheint die gängige Hypothese des Festhaltens von Schadstoff in Mikroporen durch Quellen und 

Deformation der Porenstruktur als Ursache für irreversible Sorption zu unterstützen. Zusätzlich scheint auch die 

Zugänglichkeit von Porosität und Gesamtmatrix eine Rolle zu spielen. Diese werden wiederum durch die 

Gesamt-Hydrophobizität des Sorbenten beeinflusst. 

Insgesamt konnte in dieser Arbeit gezeigt werden, dass Biokohlen ein exzellentes Sorptionsmaterial für 

organische Schadstoffe darstellen, was ein großes Potenzial für den Einsatz in der Sanierungstechnik mit sich 

bringt. Dabei sind die Eigenschaften der Sorbenten, die stark durch die Auswahl des Ausgansmaterials 

beeinflusst werden, von entscheidender Bedeutung. 
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1. Introduction 

1.1. Motivation 

Widespread contamination of soil and water is a global environmental concern. Anthropogenic activities in 

industrial and urban areas, as well as in agricultural settings continue to cause negative effects on the 

environment, and negatively affect soils, surface waters, and groundwater resources all over the world. 

Environmental pollution can occur through several different routes, for example diffuse or point sources, and 

encompasses both organic (e.g., pesticides and pharmaceuticals) and inorganic (e.g., nitrate and heavy metals) 

contaminants. Examples for common input pathways are the widespread use of industrial fertilizers, plant 

protection products and antibiotics in agriculture, the release of untreated wastewater and sewage or improper 

waste disposal in urban areas, or the extensive use and spillage of industrial chemicals. These activities can lead 

to severe risks in global environmental and human health, for instance by affecting drinking water quality or 

food safety.  

Many authorities have implemented measures to protect and restore water resources, sediments, and soils, like 

the European Union’s Water Framework Directive (European Comission, 2000) or the “Superfund” program of 

the United States Environmental Protection Agency (US EPA, 2021). Further, the United Nations have included 

the provision of safely managed drinking water into the UN Sustainable Development Goals (UN Environment, 

2019). Therefore, the development of cost-effective and sustainable technologies to protect, remediate, and 

restore the different environmental compartments, and to supply clean water, continues to be a growing topic 

in the scientific community. 

Soil, sediment, and (ground)water remediation of both inorganic and organic contaminants utilizes either in-situ 

or ex-situ technologies. Ex-situ techniques usually remove the contaminated soil/sediment or water by 

excavation or pumping and treat it off- or on-site. Popular technologies are groundwater pump-and-treat, soil 

washing, or simply “dig-and-dump” or incineration of contaminated material (Kuppusamy et al., 2016a). 

However, especially in populated and built-up areas or ecologically sensitive settings, these options are not 

always feasible. Therefore, in-situ technologies like adsorbent capping, bio- or phytoremediation, natural and 

enhanced natural attenuation, reactive barrier technologies, or advanced oxidation methods are also attractive 

remediation options (Kuppusamy et al., 2016b; Zhang et al., 2017). 

A material receiving increased attention in the field of soil and water remediation in the last decade is biochar. 

Biochar is a carbon-rich product obtained through pyrolysis of organic materials such as plant residues or organic 

waste (Lehmann and Joseph, 2009). It is attractive for both in-situ and ex-situ applications as it is an excellent 

adsorbent for a variety of inorganic and organic contaminants. The immobilization of pollutants through 

sorption is one of the most commonly applied techniques in remediation and biochar could act as a low-cost 

and easily available alternative for materials such as, for example, commercial activated carbon in water 

treatment (ex-situ) or soil amendments used to stabilize contaminants in sediments or soils (in-situ).  
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Additional to its immobilization potential, biochar shows a number of agronomic benefits when applied to soil, 

for example improved soil properties (Xie et al., 2016) and crop yields (Kumar et al., 2018), enhanced microbial 

activity (Palansooriya et al., 2019a), and improved plant health (Kumar et al., 2018). This gives the unique 

opportunity to potentially improve remediation efforts, for example by boosting phytoremediation of heavy 

metals (Paz-Ferreiro et al., 2014) or enhancing the microbial degradation of organic contaminants (Zhu et al., 

2017). One seemingly easy option to reduce environmental pollution is to minimize the release of untreated 

wastewater or sewage, as well as urban runoff. In this context, biochar has the potential to decrease pollutant 

loads in these waters, by incorporating it into on-site wastewater treatment (Dalahmeh et al., 2019) and sewage 

filter systems (Nguyen et al., 2020), and low impact developments (Mohanty et al., 2018) or bioreactors for 

stormwater treatment (Ashoori et al., 2019).  

All above mentioned biochar applications have one aspect in common: a detailed knowledge of the adsorption- 

and remobilization-behavior of the target pollutants on biochar is essential for its safe and effective use. 

Several researchers have worked on expanding the knowledge on the relevant processes over the last two 

decades. When looking at the number of scientific articles published in this time-period, it is evident that the 

interest in biochar-related topics is continuously growing (Figure 1). Since 2010, the fraction of articles listed in 

the Web of Science Core Collection that deal with biochar-related topics is rising exponentially (purple data set). 

Among these articles, the sub-topics “soil” (blue), “sorption” (yellow), and “remediation” (red) are among the 

most popular ones. This indicates that the application of biochar in environmental remediation is an emerging 

field of research that is continuously growing. 

 

Figure 1: Bibliometric analysis of trends related to selected environmental topics in the biochar research domain. 

The terms were searched in the “Topic” field of the Web of Science Core Collection. The obtained number of 

items found per year was divided by the total number of items published in that year for normalization. The 

resulting fractions (points) were complemented by the absolute number of items in that year (black labels). 

More details on the search strategy and search terms used are available in Appendix A1. 
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1.2. Study aims and thesis outline 

Although there is an undeniably large body of literature on biochar properties and its function in the 

environment, its influence on contaminant sorption behavior (e.g., Ahmad et al., 2014b), and its application in 

water and wastewater treatment (e.g., Inyang and Dickenson, 2015) as well as in soil remediation (e.g., Beesley 

et al., 2011), there are still several questions that remain unanswered. In order to safely apply biochar in 

pollution control and environmental remediation technologies, it is vital to understand the underlying 

mechanisms that govern both the adsorption and remobilization of contaminants.  

The overall aim of this thesis is to expand the knowledge on biochar-pollutant interaction and develop a better 

understanding of the underlying mechanisms that drive the sorption and remobilization of organic compounds 

on biochar. To achieve this, different laboratory experiments were conducted that are presented in the three 

core chapters (chapters 3, 4, and 5) of this thesis and can be summarized as follows: 

 Chapter 3: Single compound and bi-solute sorption experiments of organic contaminants on biochars 

prepared from three different feedstocks, in order to explore driving sorption mechanisms depending 

on biochar properties and the effects of competitive sorption. 

 Chapter 4: Leaching of biochars and its effect on sorption mechanisms to explore long-term release 

behavior and resulting changes in sorption performance. 

 Chapter 5: Accelerated extraction experiments with pre-loaded biochars to study remobilization 

behavior of organic contaminants depending on biochar properties. 

Preceding to these three core-chapters describing original research, chapter 2 provides a general overview on 

biochar research and gives a theoretical background on the topic of sorption. The final chapter 6 presents an 

overall conclusion and highlights implications for future research in the biochar field. 
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2. Theoretical background 

2.1. Biochar: A definition and historical considerations 

Biochar is a form of pyrogenic carbon that is intentionally produced through the thermochemical conversion of 

biomass. Lehmann and Joseph (2009) define biochar as a “carbon-rich product obtained when biomass, such as 

wood, manure or leaves, is heated in a closed container with little or no available air”. They put special emphasis 

on the fact that biochar is intended to be applied to soil to improve its quality and sequester carbon (Lehmann 

and Joseph, 2009). Although this definition is widely accepted, a variety of descriptions appear in the published 

literature and reflect biochar’s overall complex nature and range of possible applications (Ahmad et al., 2014b; 

Ok et al., 2015). In 2015, the International Biochar Initiative (IBI) introduced a broader definition, calling biochar 

“a solid material obtained from the thermochemical conversion of biomass in an oxygen-limited environment” 

(IBI, 2015) with a variety of possible applications, including remediation and protection against environmental 

pollution. 

Considering its porous nature, chemical composition, and atomic structure, biochar is similar to activated carbon 

and charcoal. Although all three materials are produced through the thermochemical conversion of biomass, 

their intrinsic history and originally intended applications are distinct (Hagemann et al., 2018).  

Activated carbon is a highly-porous form of carbon that is produced at relatively high temperature (> 700°C) 

and treated after production to “activate” its surface (Pignatello, 2013). Common feedstock materials include 

coal, peat, wood, coconut or nut shells, or synthetic polymers (Çeçen and Aktas, 2011; Chen et al., 2011). 

Activation after pyrolysis is usually done by thermal or chemical treatment, with the goal of removing impurities, 

oxidizing the surface, and enhancing its sorptive properties (Bansal and Goyal, 2005; Çeçen and Aktas, 2011). 

Today, activated carbon is extensively used in water treatment and environmental pollution control, as well as 

in general liquid and gas phase purification (Bansal and Goyal, 2005). 

Charcoal is mostly produced from wood and is historically used as fuel and for industrial purposes (Hagemann 

et al., 2018; Ok et al., 2018). However, its application as a soil amendment also dates back several centuries 

(Glaser, 2006) and represents a close link to today’s biochar research. 

Modern-day biochar research arose from the discovery of the highly fertile “Terra Preta di indo” soils in the 

Amazonian basin (Schimmelpfennig and Glaser, 2012). Several studies reported the occurrence of charred 

materials or charcoal in these soils (e.g., Sombroek et al., 1993; Glaser et al., 2001). Glaser et al. (2001) suggested 

that it originates from the “enrichment with black carbon from residues of incomplete burning produced by the 

early Amerindian population” (Glaser et al., 2001), and was intentionally added as a soil amendment (Glaser et 

al., 2002). This pyrogenic carbon is chemically and biologically recalcitrant, and is assumed to be stable in the 

environment over centuries because of its aromatic structure (Glaser et al., 2002). These findings sparked great 

interest in soil-charcoal-interaction, and specifically in charcoal (later called biochar) as a soil amendment for 

sustainable agriculture. The term biochar seemed to first appear in the literature in 1998 (Bapat and Manahan, 
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1998) describing the solid residual of biomass pyrolysis. However, Lehmann et al. (2006) were the first to 

systematically introduce the concept of biochar as a soil amendment for carbon sequestration in terrestrial 

ecosystems and thereby shaped the understanding of biochar as it is mostly referred to in recent literature. 

Despite their different applications and (historic) definitions, it is evident that a distinct differentiation between 

pyrogenic carbon materials is challenging (Hagemann et al., 2018). This is also apparent in the rapidly growing 

field of biochar research (see Figure 1 and also Wu et al., 2019), where different research domains increasingly 

overlap. Examples for this overlap are studies on biochar as a precursor of activated carbon (Tan et al., 2017), 

biochar as an alternative solid fuel source (Yadav et al., 2019), or biochar in functional material development 

(Liu et al., 2015; Huang et al., 2019). 

 

2.2. Biochar production 

As mentioned above, biochar is produced by a controlled pyrolysis process in an oxygen-free atmosphere at 

moderate temperatures (< 700°C; Lehmann and Joseph, 2009; Pignatello, 2013). Besides biochar as the solid 

product, pyrolysis also produces bio-oil and syn-gas. The proportions of these three products and the properties 

of the resulting biochar strongly depend on the chosen pyrolysis process and its conditions, i.e., temperature, 

heating rate, holding time, as well as the feedstock material (e.g., Ahmad et al., 2014b; Zhang et al., 2019).  

Generally, biochar can be produced via different forms of pyrolysis, including slow pyrolysis, fast pyrolysis, flash 

pyrolysis, and pyrolytic gasification (Manyà, 2012; Liu et al., 2015). 

Slow pyrolysis, the traditional carbonization method, is characterized by low heating rates and long vapor 

residence times (Manyà, 2012). With a yield of 35-50 %, it shows a high biochar production efficiency (Liu et al., 

2015) and is usually the preferred method for producing biochar. In contrast, fast pyrolysis with high heating 

rates and much shorter residence times favors the formation of bio-oil and therefore shows much lower biochar 

yields (Liu et al., 2015) (see Figure 2). Flash pyrolysis, developed by Antal et al. (2003), produces biochar utilizing 

a flash fire in a pressurized packed bed of biomass. It promises very fast reaction times (< 30 minutes) and a high 

fixed-carbon yield in the produced biochar (Antal et al., 2003). 

According to Mohan et al. (2011) gasification should be differentiated from pyrolysis, because the biomass is 

intentionally reacted with air or steam as an oxidizing agent at high temperatures (Mohan et al., 2014). This 

method is designed to produce syn-gas as the main product and therefore its biochar yield is only about 10 % 

(Zhang et al., 2019). 

Moreover, techniques such as torrefaction and hydrothermal carbonization are reported in the biochar context. 

Torrefaction is performed at relatively mild temperatures (around 290°C, Zhang et al., 2019) and is therefore 

also called mild pyrolysis (Kambo and Dutta, 2015). It is mainly applied to produce (bio)char with increased 

heating value and combustion characteristics (Chen et al., 2015). Therefore, it gained increasing attention in the 
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bioenergy field. Torrefaction represents the beginning of the pyrolysis process, hence its product represents an 

in-between stage of the original biomass and biochar (Kambo and Dutta, 2015). 

 

Figure 2: Two modes of pyrolysis commonly applied in biochar production (fast and slow pyrolysis) and their 

typical product distributions (biochar, syn-gas, and bio-oil) (modified after Al-Wabel et al., 2018).  

 
In the process of hydrothermal carbonization, the solid feedstock material is submerged in water and heated in 

a closed container (at 180-260°C) under pressure (e.g., Libra et al., 2011; Kambo and Dutta, 2015). It produces a 

char-water-slurry that is further dried and filtered to yield “hydrochar” as the final product (Kambo and Dutta, 

2015). Hydrochar differs from biochar in important properties like the arrangement of the aromatic structure 

and its elemental composition. This is owed to the different reaction mechanisms during the decomposition 

process of the biomass (e.g., Libra et al., 2011; Taskin et al., 2019). 

 

2.3. Biochar feedstock and pyrolysis mechanisms 

Most biochars are produced from lignocellulosic biomass, like different types of wood (e.g., pine, bamboo, 

spruce, poplar, hickory) and plants, agricultural wastes (e.g., almond or pecan shells, wheat straw, cottonseed 

hull, corn stover, rice husk), and weeds (e.g., buffalo weed), but also bagasse, for example from sugar cane or 

orange pomace. Recently, also non-lignocellulosic biomass has gained increasing attention, due to its unique 

structure and chemical composition (Li and Jiang, 2017). This includes, for instance, various types of manure and 

litter, sewage sludge, algae, or bones (Li and Jiang, 2017). A selection of typical feedstocks is also listed in 

Figure 2. 

Most precursory biomass is a combination of cellulose, hemicellulose, and lignin, together with some organic 

extractives (e.g., fatty acids, proteins) and mineral matter (Brown, 2009). During the pyrolysis process, these 

components undergo a series of thermochemical reactions, each at different rates and under different 

temperature regimes (e.g., Liu et al., 2015; Zhang et al., 2019). Despite a lot of research on different pyrolysis 

techniques, these reaction mechanisms are only partially understood because of the wide variety of possible 

feedstock materials (Libra et al., 2011) and their unique compositions.  
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Studies by Yang et al. (2006a) and Yang et al. (2007) investigated the pyrolysis behavior of the three major 

biomass components cellulose, hemicellulose, and lignin. By utilizing thermogravimetric analysis of the pure 

synthetic compounds, they revealed that these three main components decompose in specific temperature 

regimes. Hemicellulose decomposes between 220 and 315°C, whereas cellulose decomposition mainly occurs 

between 315 and 400°C. In contrast, lignin does not show a specific temperature window, but rather 

decomposes slowly over a wide temperature range (150-900°C).  

Liu et al. (2015) and Zhang et al. (2019) summarized the main processes involved in the decomposition of 

cellulose and hemicellulose: dehydration, depolymerization, decarboxylation, aromatization, and 

intramolecular condensation. For lignin, the so-called “free radical reaction” is proposed as the main 

decomposition pathway (e.g., Kosa et al., 2011; Cho et al., 2012; Chu et al., 2013), however exact mechanisms 

are still partly unclear (Liu et al., 2015). All reaction mechanisms occur simultaneously during the pyrolysis 

process and can be influenced by the interaction between the different biomass components (Wang et al., 2011) 

or affected by inherent mineral species (Hu et al., 2015). 

Generally, biochar formation and all related mechanisms are controlled by a number of variables in the pyrolysis 

process, like the pyrolysis peak temperature, heating rate, vapor residence time, and type of reactor used (e.g., 

Cha et al., 2016; Zhang et al., 2019).  

These parameters together with the feedstock material are the main factors influencing biochar yield and 

physicochemical properties. As detailed in the previous paragraphs, temperature is a main factor controlling the 

degradation process of biomass. Increasing the pyrolysis temperature usually results in reduced biochar yield, 

nutrient content, cation exchange capacity, and extractable cations (Ronsse et al., 2013). It also leads to 

increased biochar pH, structural aromatization, specific surface area, porosity, ash, and fixed carbon content 

(e.g., Uchimiya et al., 2011; Suliman et al., 2016). Further, the amount of surface functional groups tends to 

decrease with increasing pyrolysis temperature (Suliman et al., 2016). However, these trends can significantly 

vary, depending on feedstock material, as the development of biochar properties is a complicated interplay of 

biomass composition and the production conditions applied in the pyrolysis process.  

 

2.4. Biochar molecular structure 

Biochar is a complex, multi-phase material and, as mentioned previously, its structure is highly variable, 

depending on the composition of the feedstock material and the different production conditions (e.g., Gwenzi 

et al., 2017). Lu et al. (2020) described biochar “(…) as a super complex which contains various molecular weight 

compounds connected which different strength of chemical bonds”.  

Generally, biochar’s structure can be divided into three main phases, the amorphous organic phase, the 

carbonized organic phase, and the inorganic (mineral) phase. In biochar, these main phases are usually 

intimately interlaced and a differentiation is rather challenging (Xiao et al., 2018). The distribution of these main 
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phases is strongly dependent on the relative distribution of cellulose, hemicellulose, and lignin in the original 

feedstock material (Zhang et al., 2019), as well as on the pyrolysis conditions. 

The major elements building the organic phase that can be considered the skeleton of biochar are carbon, 

hydrogen, and oxygen (Lu et al., 2020). Carbon as the most abundant element in the organic phase, can form 

aliphatic and aromatic structures, or be incorporated in surface functional groups. With increasing temperature 

during pyrolysis, the organic carbon phase transitions from its original, crystalline form (as present in cellulose, 

hemicellulose, and lignin) towards aliphatic carbon and further towards increasingly aromatic composition (Xu 

and Chen, 2013). Similar to carbon, hydrogen can be incorporated in aliphatic and aromatic structures, or be 

present in functionalized form (Xiao et al., 2018). With increasing pyrolysis temperature, hydrogen as well as 

oxygen are lost as volatile products through dehydration and depolymerization of the biomass (Keiluweit et al., 

2010). Oxygen tends to redistribute from the interior of the biochar towards its surface at temperatures of about 

300 to 400°C (Lian and Xing, 2017). In the organic phase, oxygen is mostly attached to carbon, building a variety 

of surface functional groups (Xiao et al., 2018). These surface functionalities can dissociate and act as electron 

donors or acceptors, making them highly important for biochar’s reactivity in the environment (see 

section 2.5.6). 

Keiluweit et al. (2010) proposed a dynamic molecular model with four characteristic stages, which illustrates the 

transformation of the organic phase along a temperature gradient during the formation of wood- and grass- 

derived chars (Figure 3):  

 Stage 1: “Transition char” - initial volatile dissociation products are forming an amorphous center, but 

most of the crystalline structure of the feedstock material is still intact. 

 Stage 2: “Amorphous char” - heat-altered aliphatic elements and initial small aromatic units build a 

randomly mixed amorphous carbon phase.  

 Stage 3: “Composite char” - poorly-ordered, stacked graphene sheets (turbostratic crystallites) are 

mixed in an amorphous matrix composed of aliphatic and oxygen-containing components. 

 Stage 4: “Turbostratic char” - all amorphous carbon is converted into aromatic rings, building 

increasingly ordered turbostratic crystallites.  

This dynamic molecular evolution leads to the development of diverse biochar properties, depending on 

feedstock composition and pyrolysis conditions (Kleber et al., 2015).  
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Figure 3: Evolution of the molecular structure of plant biomass-derived biochar along a charring gradient and 

schematic representation of the four proposed char categories/stages with their physical and chemical 

characteristics (modified after Keiluweit et al., 2010). 

 
Additional to the organic phase, biochar contains an inorganic fraction that is closely interlaced with the carbon 

structure (Xiao et al., 2018). It influences and interacts with the organic phase of the biochar, for example by 

influencing the pyrolytic behavior of biomass (Vijayaraghavan, 2021 and references therein). The inorganic 

elements can either exist as amorphous or crystalline structures scattered on the surface or in pores, or be 

associated with the surface functional groups (Wang et al., 2015). This fraction is usually called the ash or mineral 

content and its composition strongly depends on feedstock material and pyrolysis conditions (refer to 

section 2.5.3.).  

 

2.5. Biochar properties 

The physical and chemical properties of biochar play an important role in its function in the environment and 

are crucial for its application. As highlighted in the previous section, biochar is a multi-phase material with a 

complex molecular structure and its properties are highly variable depending on multiple factors, i.e., feedstock 

material and processing conditions.  

The following section presents a selection of biochar properties that are important for its function in 

environmental applications and an overview of typical measurement techniques. This is not an exhaustive list, 

but rather highlights a selection of characteristics that are deemed important in biochar-pollutant interaction. 

Although the properties are presented as individual characteristics, one has to keep in mind that most of these 

properties are interrelated and influence each other. 
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2.5.1. Bulk elemental composition 

One of the fundamental characteristics of biochar is its bulk elemental composition, comprised of the amounts 

of carbon (C), hydrogen (H), oxygen (O), nitrogen (N), and sulfur (S) in the sample. These elements are usually 

determined with an elemental analyzer by dry combustion and reported in percent [%] on dry weight basis. In 

most biochars, C is the most abundant element. However, its amount varies from as low as 15 % for manure and 

sewage sludge biochars (Lu et al., 2013) to about 90 % in biochars prepared from wood (Mukome et al., 2013). 

Considering the pyrolysis temperature, biochar C content usually increases with increasing production 

temperature (Suliman et al., 2016). The remaining elements (H, O, N, and S) are usually less abundant, whereby 

O, N, and S are mostly present in the form of a variety of surface functional groups (see section 2.5.6). The 

amount of O and H usually decreases with increasing production temperature (Keiluweit et al., 2010), whereas 

the trend for N is less consistent (Xie et al., 2015).  

Although the elements are often reported as bulk fractions, one has to keep in mind that they occur in different 

molecular forms in biochar, having different functions in the overall structure (see section 2.4). While the bulk 

elemental composition does not consider this functionality, it is still a useful tool as it is easy to measure and 

allows to gain some basic understanding of the material. 

2.5.2. Molar elemental ratios 

The molecular properties of biochar can be approximated by calculating typical molar elemental ratios that are 

based on the bulk elemental composition (see section 2.5.1). The aromaticity ratio H/C is a measure of the 

amount of C=C bonds (Leng et al., 2019) and therefore allows to estimate the degree of carbonization of the 

biochar (high ratio represents low aromaticity). The O/C ratio as a measure of hydrophobicity is also frequently 

reported (high ratio represents low hydrophobicity). Both H/C and O/C ratios usually decrease with increasing 

pyrolysis temperature as a result of dehydration and depolymerization and the development of a more 

condensed biochar structure (Keiluweit et al., 2010). Additionally, the polarity ratio (O+N)/C is often reported as 

a proxy for the abundance of oxygen-containing functional groups (high ratio suggest high polarity and abundant 

functional groups). It usually shows decreasing values with increasing production temperature, as functional 

groups are continuously lost during pyrolysis (Suliman et al., 2016). 

2.5.3. Ash content 

Beside the elements reported in the bulk composition, biochar contains other mineral elements, which can be 

summarized as the so-called “ash content”. It is determined gravimetrically after decomposition of the organic 

portion of the sample, usually in a muffle furnace at 750°C, and reported in percent [%] of total dry mass. 

Generally, biochars produced from plant materials yield distinctly less ash compared to biochars derived from 

sludge or manure (Mukome et al., 2013; Zhao et al., 2013a). Biochars produced at higher pyrolysis temperatures 

often yield more ash (Cao and Harris, 2010), as mineral species concentrate while large parts of the organic 
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portion are lost through volatilization during pyrolysis (Xu et al., 2017). The ash content is an important fraction, 

as it influences other biochar properties, like biochar pH, surface chemistry, and porosity (Xu et al., 2017). It also 

determines the nutrient value of biochar, as it can contain soluble nutrients like potassium (K), magnesium (Mg), 

or manganese (Mn) that can be released into the soil. 

Therefore, besides the amount of ash, its composition is also of interest. It is usually measured by ICP-AES or 

ICP-MS after dry ashing and wet digestion (using different acids or hydrogen-peroxide) of the sample and 

reported by weight [mg g-1 or mg kg-1] or percent [%] of element of the dry mass. Besides digestion methods, 

also X-ray fluorescence (XRF) analysis is commonly applied for elemental analysis. Biochars can contain a variety 

of elements including alkali metals (K and Na) and alkaline earth metals (Ca and Mg), and a variety of trace 

elements including different heavy metals (Mn, Fe, Cr, etc.). The ash composition is highly variable and depends 

mostly on the elements in the feedstock and only moderately on the pyrolysis temperature (Zhao et al., 2013a). 

Liu et al. (2015) showed that biochars produced from wood-based biomass contain significantly lower inorganic 

matter compared to biochars derived from herbaceous or hydrophyte biomass, and Zhao et al. (2013a) 

highlighted that plant-residue-derived biochars contain less minerals compared to sludge- or manure-derived 

biochars. 

Besides total element determination, X-ray diffraction (XRD) is often applied to determine discrete mineral 

species. Typical minerals in biochar include, but are not limited to, quartz, carbonates, phosphates, sulfates, 

sylvite, or other potassium salts (e.g., Yuan et al., 2011; Prakongkep et al., 2015). With increasing pyrolysis 

temperature, mineral elements in biochar tend to become more crystallized (Yuan et al., 2011), significantly 

affecting their solubility, which usually decreases with increasing temperature (Xu et al., 2017). 

2.5.4. Specific surface area, pore volume, and pore size distribution 

The specific surface area of biochars is usually determined by gas adsorption and reported in [m² g-1]. Besides 

the specific surface area, the pore volume and its distribution among the different pore sizes is equally 

important. The total pore volume and the micropore volume are also derived from gas sorption measurements 

and both reported in [cm³ g-1]. According to the recommendations of the International Union of Pure and 

Applied Chemistry (IUPAC), pores are classified into three groups by their respective size: Micropores with a 

diameter < 2 nm, mesopores with a diameter of 2 - 50 nm, and macropores > 50 nm (Sing et al., 1985). Their 

distribution is displayed in a plot of the size-weighted pore volume [cm³ (g nm)-1] or the incremental pore volume 

[cm³ g-1] against the pore width [nm]. 

The traditional and widely used method to measure surface area, pore volume, and pore size distribution of 

porous samples has been nitrogen (N2) adsorption at 77K (Thommes and Cychosz, 2014). However, in recent 

years the application of other probing gasses like krypton (Kr at 77K), carbon dioxide (CO2 at 273K), or argon (Ar 

at 87K) has gained increasing attention. Kr is only utilized for samples with very low surface area and rarely 

applied in biochar studies. By contrast, CO2 sorption (at 237K) attracted attention in the biochar community 
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(Igalavithana et al., 2018), because it allows to characterize very narrow micropores as small as 0.4 nm in width. 

Further, diffusion of CO2 (at 273K) into the pores is much faster compared to N2 or Ar (at cryogenic temperature) 

enabling much shorter measurement times. Despite these advantages, measurements performed with CO2 at 

273K only cover a maximum pore size of 1 nm (Thommes et al., 2015), requiring a complementary analysis with 

N2 or Ar to achieve full sample characterization. Additionally, several studies have reported that because of their 

large quadrupole moment, both CO2 and N2 are prone to exhibit specific interactions with surface functional 

groups (Thommes and Cychosz, 2014; Thommes et al., 2015). This impacts the micropore filling pressure 

resulting in incorrect pore size distributions. Therefore, a recent IUPAC report recommends Ar at 87K for the 

pore size analysis of microporous solids with polar functional groups (Thommes et al., 2015), which includes 

biochars (e.g., Xiao et al., 2018) as well as activated carbons (e.g., Heidarinejad et al., 2020). 

In general, it is important to keep in mind that the results obtained with different probing gases are not readily 

interchangeable as they target different pore size ranges and therefore data comparison should be done with 

great care. Pituello et al. (2015) characterized 20 different biochars with both N2 and CO2 gas sorption, revealing 

that values obtained with CO2 can be more than 200-fold higher compared to values from N2 measurements.  

The specific surface area and pore volume of biochars is highly variable. Values measured by N2 sorption range 

from as low as 0.5 m² g-1 for poultry litter biochar (Pituello et al., 2015) to over 600 m² g-1 for biochar produced 

from pine wood (Chen et al., 2017).  

Thereby, both feedstock and pyrolysis temperature have significant influence on the development of surface 

area and porosity (Aller, 2016). Generally, surface area and pore volume increase when the pyrolysis 

temperature increases (Chia et al., 2015; Weber and Quicker, 2018). Keiluweit et al. (2010) attributed the rise in 

N2 surface area at high temperatures to the lateral growth of graphene sheets during the conversion of 

amorphous carbon to graphitic crystallites (see Figure 3). Because the resulting graphene sheets are significantly 

denser, this phase transition leads to the development of small pores, especially in the micro- and nanopore 

range (Keiluweit et al., 2010), where the majority of biochar surface area is located (Pignatello, 2013). However, 

some studies observed a decrease in surface area at very high pyrolysis temperatures. Brown et al. (2006) 

produced biochars from pine wood at temperatures from 450 to 1,000°C and found the highest surface area at 

750°C. Weber and Quicker (2016) concluded that the maximum surface area is usually reached between 650 

and 850°C, depending on feedstock material and heating rate. Chia et al. (2015) hypothesized that this is the 

result of the collapse of some parts of the biochar pore structure at high temperatures. Fu et al. (2012) suggested 

structural ordering, pore widening, coalescence of neighboring pores, or pore blocking as possible reasons for 

reduced porosity in high temperature chars. A data set compiled by Ippolito et al. (2020) in the course of a meta-

analysis illustrates the trend of increasing biochar surface area with increasing pyrolysis temperature (Figure 4). 

It also indicates the decrease of surface area at very high temperatures, however only supported by a small 

number of data points. 
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Figure 4: Exemplary data illustrating the increasing trend of specific surface area (left) and pH (right) of biochars 

with increasing pyrolysis temperature. Note the apparent decrease of surface area at very high temperatures, 

however only supported by a small number of data points. Data compiled and kindly provided by Ippolito et al. 

(2020). 

 
Generally, biochars produced from wood exhibit larger surface area and porosity compared to other feedstock 

types (Ippolito et al., 2020). Lima et al. (2010) and Zhao et al. (2013a) attributed differences in structural 

properties to varying proportions of hemicelluloses, cellulose, and lignin in the precursory materials. Biochars 

produced from manure often feature lower porosity and surface area (Ippolito et al., 2020), probably because 

of their higher initial ash content (Tomczyk et al., 2020).  

Surface area and porosity are among the most important properties that influence the ability of biochar to 

adsorb organic compounds (Ahmad et al., 2014b). Further, studies have also shown that high porosity biochar 

can increase the field capacity and plant-available water in coarse-grained soils (Wang et al., 2019).  

2.5.5. pH and electrical conductivity 

Two basic yet important properties are the pH and the electrical conductivity (EC) of biochars. Both pH and EC, 

the latter reported in [µS cm-1], are usually measured in aqueous extracts obtained at a defined biochar to water 

ratio (often a 1:10 or 1:50 ratio). Most biochars are basic in nature (pH > 7), making them a valuable option for 

ameliorating soil acidity (Wan et al., 2014). Their pH is influenced by two different factors, being the amount of 

soluble salts (e.g., carbonates) in the ash content and the presence of oxygen-containing functional groups 

(Mukome et al., 2013), which can donate protons into solution. Biochar pH tends to increase with increasing 

pyrolysis temperature (e.g., Li et al., 2017; Ippolito et al., 2020), which likely is due to the loss of acidic functional 

groups and the formation of carbonate mineral phases (Cao and Harris, 2010; Ippolito et al., 2020). Figure 4 

displays a data set collected by Ippolito et al. (2020) for a meta-analysis that nicely illustrates this trend. The EC 

of biochars can vary from only a few µS cm-1 to several mS cm-1. It is a measure of soluble ions in the sample and 

therefore mostly influenced by the amount and nature of the ash content. 
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Both, pH and EC are mostly important for the agricultural application of biochar, for example as an indicator of 

their nutrient value or their applicability as a soil liming agent (Al-Wabel et al., 2018). However, pH and EC are 

also important characteristics that can influence the fate of organic and inorganic contaminants. Examples are 

the influence of biochar pH and EC on the sorption of heavy metals (Thomas et al., 2020) and ionizable organic 

compounds (Sigmund et al., 2016). 

2.5.6. Surface functional groups 

The surface chemistry of biochars is manifold and complex, and is an important property influencing biochars’ 

chemical interaction with the environment. Generally, biochar surfaces can be hydrophilic, hydrophobic, acidic, 

or basic, and their nature strongly depends on feedstock material and production conditions (Amonette, 2009). 

Amongst these, surface functional groups (basic and acidic) are one of the most important surface properties. 

They include, but are not limited to, hydroxyl, epoxy, carboxyl, acyl, carbonyl, ether, ester, amido, sulfonic, and 

azyl groups (Xiao et al., 2018). While there is a large variety of surface functionalities, research has mostly 

focused on oxygen-containing functional groups (phenolic, carboxyl, carbonyl, and ester groups), as they are the 

most abundant type on biochar (Xiao et al., 2018 and references therein). However, recently other functional 

groups, for instance nitrogen-containing functionalities have received increasing attention (e.g., Leng et al., 

2020). 

Surface functionalities can be measured with several chemical or spectroscopic methods. Traditionally, the 

Boehm titration (Boehm et al., 1964) is used to quantify acidic functional groups on black carbon or activated 

carbon, and has also been widely adopted for biochar characterization (Fidel et al., 2013; Tsechansky and Graber, 

2014). It allows the determination of three main groups of functionalities that are determined by their acid 

dissociation constants (pKa values): carboxylic, lactonic, and phenolic. Complementary, there are several 

spectroscopic methods that can identify a variety of surface functionalities. The most commonly applied 

techniques are Fourier transform infra-red spectroscopy (FTIR) and X-ray photoelectron spectroscopy (XPS), but 

also the application of more sophisticated methods like 13C nuclear magnetic resonance (NMR) or near-edge X-

ray adsorption fine structure spectroscopy (NEXAFS) have been reported.  

Under different environmental conditions, surface functional groups can dissociate and act as electron donors 

or acceptors (Xiao et al., 2018 and references therein). Therefore, understanding the nature and behavior of 

biochar functional groups is essential, for example for the retention of charged ions and the influence of biochar 

on nutrient cycling in soil (Al-Wabel et al., 2018 and references therein), or the sorption of metals (Li et al., 2017 

and references therein) and ionizable organic compounds (Kah et al., 2017 and references therein). 

Generally, biochars produced at higher temperatures contain fewer surface functional groups, because O and H 

are increasingly lost from the biochar structure when the pyrolysis temperature increases, and condensation 

occurs (Keiluweit et al., 2010). Further, the type and composition of the feedstock material can have a 

pronounced influence on the nature of surface functionalities (e.g., Antonangelo et al., 2019), which is mainly 
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due to the different decomposition mechanisms of cellulose, hemicellulose, and lignin (Hassan et al., 2020 and 

references therein; see also section 2.3). For example, Qiu et al. (2014) and Wang et al. (2016b) found higher 

surface polarity (O/C and (O + N)/C ratios indicative for polar surface functional groups; see section 2.5.2) for 

animal waste-derived biochars compared to biochars produced from plant residues. Qiu et al. (2014) suggested 

that the higher mineral content in animal waste biochars protects the polar functional groups from being 

removed during the pyrolysis process.  

 

2.6. Biochar application 

Biochar has a wide range of possible applications. As previously discussed, Lehmann et al. (2006) introduced the 

concept that biochar can serve as an amendment to sequester carbon in soils and thereby contribute to climate 

change mitigation. Biochar serves as a carbon sink for atmospheric CO2 that is transferred into the soil system 

and can be stored for long periods of time (Lehmann et al., 2006). Through the conversion of the biomass to 

biochar, its immediate decay is prevented (Woolf et al., 2010), resulting in less greenhouse gas emission into the 

atmosphere. Several researchers also report that biochar application can reduce the release of other 

greenhouse gasses, i.e. N2O (Cayuela et al., 2014) and CH4 (Jeffery et al., 2016). However, the effect of biochar 

on the carbon and nitrogen cycle in soil is not straightforward, as it also seems to depend on soil type and biochar 

properties.  

The agricultural use of biochar is another highly relevant application domain. Biochar amendment not only 

changes soils’ elemental composition by adding organic carbon, but can also alter a variety of other important 

soil properties. By increasing the soil pH and the cation exchange capacity (CEC), biochar can alleviate soil acidity, 

increase the retention and availability of nutrients, and decrease the accessibility of toxic elements to plants 

(e.g., Dai et al., 2017; Kavitha et al., 2018). Additionally, biochar itself can supply essential nutrients like C, N, P, 

and K to low fertility soils (e.g., Faria et al., 2018). Its application can also benefit the soil microbial community 

by providing a viable habitat for bacteria, increase the soil stability, water holding capacity, and soil texture (e.g., 

Anyika et al., 2015; Gul et al., 2015). 

These immediate effects can improve the overall productivity of plants in above ground biomass and crop yield 

(e.g., Graber et al., 2010; Biederman and Harpole, 2013) and increase their resistance to diseases (e.g., Kumar 

et al., 2018). Therefore, biochar is suggested as a valuable tool to restore degraded soils and improve their 

agricultural productivity. 

However, most of the reported benefits can be strongly dependent on factors like biochar type, soil type, and 

also climatic conditions. Several studies are mostly observational, and a more in-depth mechanistic 

understanding is needed to effectively predict biochar behavior in the field. Further, a potential downside of 

biochar application might be a reduced efficacy of pesticides used in agriculture (Nag et al., 2011; Graber et al., 

2012). 
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Despite the reported positive effects of biochar on soils and plants, several researchers have also raised concerns 

with biochar application to agricultural soils. If produced from contaminated feedstock or under uncontrolled 

conditions, biochar can contain high amounts of contaminants, for example heavy metals or polycyclic aromatic 

hydrocarbons (PAHs) (Lian and Xing, 2017). By applying contaminated biochar to soil, contaminants can be 

mobilized into the environment and potentially pose risks to plants and organisms in soil and water (Bastos et 

al., 2014), or even human health (Wang et al., 2018; Liu et al., 2019c).  

Besides its use in agriculture, biochar gained a lot of attention in the soil remediation field. It can be applied to 

soil and act as a sorbent for a variety of contaminants, strongly influencing their fate in the environment (e.g., 

Beesley et al., 2011; Xie et al., 2015). These include heavy metals like arsenic, zinc, chromium, copper, lead, or 

cadmium. Several pot-based laboratory studies have shown that biochar application to contaminated soil can 

immobilize heavy metals and reduce their bioavailability, phytoavailability, and phytotoxicity (e.g., Beesley et 

al., 2010; Karami et al., 2011; Park et al., 2011; Herath et al., 2015). By promoting plant growth, biochar also has 

the potential to enhance the phytoextraction of several heavy metals (Břendová et al., 2015; Gascó et al., 2019). 

Although the majority of studies is laboratory-based, a growing number of plot and field trials have been 

published over the last years, investigating heavy metal fate under different land use and climatic conditions. A 

recent review by O'Connor et al. (2018) concluded that the main influencing factor in reducing heavy metal 

bioavailability is the increase in soil pH after biochar application. However, effectiveness can strongly vary 

depending on site-specific conditions, application period, or biochar type, and the positive effect can decrease 

with time due to biochar aging (O'Connor et al., 2018). Most importantly, the authors found that the majority 

of field trials was undertaken in the humid subtropical regions of China. Therefore, data might be biased towards 

this climatic region (O'Connor et al., 2018).  

Besides heavy metals, the fate of a variety of organic contaminants in soil can be influenced by biochar 

amendment. A variety of laboratory and pot studies suggest that biochar application can enhance the 

immobilization of a wide range of contaminants, for instance, PAHs (Beesley et al., 2010; Gomez-Eyles et al., 

2013), petroleum hydrocarbons, antibiotics such as sulfamethazine (Vithanage et al., 2014) and 

sulfamethoxazole (Srinivasan and Sarmah, 2015), pesticides like atrazine (Cao et al., 2011) and diuron (Yang et 

al., 2006b), chlorinated compounds (Song et al., 2012; Song et al., 2013), and polychlorinated biphenyls (PCBs) 

(Denyes et al., 2012). Biochar can also significantly impact the leaching behavior, bioavailability, and 

bioaccumulation of contaminants (e.g., Yang et al., 2006b; Xu et al., 2012; Rajapaksha et al., 2014). Further, 

some studies suggested that biochar can potentially enhance the natural degradation of contaminants in soil by 

stimulating the growth of degrading soil microorganisms (e.g., Qin et al., 2013; Zhu et al., 2017). However, other 

researchers proposed that immobilization by biochar can decrease degradation, as it limits the availability of the 

compounds for microorganisms (e.g., Zhang et al., 2004; Jones et al., 2011). 

Nevertheless, only a limited number of field studies have been conducted to date. Denyes and colleagues 

conducted two different field trials in soils historically contaminated with PCB (Denyes et al., 2013) and DDT 
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(Denyes et al., 2016), and reported reduced bioavailability for both compounds after biochar application. One 

long-term field study with PAH contaminated soil confirmed that biochar addition can reduce bioaccumulation 

and additionally promote plant growth (Oleszczuk et al., 2017). Gámiz et al. (2016) showed in a field trial with 

artificially spiked soil that biochar application reduces leaching of the fungicides tebuconazole and metalaxyl, 

but slowed down their degradation. Stefaniuk and colleagues applied sewage sludge together with biochar in 

several field experiments and confirmed that the addition of biochar reduces freely available PAHs, their 

leaching and toxicity, and additionally stimulates PAH degradation in the soil (Stefaniuk and Oleszczuk, 2016; 

Stefaniuk et al., 2017; Stefaniuk et al., 2018). In general, more long-term field studies are needed in order to 

understand the multifaced effects that biochar has on both heavy metal and organic contaminant fate in soil, 

especially to understand long-term effects. 

Besides soil remediation, biochar has also been intensively studied for the remediation of contaminated water 

(e.g., Ahmad et al., 2014b; Mohan et al., 2014). A large database of laboratory-based studies confirms that 

biochar can act as a sorbent for a variety of contaminants that may be present in surface water, groundwater, 

drinking-water, or wastewater. Contaminants studied include organic compounds like dyes (e.g., methyl violet 

and methylene blue; Xu et al., 2011; Liu et al., 2012), PAHs (e.g., naphthalene and phenanthrene; Chen and 

Chen, 2009; Qiu et al., 2014), and chlorinated compounds (e.g., trichlorobenzene; Han et al., 2016). In recent 

years, the focus has shifted towards emerging micro-pollutants, like personal care products (e.g., 

sulfamethoxazole and diclofenac; Zheng et al., 2013; Lonappan et al., 2018), agrochemicals (e.g., atrazine, 

simazine, imidacloprid; Zheng et al., 2010; Mandal et al., 2017), and fluorinated compounds (Xiao et al., 2017). 

Studies investigating sorption of inorganic contaminants have intensely focused on the removal of heavy metals 

(Inyang et al., 2016). However, also other inorganic compounds of concern have been studied, including fluoride 

(Mohan et al., 2012), nitrate (Gai et al., 2014), ammonium (Gao et al., 2015), and phosphate (Hollister et al., 

2013). While early studies were more descriptive, over the last decade several sorption mechanisms were 

identified (discussed in detail in section 2.7.1), and studies grew to be more mechanistic in nature. Generally 

speaking, sorption mechanisms for both inorganic and organic compounds are complex, because they depend 

on both the compound of interest and the properties of the utilized biochar.  

Until today, most studies have focused on batch- or small-scale column studies that do not allow direct 

predictions for long-term applications in water treatment, and an understanding of important engineering 

aspects, like relevant process parameters, is still lacking (Palansooriya et al., 2019b). 

Multiple efforts have been made to enable biochar for storm water treatment in low impact developments 

(Reddy et al., 2014; Mohanty et al., 2018), the treatment of drinking and reuse water (Inyang and Dickenson, 

2015; Gwenzi et al., 2017), tertiary wastewater treatment (Huggins et al., 2016; Thompson et al., 2016), as well 

as sewage treatment (Dalahmeh et al., 2018). However, only a very limited number of studies have tested 

biochar in real-world applications for water treatment (Gwenzi et al., 2017). Klasson et al. (2013) successfully 

tested a small-scale column with an activated almond shell biochar for the removal of dibromochloropropane 
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from municipal well water. Kuoppamäki et al. (2019) conducted lysimeter studies to evaluate the impact of 

biochar addition on contaminant retention in artificial biofilter structures, containing sewage sludge-derived 

compost, that are used for stormwater infiltration.  

Besides environmental applications, biochar is gaining increased interest in engineering and material science, 

for example for its use in construction material (Gupta and Kua, 2017), in engineered nano-composites 

(Premarathna et al., 2019), in different functional materials (Liu et al., 2015; Huang et al., 2019), or its application 

as a catalyst (Lyu et al., 2020). This is not an exhaustive list as the research domain around biochar is continuously 

evolving. 

 

2.7. Sorption of organic compounds on carbonaceous materials 

2.7.1. Sorption mechanisms of organic contaminants 

Mechanisms driving the sorption of organic molecules on carbonaceous sorbents are manifold and usually 

depend on both the properties of the sorbent itself and the characteristics of the organic compound. In recent 

years, numerous review papers have summarized important interaction mechanisms of both non-polar and 

ionizable organic compounds with carbonaceous sorbents (e.g., Pignatello, 2011; Kah et al., 2017; Pignatello et 

al., 2017; Tong et al., 2019).  

The following chapter does not aim to provide an in-depth discussion of all possible driving forces, but rather 

highlights some important mechanisms that influence organic contaminant sorption. 

Generally, intermolecular forces that characterize the interaction of the sorbate and the sorbent can be divided 

into three categories: chemisorption, ion exchange, and physisorption (Pignatello, 2011).  

Chemisorption involves the formation of covalent bonds and is generally not considered as a sorption 

mechanism (in a strict sense), as it is irreversible (Kah et al., 2017). However, it has been suggested to play a role 

in ionizable organic compound sorption, for example in the sorption of aniline on carbon nanotubes (Wu et al., 

2013).  

Ion exchange is a significant process in the environmental system and an important interaction mechanism of 

ionizable organic compounds with functionalized carbonaceous sorbents (see section on electrostatic 

interactions below).  

The force most prevalent in hydrophobic organic contaminant sorption is physisorption. It describes the 

formation of weak intermolecular bonds, where the nature of the molecule is preserved. It is in principle 

reversible and may be further subdivided into adsorption and absorption. According to Tong et al. (2019), 

adsorption describes the “attachment” of a molecule to a solid phase, whereas absorption describes the process 

of partitioning into a solid phase and should not be called a “sorption mechanism”. However, several researchers 

include partitioning as a prevalent “interaction or sorption mechanism” between biochar and organic 

compounds and often describe sorption as a combination of a partitioning and adsorption processes (e.g., Chen 
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et al., 2008). Pignatello (2011) noted that per se a distinction between adsorption and absorption is more 

phenomenological and might not always be useful at a molecular scale. 

Dissolution-type sorption or “partitioning” is the historic paradigm of organic compound sorption to natural 

organic matter in soils and sediments (Pignatello, 2011). It can be described as the dissolution of an organic 

compound into the bulk phase (Chefetz and Xing, 2009) or the “intermingling of a molecule within the 

atomic/molecule lattice of a solid” (Pignatello, 2011). Absorption via partitioning is usually concentration-

independent, i.e. linear, described by linear sorption isotherms and can be estimated via empirical equations 

from solubility or KOW data (e.g., Allen-King et al., 2002 and references therein) (see also section on the KOC-KOW 

concept in chapter 2.7.3). In carbonaceous sorbents (e.g., biochar), partitioning usually takes place in the non-

carbonized, amorphous phase that is mostly composed of aliphatic and polyaromatic compounds (Abbas et al., 

2018). In order for the solid phase to accommodate the incoming molecule, a “cavity” needs to be created, 

requiring a sorption free energy depending on parameters such as, for example, molecular size (Pignatello, 2011 

and references therein). 

In contrast, adsorption encompasses a variety of different interaction mechanisms that “act simultaneously and 

additively in combinations appropriate to the structures of the interacting species” (Pignatello, 2011). 

Weak molecular interactions via “London-van der Waals” forces are expected to occur to a certain extent in all 

types of sorptive interaction, although they remain hard to quantify (Kah et al., 2017). They arise when non-

ionic, uncharged molecules interact with uncharged surfaces via permanent or induced dipole-dipole 

interactions (Pignatello, 2011), mostly via dispersion (Schwarzenbach et al., 2003). Together with solvophobic 

effects, also called hydrophobic effects or hydrophobic interactions, they sometimes are referred to as 

“nonspecific or hydrophobic sorption” (Kah et al., 2017).  

As a large part of the surface of carbonaceous materials is hydrophobic in nature (e.g., Pignatello, 2013), one 

might easily conclude that hydrophobicity is the main driving force in organic contaminant sorption. Indeed, the 

so-called “hydrophobic effect” or “hydrophobic interaction” is a phenomenon that is frequently described in the 

literature in the context of hydrophobic contaminant sorption. Pignatello (2011 and 2013) describes the 

hydrophobic effect as “the sum of forces that limit the solubility of a-polar molecules or parts thereof in water” 

and gives a comprehensive overview of its causes. According to Pignatello (2013), the tendency of a-polar 

molecules to “escape” the water phase is not caused by direct repulsion between the hydrophobic molecule 

and the water molecule, nor by any special attractive forces towards the sorbent. It rather is the effect of “the 

disruption of the cohesive energy of water as a result of bringing the a-polar entity into solution” (Pignatello, 

2013). This disruption is the result of the greater ordering of the water molecules and the reduced number of 

water-water hydrogen bonds that exist in the hydration shell that surrounds the hydrophobic, a-polar molecule, 

compared to the bulk water phase (e.g., Pignatello, 2011; Pignatello, 2013; Kronberg, 2016). This causes an 

increased “entropy and/or enthalpy penalty” for the solution of the a-polar molecule in water (Pignatello, 2011). 

This highlights that the “hydrophobic effect” is not driven by intermolecular forces (Tong et al., 2019). Therefore, 
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the often used terms “hydrophobic interaction” or “hydrophobic bonding” are actually not appropriate 

(Pignatello, 2011).  

Although hydrophobic effects certainly contribute to organic compound sorption to a significant extent, several 

studies have demonstrated that it is not the sole cause of sorption. When sorption data were normalized for the 

hydrophobic effect with the aid of the octanol-water coefficient, hexadecane-water coefficient, benzene-water 

coefficient, or the water solubility (e.g., Kleineidam et al., 2002; Zhu and Pignatello, 2005), there still was 

considerable difference in the sorption of different organic compounds. Therefore, other forces than purely 

hydrophobicity clearly contribute to organic compound sorption. 

One important type of interaction between carbonaceous sorbents and organic molecules are π-interactions 

(Pignatello et al., 2017). This mechanism traditionally describes the interaction of the π-electron clouds of two 

arenes with differing π-electron densities (Pignatello, 2013), but can also involve the interaction of the π- cloud 

of one arene with cations, anions, or proton-donor molecules (Pignatello et al., 2017). According to Pignatello 

(2013), the most prominent force in these types of interaction seems “to be attraction between quadrupole 

moments of the opposing ring systems, resulting in a sandwich or parallel-displaced alignment”. In the context 

of carbonaceous sorbents, the polyaromatic or fused rings that form upon carbonization can serve as both 

electron-donors or electron-acceptors (Keiluweit and Kleber, 2009). Zhu and Pignatello (2005) demonstrated π- 

π-interactions between charcoal and π-accepting molecules (nitroaromatic compounds) and π-donating 

molecules (PAHs). Another special type is the π+- π-interaction, where the π- π electron donor-acceptor complex 

is further supported by a cation-π interaction. This was observed, for instance, by Teixidó et al. (2011) as one 

force contributing to the sorption of cationic-sulfamethazine to biochar. Although large efforts were made in 

recent years, the nature of these π-interactions is not fully understood (Pignatello, 2013). 

“Coulombic forces”, also called “electrostatic interactions”, occur between two charged moieties (Tong et al., 

2019). This type of specific interaction can play an important role in the sorption behavior of ionizable organic 

compounds, like organic dyes, pesticides, and pharmaceuticals (Kah et al., 2017). These compounds can interact 

with the (mostly negatively) charged surfaces of functionalized carbonaceous sorbents, like biochar. The surface 

charge mostly originates from the deprotonation of acidic functional groups. Thereby, it is important to note 

that electrostatic interactions can be attractive or repulsive in nature. Xu et al. (2011) observed the electrostatic 

attraction between methyl violet, a cationic dye, and the carboxylate and phenolic hydroxyl groups of biochar. 

Sigmund et al. (2016) suggested that electrostatic repulsion between the dissociated form of aromatic acids and 

deprotonated carboxy groups hindered sorption. As both, the deprotonation of the surface functionalities (and 

therefore the surface charge) and the ionic state or the sorbing compounds are pH-dependent, electrostatic 

interactions are strongly influenced by experimental and environmental conditions, like solution pH and ionic 

strength.  

Another type of specific interaction is the formation of hydrogen (H)-bonds between a hydrogen donor and a 

hydrogen acceptor (Tong et al., 2019). These are usually represented by an electronegative atom (e.g., F, N, or 
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O) and the electropositive center of a functional group (e.g., -OH and -NH) (Kah et al., 2017). As functional groups 

are plentiful on biochar surfaces, the formation of H-bonds is quite likely. Li et al. (2020) have suggested that H-

bonding between (non-ionized) sulfamethoxazole and polar functional groups on biochar contributed to 

sorption. However, ordinary H-bonding remains hard to prove experimentally and only little direct evidence has 

been presented until now (e.g., Kah et al., 2017; Pignatello et al., 2017). Further, in an aqueous environment it 

is likely that bulk water will outcompete solute molecules that are present at a much lower concentration 

(Pignatello, 2013). Therefore, clusters of water molecules forming at polar surface groups can 

thermodynamically block specific sorption sites (Pignatello, 2013). However, Pignatello and co-workers have 

recently presented evidence for a charge-assisted H-bond, which is stronger in nature and is able to outcompete 

water (Pignatello et al., 2017). Studies by Teixidó et al. (2011) and Ni et al. (2011) found this type of interaction 

between weak organic acids (sulfamethazine and allelophatic aromatic acids) and surface carboxylate or 

phenolate groups on biochar. 

An important driving force in organic compounds sorption, which is not technically classified as a sorption 

mechanism as it does not describe attachment (Tong et al., 2019), is (micro)pore-filling. Carbonaceous sorbents 

like biochar exhibit a significant portion of their surface area in meso- and micropores (see section 2.5.4) that 

are highly attractive for sorption. Pelekani and Snoeyink (1999) attributed this to a larger free energy change as 

a result of enhanced adsorption associated with multiple contact points of the adsorbate with the pore walls. 

Therefore, attractive forces are stronger in pores compared to adsorption on a two-dimensional surface. 

Further, sorption increases in smaller pores, because the sorption potentials of the pore walls increasingly 

overlap (Lastoskie et al., 1993) and sorption involves more contact points (Lattao et al., 2014). Pignatello (2013) 

further explained preferential sorption in pores with the lack of a “cavity penalty”, making pore-filling 

thermodynamically more attractive than partitioning. Thereby, it should be noted that molecules can be 

sterically hindered to sorb via pore-filling because of steric effects, like size exclusion (Pignatello, 2013 and 

references therein). Nguyen et al. (2007) identified pore-filling as an important mechanism in aromatic 

hydrocarbon sorption on a natural wood char. They also reported an increase in sorption capacity with 

decreasing molecular diameter (Nguyen et al., 2007), highlighting the importance of steric effects. Further, 

Lattao et al. (2014) found that size exclusion becomes more prominent, when porosity is dominated by small 

micropores. 

Selected sorption mechanisms of organic compounds are illustrated in Figure 5, together with properties of 

carbonaceous sorbents that are considered important in the sorption process. 
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Figure 5: Graphical representation of important biochar properties (in red) and selected sorption mechanisms 

of different organic molecules on carbonaceous sorbents (in blue).  

 

2.7.2. Sorption kinetics 

Sorption kinetics are an important aspect of the overall sorption process. They describe the time-dependent 

sorptive uptake in a solid/solution system until a thermodynamic equilibrium between adsorption and 

desorption is reached. This process can take from only a few seconds to up to several months or even years (e.g., 

Limousin et al., 2007). Generally, the sorption process can be described as a mass transfer of the solute to the 

sorption site, followed by the solute-sorbent interaction (Tong et al., 2019). Weber (1984) proposed the 

following four steps associated with the sorption of molecules in porous sorbents: (1) “Bulk transport” of the 

sorbate in the solution, (2) “film-diffusion” of the sorbate through the immobile water coating surrounding the 

sorbent, (3) “intra-particle or intra-sorbent diffusion” of the sorbate within the porous matrix of the sorbent, 

and (4) “adsorptive-attachment”. A simplified graphical representation is displayed in Figure 6 below. 



 

24 

 

Figure 6: Illustration of sorption kinetics comprising of the four steps (1) bulk transport, (2) film diffusion, (3) 

intra-particle/intra-sorbent diffusion, and (4) sorptive attachment (adapted from Weber, 1984).  

 
In theory, any of these four steps can be rate-limiting, i.e., retarding in the sorption process. Transport in the 

bulk solution is usually rapid, especially in well-controlled laboratory experiments (e.g., due to mixing). 

Therefore, several authors mainly distinguish between diffusion- and reaction-controlled kinetics (e.g., Tong et 

al., 2019). Brusseau et al. (1991) highlighted that specifically for hydrophobic organic compounds the sorption 

process is usually fast and Pignatello (1989) showed that interaction energies involved in physisorption are too 

low to effectively slow down the sorption process. Therefore, the actual sorption process (“sorptive-

attachment”) is not considered rate-limiting for hydrophobic organic compounds. However, it has to be noted 

that this might be the case for ionizable organic compounds containing polar functional groups, like pesticides 

and pharmaceuticals, where specific interactions, for example ion exchange, are of high importance (Ho and 

McKay, 1998). Film-diffusion through the liquid boundary layer surrounding the sorbent can be rate-limiting, 

especially in the fast initial stage of sorption (Brusseau et al., 1989; Pignatello and Xing, 1996 and references 

therein). However, in well-mixed batch systems the concentration gradient controlling diffusion through the 

liquid film is assumed to be low (Tong et al., 2019), making it a non-rate limiting process. This leaves 

intraparticle/intrasorbent diffusion as the main rate-limiting step in hydrophobic contaminant sorption 

(Brusseau et al., 1989). Pignatello and Xing (1996) described this step as diffusion of the molecule in “pores 

within the particle (pore diffusion), and penetrable solid phase (matrix diffusion)”, which well reflects the 

physical and chemical characteristics of carbonaceous sorbents, like biochar. Chen et al. (2012a) found that 

naphthalene sorption rates were strongly dependent on pyrolysis temperature-controlled biochar properties. 
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Biochar produced at low and high temperatures displayed fairly high sorption rates; whereby, biochar produced 

at intermediate temperatures displayed comparably low sorption rates, caused by slow diffusion into highly 

condensed organic partitioning phases (Chen et al., 2012a). Chen et al. (2017) observed decreasing 

carbamazepine sorption rates with increasing degree of carbon condensation in biochar. These findings illustrate 

that sorption kinetics can be strongly influenced by sorbent properties and their characterization is an important 

step in understanding the overall sorption process. 

2.7.3. Sorption isotherms 

When sorption equilibrium is reached in a system, the relationship between the aqueous concentration of a 

compound (CW) and the concentration of the sorbed compound on the solid phase (CS) at a fixed temperature 

can be described with an empirical relationship, called a sorption isotherm. Generally, isotherm models are a 

useful tool to elucidate sorption mechanisms, to compare different sorbates and sorbents to each other, or to 

derive input parameters for environmental fate and transport models (Pignatello, 2013).  

The relationship between CW [mg L-1] and CS [mg kg-1] at any point of the isotherm is defined by the distribution 

coefficient Kd [L kg-1]. 

 =  (Eq. 1) 

If sorption is independent of the aqueous concentration, Kd becomes the partitioning coefficient Kp [L kg-1] and 

sorption can be described by a linear isotherm following Henry’s law: 

 =   (Eq. 2) 

Figure 7 (left panel) shows an example plot of CW versus CS illustrating a linear isotherm with a constant slope 

representing the linear partitioning coefficient Kp. 

 

Figure 7: Illustration of the three most commonly applied adsorption isotherm models: the linear isotherm 

model (Eq. 2), the Langmuir model (Eq. 7), and the Freundlich model (Eq. 9).  

 
In natural environmental materials, like soils and sediments, linear sorption is mostly attributed to the 

partitioning of (hydrophobic) organic compounds into natural organic matter (Chiou et al., 1979; Karickhoff et 

al., 1979). Therefore, the partitioning coefficient Kp is often normalized to the organic matter or more frequently 
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to the organic carbon content of the sorbent (fOC or COrg), resulting in the organic carbon normalized partitioning 

coefficient KOC [L kg-1]: 

 =  (Eq. 3) 

If required, the KOC can be easily converted into the organic matter normalized partitioning coefficient Kom (Olsen 

and Davis, 1990 as cited in Fetter et al., 2017): 

 = 1.724 (Eq. 4) 

The partitioning process of an organic compound between the water and organic matter phase can be treated 

similarly to the partitioning between water and an organic solvent (e.g., Chiou et al., 1982; Allen-King et al., 

2002). This can be described by Raoults’s law (after Schwarzenbach et al., 2003): 

 = 1
 (Eq. 5) 

where γom is the activity coefficient of the solute in the organic matter [-], Vom the molar volume of the organic 

matter [L mol-1], ρom the density of the organic matter [kg L-1], and SW the aqueous solubility of the solute [mg L-1]. 

This equation illustrates that Kom is in theory inversely proportional to the sorbate’s aqueous solubility (Allen-

King et al., 2002) and can be predicted from sorbent and sorbate properties. However, as organic matter is a 

heterogenous material and its properties are mostly not known, empirical equations, known as linear free 

energy relationships (LFERs) are used to estimate KOC values. According to Kleineidam et al. (2002) and Allen-

King et al. (2002), the octanol-water partitioning coefficient KOW is more reliable compared to SW, especially for 

low solubility compounds. Therefore, LFERs are usually relationships between KOC and KOW (after Schwarzenbach 

et al., 2003).  

 log = log +  (Eq. 6) 

In this equation a and b are empirical constants that are dependent on solute properties, as well as on the 

characteristics of the organic matter (Allen-King et al., 2002). Over the last decades, several researchers have 

estimated KOC - KOW correlations from own experimental or previously published data for a variety of organic 

compound classes and different sorbents (e.g., Karickhoff et al., 1979; Chiou et al., 1983; Seth et al., 1999; 

Schwarzenbach et al., 2003). A comprehensive overview can be found in Allen-King et al. (2002) or in textbooks 

by Schwarzenbach et al. (2003) and Fetter et al. (2017). 

While sorption via linear partitioning into organic matter can be well described by the KOC - KOW concept, sorption 

on carbonized sorbents, like biochar, is often found to be more complex and does not follow a linear isotherm. 

Over the last century, a variety of different isotherm models were developed in order to better describe the 

observed non-linear sorption behavior.  
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A popular model that is able to describe non-linear sorption is the Langmuir model (Langmuir, 1918). It was 

developed for the adsorption of gases on solid surfaces (Tran et al., 2017 and references therein), but is also 

frequently applied to describe adsorption from the liquid phase. Its commonly utilized form is given in Eq. 7. 

 , =  1 +   (Eq. 7) 

where CS,0 [mg kg-1] is the maximum saturated monolayer adsorption capacity and KL [L mg-1] is the Langmuir 

coefficient, a constant related to the affinity between the adsorbent and adsorbate. The Langmuir model 

assumes the formation of a monolayer, where adsorption takes place at a fixed number of sorption sites of the 

same affinity and no lateral interaction or steric hindrance between the adsorbed molecules occurs (Foo and 

Hameed, 2010; Tran et al., 2017 and references therein). Graphically, this is represented in the formation of a 

plateau at high concentrations (Figure 7). 

An extension of the Langmuir model is the BET model (Eq. 8), named after their inventors Brunauer, Emmett, 

and Teller (Brunauer et al., 1938). The BET theory takes the possibility of sorption in multiple layers into account. 

It assumes that there is no interaction between each adsorption layer and that the Langmuir theory can be 

applied to each layer (Fetter et al., 2017). 

 =  ,( − ) 1( − 1)  (Eq. 8) 

In the aqueous phase, Csat [mg L-1] is equivalent to the water solubility SW. The BET model is commonly applied 

in the analysis of gas adsorption measurements for the determination of the specific surface area and pore size 

distribution of solid samples (see section 2.5.4).  

 

A third popular model, which is one of the earliest empirical equations developed to describe equilibrium 

sorption on heterogeneous surfaces, is the Freundlich isotherm (Freundlich, 1907; Freundlich, 1909).  

 =   (Eq. 9) 

where KFr [(mg kg-1)/(mg L-1)n] and n [-] are the Freundlich coefficient and Freundlich exponent, respectively 

(Figure 7). The Freundlich model is the first equation describing non-ideal and reversible adsorption that is not 

restricted to monolayer adsorption. Therefore, it is widely applied in studies on organic compound sorption to 

heterogenous sorbents such as activated carbons or molecular sieves (Foo and Hameed, 2010). 

However, Carmo et al. (2000) noted that the use of KFr values for the comparison of sorbates with different 

aqueous solubilities (SW) might be misleading. Therefore, aqueous concentrations can be normalized to the 

water solubility to obtain a unit-equivalent Freundlich coefficient KFr* [mg kg-1] with units that are independent 

of the Freundlich exponent n (Carmo et al., 2000): 

 = ∗   (Eq. 10) 
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The unit-equivalent Freundlich coefficient KFr* can also be calculated from the Freundlich coefficient KFr: 

 ∗ =    (Eq. 11) 

As described previously (see section 2.7.1), several authors found evidence that sorption of organic compounds 

on carbonaceous sorbents follows a pore-filling process (e.g., Nguyen et al., 2007; Chen et al., 2008; Ahmad et 

al., 2013b). This process can be described by Polanyi’s potential theory (Polanyi, 1916) and non-linear sorption 

isotherms can be captured by the Polanyi-Dubinin-Manes model (Allen-King et al., 2002). A commonly applied 

form is given in Eq. 12 (Kleineidam et al., 2002) : 

 =    ⎣⎢⎢
⎢⎡− −

⎦⎥⎥
⎥⎤  (Eq. 12) 

where V0 [cm³ kg-1] is the maximum adsorbed volume of sorbate per unit mass, ρ [g (cm3)-1] the sorbate density, 

E [J mol-1] the characteristic free energy of adsorption, R [J (mol K)-1] the ideal gas constant, and T [K] the absolute 

temperature. To minimize the number of fitting parameters, b [-] is usually set to an integer between 1 and 5 

(Roque-Malherbe, 2000). With b fixed to 2 the Dubinin-Raduskevich equation is obtained (Allen-King et al., 

2002), which is used in the following chapters.  

As biochar is a highly heterogeneous material, sorption can be a combination of several processes. Therefore, a 

combined adsorption-partitioning model was proposed with Kp [L kg-1] being the linear partitioning coefficient 

(Xia and Ball, 1999): 

 =    ⎣⎢⎢
⎢⎡− −

⎦⎥⎥
⎥⎤ +   (Eq. 13) 
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3. Sorption mechanisms of chlorinated hydrocarbons on biochars produced from three different 
feedstock materials 

As highlighted in chapter 2.6, numerous studies have demonstrated that biochar can sorb a wide range of 

organic contaminants. Due to the heterogeneous nature of biochar, sorption mechanisms are complex and often 

follow a combined partitioning-adsorption process (Chen et al., 2008; Chen and Chen, 2009; Chiou et al., 2015; 

Chen et al., 2017). Adsorption mainly takes place in the well carbonized, aromatic structure, whereas 

partitioning can occur in the non-carbonized phase (Chun et al., 2004). Depending on feedstock and pyrolysis 

conditions, biochars can contain a significant fraction of this not fully carbonized portion (Mohan et al., 2014). 

Although several studies have investigated sorption mechanisms of organic compounds on biochars, most 

studies focused on effects of biochar pyrolysis temperature on its sorption ability. With a focus on chlorinated 

hydrocarbons, Ahmad and colleagues investigated buffalo-weed, soybean stover, and pine needle biochars and 

could show that sorption is positively correlated with surface area, hydrophobicity, and pore volume, which are 

properties that are strongly influenced by the pyrolysis temperature (Ahmad et al., 2012; Ahmad et al., 2013a; 

Ahmad et al., 2013b; Ahmad et al., 2014a).  

However, only little attention has been paid to the influence of biochar feedstock materials on sorption 

mechanisms. Especially how feedstock-governed properties influence the distribution of different sorption 

mechanisms, for example partitioning and pore-filling, has only received little attention. Further, how these 

sorption mechanisms are interlinked and modified by the properties of the target compound, for instance 

through the effect of size exclusion, has not been fully understood. 

Another important aspect in sorption studies is the effects that occur when multiple compounds are present in 

the system. Many studies have investigated sorption of organic contaminants in bi-solute systems, including 

experiments with different biochars. Diverse effects were reported, ranging from strong competition between 

compounds (e.g., Schaefer et al., 2000; Sander and Pignatello, 2005a; Wang et al., 2006; Zheng et al., 2010; Jung 

et al., 2015; Wang et al., 2016a) to enhanced sorption of the target compound in the presence of a co-solvent 

(Chen et al., 2012b). Wu et al. (2017) proposed that competition of two pharmaceuticals (ketoprofen and 

triclosan) is weaker in a low-temperature, partitioning-dominated biochar than in biochar produced at higher 

pyrolysis temperature from the same material. However, the effect of biochar feedstock on sorption in bi-solute 

systems has not been explored in detail. Also, most studies focus on isotherm-effects for the primary solute 

while adding the competing compound at a fixed concentration. Therefore, information on concentration-

dependent effects in bi-solute systems are scarce. 

In this chapter, the aim was to (1) study the effects of different biochar feedstocks on the sorption of the two 

model compounds, trichloroethylene (TCE) and tetrachloroethylene (PCE), (2) explore competitive and 

concentration-dependent effects in bi-solute experiments, and (3) determine how sorbent properties influence 

partitioning and adsorption in both systems.  
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3.1. Materials and methods 

3.1.1. Test compounds 

In this thesis, two chlorinated hydrocarbons, TCE and PCE, were selected as model organic contaminants, as they 

are still among the most detected contaminants in soil and groundwater (e.g., Damgaard et al., 2013; Huang et 

al., 2014), especially in industrialized countries. Both compounds were extensively used for metal degreasing, in 

dry cleaning, the textile industry, and in the production of chemicals (ATSDR, 2014; Matteucci et al., 2015; 

ATSDR, 2016) and are therefore of widespread environmental concern. As TCE and PCE have similar physical-

chemical properties and applications, they show a similar environmental fate behavior and are often found 

together on contaminated sites. They are hydrophobic organic molecules and are classified as dense non-

aqueous phase liquids (DNAPL). Both compounds are considered probable human carcinogenic (ATSDR, 2014, 

2016) and are hence of high environmental concern. Selected physical and chemical properties of both 

compounds are listed in Table 1. 

 
Table 1: Selected physical-chemical properties of the investigated compounds TCE and PCE. 

 Molar mass 
[g mol-1] a 

Liquid density ρ 
[g cm-3] a 

Water solubility SW 
[mg L-1] a 

Log KOW 
[-] a, b 

Molar volume 
[cm3 mol-1] c 

Second largest 
dimension [Å] d 

TCE 131.4 1.46 1,093 2.42 90 6.2 

PCE 165.9 1.62 141 2.88 102 6.6 
a 

b 

c 

d 

All properties at 20°C; obtained from Schwarzenbach et al. (2003). 
log KOW represents the octanol-water partitioning coefficient. 
Calculated from molar mass and liquid density. 

Second largest dimension of the molecule as limiting for size exclusion (1 Å = 0.1 nm). Data obtained from Karanfil 
and Dastgheib (2004) and Bembnowska et al. (2003). 

 

3.1.2. Sorbent materials and characterization 

Three biochars produced via slow pyrolysis at 450°C as the highest treatment temperature were used in the 

experiments. They were derived from different feedstock materials - cattle manure (BC-CM), grain husk (BC-

GH), and wood chips (BC-WC). BC-CM was produced at the Volcani Center (Bet Dagan, Israel) in a batch-pyrolysis 

unit under nitrogen atmosphere. BC-GH and BC-WC were supplied by the company Sonnenerde (Austria). 

Additionally to the three biochars, one commercially available powdered activated carbon (AC; Aquasorb G9, 

Jacobi Carbons, Germany) was included as a fully-carbonized, microporous reference. All sorbents were dried 

(105°C) for 24 hours in a drying cabinet and the biochars were ground to a fine powder with a vibratory disk mill 

(Siebtechnik, Germany) before use. 

The ash content was determined gravimetrically after heating (750°C, 6 hours) in a muffle furnace (triplicate 

determination) according to method ASTM D 1762-84 (2013). Elemental composition (C, H, N, and S) was 

determined in duplicates by combustion (1,000°C) in an oxygen stream using an elemental analyzer (vario EL 

cube, Elementar, Germany; analysis performed by Zeta Partikelanalytik, Mainz, Germany). The oxygen content 
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was calculated by mass balance: O = 100 - (C + H + N + S + ash) in weight-% (similar to Kah et al., 2016). Organic 

carbon content (COrg) was measured in triplicate with a carbon analyzer equipped with an infrared detector 

(LiquiTOC II, Elementar, Germany). Molar ratios describing aromaticity (H/C), hydrophobicity (O/C), and polarity 

((O+N)/C) were calculated from bulk elemental composition. 

Specific surface area (SSA), external specific surface area (SSAext), total pore volume (PVtot), micropore volume 

(PVmic), and pore size distribution were determined by argon sorption using a Micromeritics 3Flex sorption 

analyzer (Micromeritics Instrument Co., Norcross, USA) at the Max-Planck-Institut für Kohlenforschung, 

Mülheim, Germany. Prior to the measurement, the samples were outgassed and dehydrated, first at 110°C for 

2 hours followed by 250°C for 9 hours under vacuum. All sorption isotherms were recorded at 87K (temperature 

of liquid argon as cryogen). The SSA was determined from multiple points using the BET model (Brunauer et al., 

1938). The linear data range used for analysis was determined by the method proposed in Rouquerol et al. 

(2007). PVtot was calculated from the adsorbed volume at a relative pressure close to P/P0 = 0.995. PVmic and 

SSAext were determined with the t-plot method using the Statistical Thickness Surface Area (STSA) equation as 

the reference thickness curve. Analysis of pore size distribution and cumulative pore volume was carried out 

using the non-local-density function theory (NLDFT) method with the model for argon adsorption in slit-shaped 

pores on carbon materials at 87K, implemented in the Micromeritics 3Flex software package (Olivier, 1995). 

Argon (at 87K) was chosen as the adsorbate, because it is non-polar and therefore does not suffer from polar 

interactions with the surface functional groups of the microporous sample material (Thommes et al., 2015), as 

detailed in section 2.5.4. 

3.1.3. Batch experiment set-up 

Equilibrium sorption experiments were conducted in 50 mL glass headspace vials with Teflon-lined crimp top 

caps in a 0.01 M NaClO4 aqueous background solution (prepared from NaClO4 monohydrate, CAS 7791-07-3, 

Merck Millipore, Germany) to maintain a constant ionic strength. Appropriate amounts of sorbent 

(0.4 mg - 0.5 g) were added to the vials to achieve a decrease in solute concentrations of 20 to 90 %. Samples 

> 15 mg were weighed on an analytical balance (Ohaus Explorer Pro; precision ± 0.1 mg) directly into the 

headspace vials. Amounts < 15 mg were weighed in tin boats on a micro-balance (Sartorius Micro M 500 P; 

precision ± 0.01 mg) and transferred to the vials. TCE and PCE were spiked dissolved in methanol. The added 

volume never exceeded 0.5 % to exclude co-solvent effects (Nkedi-Kizza et al., 1987). All experiments were run 

in triplicate, accompanied with blank and sorbent-free control samples. 

Vials were placed on a horizontal shaker and agitated for 7 days in the dark under ambient conditions (20°C ± 1). 

Preliminary kinetic experiments had shown that this period is sufficient to reach sorption equilibrium (example 

data shown in Appendix A2, Figure A 1). Aqueous phase concentrations were determined using static headspace 

sampling with gas chromatographic (GC) separation, and flame ionization (FID) or electron capture (ECD) 

detection as detailed in the following section. 
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3.1.4. Analytical conditions for headspace gas chromatography 

Aqueous concentrations of both TCE and PCE were determined via static headspace gas chromatography 

utilizing an Agilent Technologies Gas Chromatograph GC 6890 equipped with a flame ionization detector (FID) 

and an electron capture detector (ECD). Sample separation was achieved using a Zebron ZB-5 column (30 m x 

250 μm x 0.25 μm) connected to the ECD and an Agilent HP-5 column (30 m x 320 μm x 0.25 μm) connected to 

the FID. Depending on sample concentration the appropriate detector was chosen (ECD: 0.05 - 2.5 mg L-1; FID: 

2.5 - 150 mg L-1). An isothermal oven temperature of 120°C and a constant carrier gas flow of 1.5 mL min-1 helium 

was chosen. Both injection ports were operated in split mode and set to 220°C (Split ratio ECD 1:70; FID 1:50). 

The ECD was operated at 280°C and constantly flushed with 60 mL min-1 N2 as a make-up gas. The FID flame was 

run at 150°C with 350 mL min-1 air and 35 mL min-1 H2 flow. For sample application, 250 µL of headspace was 

withdrawn from the sample vials and manually injected using a 500 µL gas-tight glass syringe (Pressure Lock®, 

VICI Precision Sampling, Baton Rouge, Louisiana, USA). All sample concentrations were quantified utilizing 

external standards. 

3.1.5. Data analysis 

For data evaluation, the Freundlich model (Eq. 9), the Polanyi-theory-based pore-filling model (Eq. 12), and the 

combined adsorption-partitioning model (Eq. 13) were fitted to the data obtained from the batch experiments 

(see section 2.7.3). Additionally, the unit-equivalent Freundlich coefficients were calculated according to Eq. 11. 

Sorption coefficients including standard errors and confidence intervals were derived by dynamic curve fitting 

in the software SigmaPlot 12.0 (Sysstat Software Inc., USA). Sorption coefficients of different data sets were 

considered to be significantly different when their 95 % confidence intervals did not overlap. 

Pearson correlation analysis between sorption coefficients, as well as the contribution of partitioning and 

sorbent properties was conducted using the software SigmaStat 4.0 (Sysstat Software Inc., USA). 

 

3.2. Results and discussion 

3.2.1. Sorbent properties 

As all biochars were produced at the same pyrolysis temperature, the results of the sorbent characterization 

show that biochar properties are strongly feedstock-dependent (Table 2).  
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Table 2: Chemical and structural properties of the four sorbents.  

 BC-WC BC-GH BC-CM AC 

C [%] 73.7 55.8 22.7 89.8 

H [%] 2.5 3.3 1.1 2.4 

N [%] 0.5 1.5 1.3 0.6 

S [%] 0.4 0.4 0.7 0.4 

Ash content [%] 12.5 26.6 62.8 4.8 

COrg [%] 68.7 53.7 23.5 84.4 

O [%] a 10.5 12.4 11.4 1.9 

H/C b 0.40 0.71 0.55 0.32 

O/C b 0.11 0.17 0.38 0.02 

(O+N)/C b 0.11 0.19 0.43 0.02 

SSA [m² g-1] c 341 215 6 921 

SSAext [m² g-1] d 58 60 6 n.d. 

PVtot [cm³ g-1] e 0.173 0.136 0.023 0.540 

PVmic [cm³ g-1] f 0.109 0.061 n.d. 0.265 

PVmes [cm³ g-1] g 0.064 0.075 0.023 0.275 

Dmic [nm] h 0.64 0.78 n.d. 0.55; 1.2 

Dmes [nm] h 2.8 2.9 n.d. 2.9 
a 

b 

 

c 

d 

e 

f 

g 

h 

n.d. 

O determined by difference.  
Molar ratios describing aromaticity (H/C), hydrophobicity (O/C), and polarity ((O+N)/C) of the sorbents (ratios 
based on bulk elemental composition).  
Apparent specific surface area (BET method).  
Specific external surface area (t-plot method). 
Total pore volume determined at P/P0=0.995. 
Micropore volume (t-plot method).  
Mesopore volume (PVtot - PVmic).  
Maxima of micropore and mesopore size distribution (NLDFT method).  
Not determined. 

 
BC-CM shows the highest ash content (62.8 %), followed by BC-GH (26.6 %) and BC-WC (12.5 %). This is 

consistent with previous studies, suggesting that wood- and crop-derived biochars show lower ash contents 

than biochars produced from materials like manure or sludge (Mukome et al., 2013; Zhao et al., 2013a). Cao and 

Harris (2010) identified minerals including quartz and calcite in dairy-manure biochar. Other researchers 

attributed the higher ash content in manure and grass biochars to silica from mixed-in soil in the precursory 

material (Mukome et al., 2013). Consequently, BC-CM shows low amounts of total C and COrg in the bulk mass 

(22.7 % and 23.5 %, respectively). BC-WC shows a high C value, as does AC. Due to different feedstock 

composition, biochars produced from animal waste and sewage sludge typically show lower C contents than 

plant-based chars (Cao and Harris, 2010; Qiu et al., 2014; Zielińska et al., 2015; Wang et al., 2016b).  

The molar ratio H/C indicates the degree of carbonization or aromaticity of a sample. Low H/C for AC and BC-

WC suggest high amounts of aromatic carbon structures (Chun et al., 2004). Despite the lower C and higher ash 

content of BC-CM, H/C indicates higher carbonization compared to BC-GH (BC-GH: 0.71; BC-CM: 0.55). Its low 
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aromaticity suggests that more residue of the original organic material is present (Chun et al., 2004; Wang et al., 

2006). The molar O/C and (O+N)/C ratios describe the bulk hydrophobicity and polarity of the sorbents (Chun et 

al., 2004; Chen et al., 2008). The polarity of the sorbents increases with ash content (Sun et al., 2016). BC-CM is 

highly polar ((O+N)/C = 0.43) and shows lower hydrophobicity than plant-derived chars. Its high ash content may 

protect the oxygen-bearing functional groups during pyrolysis (Qiu et al., 2014). These functionalities result in 

low hydrophobicity and high polarity, and facilitate accumulation of water clusters on the biochar surface (Chun 

et al., 2004).  

The SSA and PVtot of all sorbents increase with COrg and C content (p < 0.01; following BC-CM < BC-GH < BC-

WC < AC). BC-GH, BC-WC, and AC show high micropore volume whereas BC-CM lacks micropores. The 

differential pore size distribution (Figure 8) shows that pore volumes in AC, BC-WC, and BC-GH are 

predominantly present in the micropore range (< 2 nm; AC: about 53 %, BC-WC: 61 % and BC-GH: 46 %).  

 

Figure 8: Differential pore size distribution and cumulative pore volume (Cum. PV) of the four sorbents 

determined by argon sorption. The data were analyzed using a NLDFT model for argon in slit-shaped pores. W 

[nm] corresponds to the pore width. 

 
Both plant-based chars show a sharp pore diameter maximum of 0.78 and 0.64 nm for BC-GH and BC-WC, 

respectively. Two maxima are detected in AC at 0.55 and 1.2 nm pore width. Several studies show that feedstock 

strongly influences biochar surface area (e.g., Cao and Harris, 2010; Zhao et al., 2013a), explaining the very high 

variability observed in the samples. Zhao et al. (2013a) hypothesize that varying proportions of hemicellulose, 
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cellulose, and lignin in precursory materials cause differences in pore volume. Further, Lima et al. (2010) state 

that specifically the development of microporosity is feedstock-dependent.  

3.2.2. Single-compound isotherms 

All sorption data are well described by the Freundlich model (r² > 0.95; Table 3 and Figure 9). The linearized 

log KFr values range from 3.29 to 5.05 for TCE, and from 3.19 to 5.40 for PCE. For both contaminants all sorbents 

show significant difference in sorption and rank BC-CM < BC-GH < BC-WC < AC. TCE sorbs as good as or stronger 

than PCE to all biochars, despite TCE’s lower log KOW (see Table 1). In contrast, AC sorbs significantly less TCE 

than PCE, with log KFr being 5.05 and 5.40, respectively.  

 

Figure 9: Single-compound isotherms of TCE (left) and PCE (right) fitted with the Freundlich isotherm model 

(dashed lines) plotted on a log-log scale. Different symbols refer to the four tested sorbents as follows: ▲ AC, 

♦ BC-WC, ● BC-GH, and ■ BC-CM. Data points represent the mean of triplicate samples. All error bars are within 

symbol size. 

 
Table 3: Freundlich isotherm parameters and unit-equivalent Freundlich coefficients of TCE and PCE sorption 

experiments. 

  KFr a 

[(mg kg-1)/(mg L-1)n] 
log KFr a 

[(mg kg-1)/(mg L-1)n] 
n [-] a r² [-] b p [-] b 

log KFr* 

[mg kg-1] c 

TCE BC-WC 33,884 ± 1,796 4.53 0.26 ± 0.02 0.96 < 0.01 5.32 

 BC-GH 14,834 ± 623 4.17 0.32 ± 0.01 0.99 < 0.01 5.15 

 BC-CM 1,934 ± 59 3.29 0.39 ± 0.01 0.99 < 0.01 4.47 

 AC 111,046 ± 4,468 5.05 0.31 ± 0.01 0.99 < 0.01 6.00 

PCE BC-WC 21,182 ± 1,377 4.33 0.33 ± 0.02 0.97 < 0.01 5.03 

 BC-GH 14,409 ± 935 4.16 0.33 ± 0.02 0.97 < 0.01 4.87 

 BC-CM 1,540 ± 110 3.19 0.46 ± 0.02 0.99 < 0.01 4.17 

 AC 250,368 ± 12,929 5.40 0.21 ± 0.01 0.95 < 0.01 5.85 
a 

 

b 

c 

Freundlich coefficients KFr, log KFr (log transformed), and Freundlich exponents n calculated using non-linear curve 
fitting in Sigma Plot after Eq. 9. 
r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot.  
log KFr* calculated form KFr using Eq. 11. 
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The Freundlich exponent n ranges from 0.26 to 0.39 for TCE, and from 0.21 to 0.46 for PCE, showing that sorption 

is highly non-linear in all cases. Both compounds show the strongest nonlinearity for sorption on AC (TCE: 

n = 0.26; PCE: n = 0.21). Regarding biochar sorption, BC-WC shows the lowest and BC-CM the highest n values. 

Log KFr values in previous studies are in a similar range to those reported here. In all cases, sorption of TCE to 

different biochars was found to be nonlinear (Ahmad et al., 2012; Ahmad et al., 2013b; Ahmad et al., 2014a; 

Han et al., 2017). 

 
Sorption mechanisms 

Hydrophobicity, specific interactions, and influence of sorbent properties 

Unit-equivalent Freundlich isotherms (Figure 10 and Table 3) allow to normalize sorption to different water 

solubilities. Sorption isotherms of TCE and PCE on AC “collapse” to a single isotherm (individual isotherms are 

not statistically different), showing that sorption is mainly driven by the compounds’ hydrophobicity. The three 

biochars behave distinctly different. Instead of collapsing, TCE and PCE isotherms show even higher differences 

in sorption (TCE about 2-fold higher than PCE).  

 

Figure 10: Sorption isotherms of TCE (orange) and PCE (blue) normalized to the water solubility SW plotted on a 

log-log scale. Different symbols refer to sorbents as follows: ▲ AC, ♦ BC-WC, ● BC-GH, and ■ BC-CM. Data 

points represent the mean of triplicate samples. All error bars are within symbol size. 

 
This illustrates that sorption of hydrophobic compounds on biochars is not exclusively governed by their 

hydrophobicity. Chen and Chen (2009) attributed differences in isotherms of naphthalene and 1-naphtanol, 

after solubility normalization, to multiple sorption mechanisms, for instance, surface coverage and specific 

interactions. Other authors normalized to the hexadecane-water partitioning coefficient (Kah et al., 2016). They 

hypothesized that size exclusion of larger sorbates causes the differences in sorption isotherms after solubility-

normalization, predominantly in plant-derived chars produced at temperatures above 350°C. However, in this 

study also the manure-derived biochar BC-CM shows a higher log KFr* value for the smaller sorbate 

(log KFr* TCE = 5.1; log KFr* PCE = 4.8), indicating that a combination of multiple sorption mechanisms causes the 

observed differences.  
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Specific interactions are a possible reason for the different sorption behavior of TCE and PCE. Because PCE has 

no active hydrogen atom, it is not able to interact specifically (Borisover and Graber, 1997). TCE however, could 

theoretically participate in hydrogen-bonding (Borisover and Graber, 1997), and therefore interact specifically 

with polar functional groups. All biochars show a relatively high polarity index ((O+N)/C > 0.11), suggesting a 

significant number of functional groups available for specific interactions. 

Figure 11 shows the relationship of the calculated log KFr* to selected sorbent properties.  

 

Figure 11: Relationship between log KFr* of TCE (orange) and PCE (blue) with selected sorbent properties. 

Different symbols refer to sorbents as follows: ▲ AC, ♦ BC-WC, ● BC-GH, and ■ BC-CM. 
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Sorption consistently increases with increasing C content, SSA, and PVtot, and is negatively correlated with the 

ash content, O/C, and (O+N)/C (all p < 0.01). These findings are consistent with published literature (e.g., Ahmad 

et al., 2012; Ahmad et al., 2013b; Ahmad et al., 2014a; Hale et al., 2016; Kah et al., 2016; Kupryianchyk et al., 

2016). Noteworthy, log KFr* does not correlate with the aromaticity index H/C (p > 0.05), which was suggested 

as “a smart linkage between the preparation temperatures, aromatic clusters and sorption properties of 

biochars” (Xiao et al., 2016). The C=C double bond in TCE and PCE is theoretically capable to participate in π=π 

interactions (Ma et al., 2011) with the aromatic parts of the biochar. Ahmad et al. (2014a) suggested this as one 

mechanism responsible for TCE sorption on a highly carbonized, high-temperature buffalo-weed biochar 

(H/C = 0.15). However, all biochars in this study, produced at low temperature, are only moderately carbonized 

(H/C > 0.4) and therefore this process appears to be of minor importance. 

 
Pore-filling, partitioning, and steric-effects 

As it was shown previously that pore-filling (e.g., Nguyen et al., 2007; Graber et al., 2012) as well as partitioning 

(e.g., Chen et al., 2008; Chiou et al., 2015; Kah et al., 2016) can contribute to organic contaminant sorption on 

biochars, the Polanyi-theory-based pore-filling model (Eq. 12) and the combined pore-filling and partitioning 

model (Eq. 13) was applied to resolve the contributions of the two processes to overall sorption. Isotherms are 

displayed in Figure 12 and a summary of the fitting parameters is presented in Table 4. 

 

Figure 12: Single-compound isotherms of TCE (left) and PCE (right) fitted with the Polanyi-theory-based pore-

filling model (dotted lines) and combined partitioning-adsorption model (solid lines). No solid lines are shown 

for isotherms where the partitioning coefficient Kp is not significant (p > 0.01). Different symbols refer to the 

four tested sorbents as follows: ▲ AC, ♦ BC-WC, ● BC-GH, and ■ BC-CM. Data points represent the mean of 

triplicate samples. All error bars are within symbol size. 

 
Sorption of both compounds on AC, as well as TCE sorption on BC-WC, is very well described by the pore-filling 

model alone, without considering the partition part (Kp from combined model not statistically significant; 

p > 0.01; Figure 12, dashed lines). However, all remaining sorption isotherms show a significant contribution of 

partitioning to overall sorption with an increase from BC-WC to BC-CM (Figure 12), following the trend of 

decreasing PVtot (p < 0.05).  
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Table 4: Isotherm parameters for the combined adsorption-partition model of single sorption experiments. 

  Kp [L kg-1] a V0 [cm³ kg-1] a E [J mol-1] a r² [-] b p [-] b 

TCE BC-WC n.a.c 85 ± 1.3 14,452 ± 193 0.96 < 0.01 

 BC-GH 96 ± 35 44 ± 2.4 13,734 ± 361 0.99 < 0.01 

 BC-CM 50 ± 4 6 ± 0.3 14,078 ± 355 0.99 < 0.01 

 AC n.a.c 369 ± 5.0 13,036 ± 142 0.99 < 0.01 

PCE BC-WC 218 ± 51 44 ± 2.2 10,088 ± 350 0.97 < 0.01 

 BC-GH 132 ± 39 30 ± 1.5 10,266 ± 318 0.97 < 0.01 

 BC-CM 73 ± 6 3 ± 0.3 10,278 ± 525 0.99 < 0.01 

 AC n.a.c 365 ± 7.6 13,041 ± 364 0.97 < 0.01 
a 

 

b 

c 

Coefficients of the combined adsorption-partitioning model (± standard error) calculated using non-linear curve 
fitting in Sigma Plot after Eq. 13.  
r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot.  
Derived Kp values were not significant (p > 0.01). 

 
The maximum adsorbed volume V0, as derived from the model fit, sequentially increases, following the order 

BC-CM < BC-GH < BC-WC < AC, which correlates with the increasing PVtot of the sorbents (p < 0.01). In case of 

AC, V0 of the two contaminants is not statistically different (V0
TCE, single ≈ V0

PCE, single). This supports the 

assumption that AC sorption is not selective for either of the compounds, observed differences in the isotherms 

solely originate from the compounds’ hydrophobicity, and AC adsorption via pore-filling is the dominant process 

in the investigated concentration range. 

Considering the biochars, V0 is significantly higher for TCE in all cases (V0
TCE, single > V0

PCE, single), implying that TCE 

can access a bigger portion of the available pore volume compared to PCE. This supports the hypothesis of a 

steric effect, hindering PCE to access certain pores. This could be due to a size exclusion effect as reported in 

other studies (e.g., Lattao et al., 2014; Xiao and Pignatello, 2015; Kah et al., 2016). The molecular size of TCE is 

about 6.6 Å x 6.2 Å x 3.6 Å (Karanfil and Dastgheib, 2004; Lian et al., 2012), whereas PCE’s effective molecular 

diameter and second largest dimension is 6.6 Å (Bembnowska et al., 2003). Kasaoka et al. (1989) (as cited in Li 

et al., 2002) state that in aqueous systems, size exclusion can occur when the pore width is smaller than about 

1.7 times the second largest dimension of the target compound (1.05 nm for TCE and 1.12 nm for PCE; note: 

1 Å  = 0.1 nm). Both plant-derived biochars contain most of their pore volume in pores smaller than 1 nm. When 

comparing V0 of TCE and PCE, it is evident that BC-WC shows greater difference between the two sorbates 

(BC-WC: 48 %; BC-GH: 31 %). This is probably an effect of the micropore size distribution that is dominated by 

smaller pores, partly unavailable for PCE sorption.  

The Kp value is consistently higher for PCE (Kp
PCE, single > Kp

TCE, single) and decreases from BC-CM to BC-WC, however 

differences are not significant in all cases. BC-CM as the least hydrophobic and most polar sorbent (Table 2) also 

shows the highest percentage of partitioning for both compounds (At 5 % of SW: TCE 30 %; PCE 13.1 %; Table 5).  
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Table 5: Calculated distribution of partitioning and pore-filling in single-compound isotherms. 

  1 % of SW a 5 % of SW a 

  Partitioning [%] Pore-filling [%] Partitioning [%] Pore-filling [%] 

TCE BC-WC 0 100 0 100 

 BC-GH 3.1 96.9 9.9 90.1 

 BC-CM 11.0 89.0 30.0 70.0 

 AC 0 100 0 100 

PCE BC-WC 1.5 98.5 3.5 96.5 

 BC-GH 1.2 98.8 3.1 96.9 

 BC-CM 5.7 94.3 13.1 86.9 

 AC 0 100 0 100 
a Relative distribution of partitioning and pore-filling from pore-filling and combined partitioning-adsorption model 

calculated at 1 % and 5 % of the respective water solubility of the compound. 

 
Polarity favors the formation of water clusters on the sorbent surface making it more hydrophilic (Li et al., 2002). 

This can hinder organic compounds to access high-energy sorption sites and therefore favor partitioning into 

the non-carbonized phase. For all biochars, partitioning becomes more important as COrg, PVtot, PVmic, and SSA 

decrease, and (O+N)/C increases (all p < 0.05). As all these properties are closely feedstock-related, it is 

reasonable to state that the distribution of adsorption and partitioning is ultimately a function of the feedstock 

material. 

3.2.3. Sorption behavior in bi-solute systems 

The isotherms of TCE and PCE in bi-solute systems, fitted with the Freundlich model, are displayed in Figure 13. 

A summary of the fitting parameters is presented in Table 6. In Table 7, Freundlich parameters of single and bi-

solute experiments are summarized, together with the competition strength calculated after Zhang et al. (2012). 

 
Table 6: Freundlich parameters and unit-equivalent Freundlich coefficient of bi-solute sorption experiments. 

  KFr a 

[(mg kg-1)/(mg L-1)n] 
log KFr a 

[(mg kg-1)/(mg L-1)n] 
n [-] a r² [-] b p [-] b 

log KFr* 

[mg kg-1] c 

TCE BC-WC 28,282 ± 1,090 4.45 0.19 ± 0.01 0.95 < 0.01 5.03 

 BC-GH 12,123 ± 411 4.08 0.27 ± 0.01 0.99 < 0.01 4.90 

 BC-CM 1,486 ± 97 3.17 0.38 ± 0.02 0.98 < 0.01 4.32 

 AC 61,430 ± 8,285 4.79 0.18 ± 0.04 0.67 < 0.01 5.33 

PCE BC-WC 28,665 ± 1,093 4.46 0.23 ± 0.01 0.97 < 0.01 4.96 

 BC-GH 14,654 ± 563 4.17 0.30 ± 0.01 0.97 < 0.01 4.82 

 BC-CM 1,276 ± 128 3.11 0.49 ± 0.03 0.98 < 0.01 4.16 

 AC 190,356 ± 9,972 5.28 0.23 ± 0.02 0.96 < 0.01 5.76 
a 

 

b 

c 

Freundlich coefficients KFr, log KFr (log transformed), and Freundlich exponents n calculated using non-linear curve 
fitting in Sigma Plot after Eq. 9.  
r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot.  
log KFr* calculated form KFr using Eq. 11. 
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Figure 13: Results of the TCE (orange) - PCE (blue) bi-solute sorption isotherm experiments (open symbols), 

compared to single-compound experiments (filled symbols) on all four sorbents. Dashed lines represent the fit 

of the Freundlich isotherm model. Data points represent the mean of triplicate samples. Error bars show the 

standard deviation. Where no error bars are shown, they are within symbol size. 

 
Table 7: Comparison of non-linearized Freundlich coefficients (KFr) and unit-equivalent Freundlich coefficients 

(KFr*) of single and bi-solute experiments, and resulting calculated competition strength of both compounds. 

  Single-compound Bi-solute  

  
KFr a 

[(mg kg-1)/(mg L-1)n] 
KFr* b 

[mg kg-1] 
KFr a 

[(mg kg-1)/(mg L-1)n] 
KFr* b 

[mg kg-1] 
Competition 
strength [%]c 

TCE BC-WC 33,884 209,088 28,282 105,971 16 

 BC-GH 14,834 140,460 12,123 79,559 12 

 BC-CM 1,934 29,509 1,486 20,882 1 

 AC 111,046 1,001,902 61,430 214,174 17 

PCE BC-WC 21,182 108,272 28,665 90,878 49 

 BC-GH 14,409 74,492 14,654 65,630 43 

 BC-CM 1,540 14,801 1,276 14,607 29 

 AC 250,368 703,783 190,356 580,916 79 
a 

b 

c 

Freundlich coefficients KFr calculated using non-linear curve fitting in Sigma Plot 12 after Eq. 9.  
KFr* calculated form KFr using Eq. 11.  
Competition strength calculated after Zhang et al. (2012) using KFr* (e.g., competition strength PCE = (KFr* TCE, single - 
KFr* TCE, bi)/ KFr* TCE, single). 

 



 

42 

In bi-solute systems, the sorption of TCE on biochars is notably reduced when PCE is added, while sorption of 

PCE is much less affected. For both compounds the effect of the co-solute increases in the order BC-CM < BC-

GH < BC-WH, with a drop in KFr* values of about 29 %, 43 %, and 49 %, respectively.  

In the AC experiments, both compounds sorb significantly less than observed in the single-compound system, 

although the effect on TCE is much more pronounced (KFr* reduced by 79 %), resulting in a poor isotherm fit 

(r² = 0.67, Table 6). The higher competition strength of PCE is obvious for all samples (Table 7) and is most likely 

an effect of its higher hydrophobicity. 

To further explore the differences in bi-solute systems, the sum of the sorbed molar volumes of TCE and PCE in 

the individual batch samples is calculated and compared to the respective sorption isotherms in single-

compound systems (Figure 14). This approach is similar to the one employed by Sander and Pignatello (2005a), 

Pan and Xing (2010), and Wu et al. (2017). Assuming that a specific sorbent provides a finite number of sorption 

sites or a certain pore volume accessible to the solutes and both compounds equally compete for them, the 

cumulative sorbed volume should be equal to the sorbed volume of the favored compound in single-solute 

experiments. 

 

Figure 14: Cumulative TCE+PCE sorption isotherms (non-filled symbols) compared to single-compound 

isotherms (TCE orange; PCE blue) plotted as CW [mg L-1] vs. CS [cm³ kg-1], the loading expressed as molar volume 

sorbed. Dashed lines are only for guidance and do not have numerical meaning. Data points represent the mean 

of triplicate samples. Error bars show the standard deviation. Where no error bars are shown, they are within 

symbol size. 
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In case of AC, the calculated cumulative isotherm plots between the PCE and TCE isotherms obtained in the 

single-solute system (Figure 14; PCE and cumulative sorption are not significantly different). This indicates that 

the overall sorption does not significantly change in the bi-solute system. TCE and PCE can replace each other 

and directly compete for the same sorption sites (Erto et al., 2011). The differences in the observed sorption 

isotherms and competition strength only originate from the different compound hydrophobicities.  

For the biochars, the calculated cumulative isotherms plot above both single-compound isotherms, indicating 

that a higher total volume is sorbed in the bi-solute systems. TCE and PCE seem to partly compete for sorption 

sites but might also have compound-specific sorption domains. Two studies reported this phenomenon of 

complementary adsorption for chemicals with different properties on carbon nanotubes (Pan and Xing, 2010; 

Zhang et al., 2012). Possible reasons could be the ability of TCE and PCE to access different pores due to steric 

effects (as already discussed for single-compound experiments), specific interactions, or the presence of 

multiple sorption domains.  

Applying the Polanyi-theory-based approach should help to further clarify the sorption mechanisms. Fitting 

parameters are summarized in Table 8 and isotherm fits are displayed in Figure 15. 

As seen in single-compound experiments, the pore-filling model describes all biochar data reasonably well 

(r² > 0.93). However, including a partitioning domain into the model significantly improves the isotherm fits. 

Only in case of TCE sorption on BC-WC as well as TCE and PCE on AC, a sole pore-filling mechanism is sufficient 

(Kp derived from combined model not statistically significant, p > 0.01; Figure 15, Table 8).  

 
Table 8: Isotherm parameters for the combined adsorption-partition model of bi-solute sorption experiments. 

  Kp [L kg-1] a V0 [cm³ kg-1] a E [J mol-1] a r² [-] b p [-] b 

TCE BC-WC n.a.c 49 ± 0.7 17,327 ± 282 0.99 < 0.01 

 BC-GH 65 ± 21 27 ± 1.5 15,261 ± 485 0.99 < 0.01 

 BC-CM 26 ± 7 5 ± 0.6 13,320 ± 728 0.99 < 0.01 

 AC n.a.c 105 ± 7.9 17,005 ± 1,649 0.71 < 0.01 

PCE BC-WC 152 ± 37 40 ± 1.3 12,793 ± 373 0.99 < 0.01 

 BC-GH 232 ± 26 23 ± 0.9 12,230 ± 423 0.99 < 0.01 

 BC-CM 86 ± 9 3 ± 0.3 10,840 ± 973 0.98 < 0.01 

 AC n.a.c 284 ± 8.3 12,841 ± 515 0.95 < 0.01 
a 

 

b 

c 

Coefficients of the combined adsorption-partitioning model (± standard error) calculated using non-linear curve 
fitting in Sigma Plot after Eq. 13.  
r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot;  
Derived Kp values were not significant (p > 0.01). 
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Figure 15: Bi-solute sorption isotherms of TCE (orange) and PCE (blue) with fitted Polanyi-theory-based pore-

filling (dotted lines) and combined partitioning-adsorption model (solid lines). Data points represent the mean 

of triplicate samples. All error bars are within symbol size. 

 
Although PCE is the stronger competitor, V0 of the biochars BC-WC and BC-CM is significantly higher for TCE 

(V0
TCE, bi > V0

PCE, bi). In case of BC-GH, fitted V0 values are also different (V0
TCE, bi = 27 cm³ kg-1 and 

V0
PCE, bi = 23 cm³ kg-1), however 95 % confidence intervals slightly overlap. This indicates that TCE is more strongly 

attracted to sorb via pore-filling. Compared to single-compound experiments, V0 of TCE significantly decreases 

(V0
TCE, single > V0

TCE, bi) for BC-WC and BC-GH. The decrease for BC-CM is not statistically significant 

(V0
TCE, single = 6 cm³ kg-1 and V0

TCE, bi = 5 cm³ kg-1). This effect is much less pronounced for PCE, implying that PCE 

effectively competes with TCE for certain pores. However, it is not able to access all available pores. This is 

consistent with the hypothesis of size exclusion, hindering PCE sorption in small micropores, as discussed earlier. 

The sum of TCE and PCE V0 is similar to V0 of TCE in the single-compound system (Σ V0
bi = V0

TCE, bi + V0
PCE, bi ≈ 

V0
TCE, single). This indicates that a limited maximum pore volume is available for pore-filling in every sorbent.  

As the maximum amount of contaminant sorbed by pore-filling does not change significantly in the bi-solute 

system, the partitioning domain should be responsible for enhanced sorption. The Kp values are significantly 

higher for PCE (Kp
PCE, bi > Kp

TCE, bi). This supports the assumption that PCE is more attracted to the partitioning 

domain of the biochars, due to its higher hydrophobicity.  
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The role of partitioning for both compounds increases following the order BC-WH < BC-GH < BC-CM (Table 9), 

which correlates with the decreasing PVtot and hydrophobicity, as well as with the increasing polarity of the 

sorbents (all p < 0.05). The competition strength follows the reversed trend. It decreases in the order 

BC-WH > BC-GH > BC-CM (Table 7), indicating that competition is stronger in hydrophobic, pore-filling-

dominated biochars.  

 
Table 9: Calculated distribution of partitioning and pore-filling in bi-solute compound isotherms. 

  1 % of SW a 5 % of SW a 

  Partitioning [%] Pore-filling [%] Partitioning [%] Pore-filling [%] 

TCE BC-WC 0 100 0 100 

 BC-GH 3.0 97.0 10.1 89.9 

 BC-CM 7.5 92.5 21.2 78.8 

 AC 0 100 0 100 

PCE BC-WC 0.7 99.3 2.3 97.7 

 BC-GH 2.0 98.0 5.9 94.1 

 BC-CM 7.4 92.6 17.8 82.2 

 AC 0 100 0 100 
a Relative distribution of partitioning and pore-filling from pore-filling and combined partitioning-adsorption model 

calculated at 1 % and 5 % of the respective water solubility of the compound. 

 
Li and Werth (2001) suggested that competition between TCE and PCE in natural solids is controlled by 

hydrophobic micropore spaces. Therefore, partitioning-dominated sorbents can sorb additional contaminant 

volume in the non-carbonized phase. This is similar to the findings by Wu et al. (2017) for the compounds 

ketoprofen and triclosan. They found no competition in the partitioning phase of a wheat-straw biochar 

prepared at 300°C. However, notable competition was present in the carbonized phase. Also, competition was 

stronger in the more carbonized char prepared at 700°C from the same feedstock.  

When comparing the shape of single- and bi-solute isotherms and their relative position to each other 

(Figure 16), some additional effects are evident. In case of AC, the PCE bi-solute isotherm runs parallel to both 

single-compound isotherms, whereas TCE sorption is significantly suppressed over the whole concentration 

range. For both plant-based biochars (BC-GH and BC-WC) the difference between TCE sorption in single- and bi-

solute systems increases with increasing CW/SW ratio. This indicates that TCE sorption in bi-solute systems is 

increasingly suppressed as CW/SW approaches one. For PCE however, sorption is higher in bi-solute systems when 

CW/SW < 0.1, is continuously suppressed as CW/SW increases, and both isotherms intersect. This further illustrates 

the influence of micropore-filling on competitive sorption. At low concentrations, high micropore volume is 

available. As TCE first sorbs in very small, high-energy pores that are partly inaccessible for PCE, only little 

competition occurs. When CW/SW increases, PCE progressively outcompetes TCE in the remaining pores. PCE 
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sorption is increased by additional partitioning over the whole concentration range, caused by hydrophobic 

effects. 

For the manure-based biochar BC-CM, this concentration effect is not present. All four isotherms run almost 

parallel (Figure 16), indicating no concentration-dependent competition effect. Sorption is not limited by the 

availability of micropores, but rather influenced by the sorbent’s bulk properties and partitioning phase. This 

illustrates that the competition behavior in bi-solute systems is on the one hand controlled by sorbent 

properties, on the other hand also dependent on the investigated concentration range. 

 

Figure 16: Bi-solute sorption isotherms (non-filled symbols) of TCE (orange) and PCE (blue) compared to single-

compound sorption isotherms (filled symbols). Solid (single-compound) and dashed (bi-solute) lines represent 

the fitted Polanyi-theory-based adsorption-partitioning model. Data points represent the mean of triplicate 

samples. All error bars are within symbol size. 

 

3.3. Conclusions 

Sorption of TCE and PCE is driven by feedstock-governed biochar characteristics and the compounds’ molecular 

properties, rather than sorbate solubility. Biochar with high C content, SSA, PVmic, and PVtot shows the highest 

sorption capacity. Besides that, the sorbent polarity plays a key role in sorption of chlorinated compounds and 

strongly influences the distribution of adsorption and partitioning. High-polarity biochars facilitate partitioning, 

while biochars with high PVmic favor pore-filling of both contaminants. Size exclusion causes differences in the 
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sorption of TCE and PCE, especially in plant-based biochars. These points highlight the importance of feedstock 

when biochar is applied in remediation. Depending on the target compound, a biochar with properties tailored 

to the contaminant of interest needs to be selected. In bi-solute systems both compounds compete for sorption 

sites, but the degree of competition is strongly influenced by sorbent properties. This is again a direct effect of 

the feedstock material. Plant-based biochars are pore-filling-dominated and show strong competition. Chars 

produced from manure feedstock offer an additional partitioning phase that does not experience strong 

competition. This enables the sorption of additional contaminant volume in bi-solute systems, making it an 

attractive option for the application on mixed-contaminant sites. The described concentration effect illustrates 

that sorption mechanisms are complex, and the selection of feedstock plays a vital role in biochars’ effective 

application in environmental remediation. 
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4. Effect of water leaching on biochar properties and its impact on organic contaminant sorption 

When biochar is used in remediation technologies, the long-term effectiveness of sorption processes that reduce 

the mobility of contaminants is of prime interest (Ren et al., 2018a). However, biochar properties are affected 

by environmental exposure and interaction with the soil environment, which is summarized by the term “aging”. 

Aging refers to several processes including leaching of minerals and organic carbon (OC) (Trigo et al., 2014), 

alteration of surface functional groups (Luo et al., 2017), and surface or pore blocking by organic matter (Kwon 

and Pignatello, 2005) and minerals (Lin et al., 2012b). These mechanisms can significantly alter biochar sorption 

behavior for organic contaminants. Reported effects of aging are diverse, ranging from increased sorption of 

herbicides (Trigo et al., 2014) to greatly attenuated sorption of non-ionic organic compounds (Luo et al., 2017), 

and seem to depend on multiple factors like initial biochar characteristics, as well as compound properties. 

Several studies have shown that leaching of minerals and OC from biochar is one key process that occurs over 

the course of its aging. Studies examining leaching impact focused on nutrient release (Zhao et al., 2013b), 

biochars’ environmental fate and stability (Spokas et al., 2014; Liu et al., 2018), potential toxicity of biochar-

derived compounds (Smith et al., 2016), and the complexation between organic contaminants and biochar-

released dissolved organic carbon (DOC) (Fu et al., 2018).  

Two studies recently investigated the changes in sorption of organic compounds after removing leachable OC 

(LOC) through washing. Wang et al. (2017) reported enhanced sorption of nitrobenzene, naphthalene, and 

atrazine by a rice straw biochar, accelerated sorption kinetics, and reduced sorption irreversibility. This was 

mainly attributed to increased accessibility of micropores, due to the removal of LOC. Luo et al. (2017) also 

described enhanced sorption of nonionic organic compounds on two maize straw biochars after LOC removal, 

caused by exposure of initially blocked micropores. This suggests that the removal of LOC generally increases 

pore accessibility and therefore shows positive effects on contaminant immobilization. Further, Klasson et al. 

(2014) reported the unblocking of pores as a result of ash removal through rainwater washing. However, to 

date, no study has been conducted investigating both OC and mineral leaching, and linking the concomitant 

changes in the biochar to its contaminant sorption ability.  

Knowledge about the influence of initial biochar properties on leaching and related processes is still limited, as 

most studies focused on only one biochar type. In particular, the impact of biochar leaching on its bulk 

properties, and resulting changes in sorption mechanisms of organic contaminants have received only little 

attention. However, previous studies have shown that element (Wu et al., 2016) and LOC (Liu et al., 2019a) 

leaching greatly differs with feedstock type and that structural properties and resulting sorption mechanisms 

are especially feedstock-dependent (see also chapter 2). 

Therefore, in this chapter the aim was to link changes of biochar properties due to leaching to changes that 

occur in contaminant sorption, by (1) investigating what is leached from biochars produced from different 

feedstocks, (2) determining how leaching changes biochars’ chemical and structural properties, and finally 



 

50 

(3) relating these changes to specific differences in sorption mechanisms. To achieve this, three biochars 

produced from cattle manure (BC-CM), grain husk (BC-GH), and wood chips (BC-WC), were artificially leached, 

the aqueous leachates were characterized, the changes in chemical and structural characteristics of the biochars 

were determined, and their sorption behavior for the two chlorinated compounds, TCE and PCE, was analyzed. 

 

4.1. Materials and methods 

The “original” biochars used in this section are described in chapter 3.1.2. Leaching of AC was not considered, 

as preliminary tests indicated negligible effects on activated carbon properties. The properties of the two 

chlorinated compounds TCE and PCE, again used as model compounds, are listed in Table 1.  

4.1.1. Biochar leaching 

Methods for the leaching of soluble ions and OC described in the literature are diverse. Numerous studies utilize 

simple batch-setups where biochar is shaken with deionized water (e.g., Kloss et al., 2012; Spokas et al., 2014) 

or acidic solutions (e.g., Klasson et al., 2014; de Figueredo et al., 2017) at varying solid to liquid ratios and shaking 

times. However, also repeated washing cycles (e.g., Angst and Sohi, 2013; Luo et al., 2017), continuous in-column 

leaching (Feng et al., 2018), and the simulation of weathering in a Soxhlet extractor (Yao et al., 2010) have been 

reported. As several studies suggest that leaching kinetics can be slow (Angst and Sohi, 2013; Kong et al., 2014), 

an accelerated leaching method utilizing an Accelerated Solvent Extractor was chosen. A similar method was 

previously used to extract pyrogenic water-soluble organic matter from biochars (Norwood et al., 2013). The 

elevated pressure and temperature applied in accelerated solvent extraction should allow rapid and complete 

mobilization of soluble compounds. Therefore, application of this method should yield the maximum amount of 

leachable compounds. 

Accelerated leaching was performed with an Accelerated Solvent Extractor (ASE 300, Dionex, Germany). 

Stainless steel extraction cells (33 mL) were filled with 1.5 g of biochar and glass fiber filters (Thermo Scientific, 

Germany) at the top and bottom of the extraction cell. All biochars were extracted with deionized water (ultra-

pure Millipore) at 100°C for 10 minutes under 100 bar cell pressure (for details see Table 10). Aqueous extracts 

were collected in 200 mL glass bottles fitted with screw caps and rubber septa. Each extraction was performed 

with three replicates, each yielding about 60 to 65 mL of leachate. After the extracts were cooled to room 

temperature, EC and pH were measured (PCE-PHD1, PCE Instruments, Germany). All leachates were stored 

refrigerated until further analysis. Leached biochar samples were dried for 24 hours at 105°C and stored in 

amber glass bottles until further use.  
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Table 10: ASE method details for accelerated leaching of biochar samples. 

Method parameter  

Solvent Millipore H2O 

Temperature [°C] 100 

Cell pressure [bar] 100 

Heating time [minutes] 5 

Static time [minutes] 5 

Purge time [seconds] 100 

Flush volume [%] 60 

Cycles 1 

 

4.1.2. Characterization of aqueous leachates 

All leachates were filtered using 0.45 µm cellulose acetate filters. Dissolved organic carbon (DOC), was 

determined with a carbon analyzer equipped with an infrared detector (LiquiTOC II, Elementar, Germany). Major 

cations (sodium (Na+), potassium (K+), magnesium (Mg2+), calcium (Ca2+), ammonium (NH4
+)) and anions (fluoride 

(F-), chloride (Cl-), bromide (Br-), nitrite (NO2
-), nitrate (NO3

-), phosphate (PO4
3-), sulfate (SO4

2-)) were determined 

by ion chromatography (882 Compact IC plus, Metrohm, Switzerland).  

4.1.3. Characterization of leached biochars 

Leached biochars were characterized utilizing the same methods as described in chapter 3.1.2. Additionally to 

the previously analyzed properties, also mineral elements were determined for the original and leached 

biochars. Samples were ashed at 1,000°C for 1 hour, the residue was fused with lithium-metaborate at 1,000°C, 

dissolved in 100 mL acid (4 % HNO3/2 % HCl), and analyzed by inductively coupled plasma - atomic emission 

spectroscopy (ICP-AES). Results are reported as mass of element per mass bulk sample (all analysis performed 

by ALS Minerals, Loughrea, Ireland). 

4.1.4. Batch experiments and analytical method 

For consistency, equilibrium batch experiments with the leached biochars were conducted as described in 

section 3.1.3 and concentrations of TCE and PCE in the batch systems were quantified as detailed in 

section 3.1.4. 

4.1.5. Data analysis 

The data of leached compounds (ions and DOC) and the biochar properties were analyzed by one-way analysis 

of variance (ANOVA) with Tukey’s post-hoc test to determine significant differences (SigmaPlot 12.0, Sysstat 

Software Inc., USA). Results of p > 0.05 are considered not significant. 

The unit-equivalent Freundlich model (Eq. 10) and the Polanyi-theory-based combined adsorption-partitioning 

model (Eq. 13) were fitted to the data of the sorption batch experiments (see section 2.7.3). 
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Sorption coefficients including standard errors and confidence intervals were derived by dynamic curve fitting 

in the software SigmaPlot 12.0 (Sysstat Software Inc., USA). For both isotherm models, sorption coefficients of 

different data sets were considered to be significantly different when their 95 % confidence intervals did not 

overlap (p < 0.01), or did not overlap by more than 50 % (p < 0.05) (Cumming, 2009). 

 

4.2. Results and discussion 

4.2.1. Leaching of extractable ions and change in mineral content 

The characteristics of the aqueous leachates of the three biochars are summarized in Table 11 below.  

 
Table 11: Selected characteristics of aqueous leachates of the three biochars. DOC and ion content leached were 

calculated from the concentration measured in the leachate [mg L-1], mass of biochar leached [g], and volume 

of leachate [mL]. Values represent the mean of three replicates ± standard deviation. Note the differing units 

for Ca2+ and Mg2+. 

 BC-WC BC-GH BC-CM 

pH [-] 8.8 ± 0.05 8.3 ± 0.03 10.2 ± 0.04 

EC [µS cm-1] a 147 ± 4 599 ± 7 3,757 ± 78 

DOC [mg g-1] 1.5 ± 0.1 2.5 ± 0.1 27.4 ± 0.4 

K+ [mg g-1] 0.6 ± 0.02 7.5 ± 0.1 31.8 ± 0.5 

Na+ [mg g-1] 0.2 ± 0.01 0.3 ± 0.03 10.0 ± 0.1 

Ca2+ [µg g-1] 73 ± 4 92 ± 6 435 ± 94 

Mg2+ [µg g-1] 28 ± 1 57 ± 4 66 ± 16 

PO4
3- [mg g-1] 0.1 ± 0.001 5.3 ± 0.1 1.5 ± 0.1 

SO4
2- [mg g-1] 0.2 ± 0.004 1.1 ± 0.02 4.5 ± 0.1 

Cl- [mg g-1] 0.1 ± 0.01 1.0 ± 0.05 24.2 ± 0.4 

Total ions leached [mg g-1] b 1.2 ± 0.03 15.5 ± 0.1 73.1 ± 1.0 
a 

b 

EC: Electrical conductivity of the leachate. 
Sum of all ions measured with ion chromatography. For all measured ions, refer to Table A 19. 

 
All leachates are alkaline and pH values are similar to those determined for the original bulk biochars. The BC-

CM extract shows the highest and BC-GH the lowest pH value (10.2 and 8.3, respectively). The leachate of BC-CM 

exhibits the highest EC, followed by BC-GH and BC-WC (3,757, 643, and 147 µS cm-1, respectively; all statistically 

different; p < 0.01). EC tends to increase with increasing ash content of the original biochars. However, there is 

no significant linear correlation, likely because the ash composition varies and only selected minerals dissolve 

and contribute to the leachate EC. A similar trend as described for EC is present for the total amount of leached 

ions. BC-CM released the highest sum of total ions (73.1 mg g-1), followed by BC-GH (15.5 mg g-1), and BC-WC 

(1.2 mg g-1) (all significantly different from each other; p < 0.01). K+ and Na+ are the dominating cations in the 

leachates of all three biochars. The leaching of Ca2+ and Mg2+ is comparatively low, which is similar to results 

reported in other studies (Yao et al., 2010; Kong et al., 2014). The anions with the highest concentrations in all 
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leachates are Cl-, SO4
2-, and PO4

3-. However, the proportions vary depending on the leached biochar. Cl- 

dominates the BC-CM leachate, whereas the leachates of BC-WC and BC-GH are characterized by high SO4
2- and 

PO4
3- concentrations, respectively. The leaching of N-species from all three biochars (in the form of NO3

-, NO2
-, 

and NH4
+) is comparatively low, as also found by others (Graber et al., 2010), because they are likely bound in 

sparsely soluble form (Hollister et al., 2013).  

The ion concentrations detected in the leachates are in line with the changes determined for the content of 

respective mineral elements in the bulk biochars before and after leaching (Table 12). Ca and Mg tend to 

accumulate in the bulk sample or show only small changes. Na, K, and P contents in BC-CM and BC-GH decrease 

notably. In BC-WC, Na tends to accumulate and changes in K and P are negligible. 

 
Table 12: Elemental composition of original and leached biochars determined by inductively coupled plasma - 

atomic emission spectroscopy. 

 BC-WC BC-GH BC-CM 

 original leached original leached original leached 

Si [mg g-1] 38.2 54.2 69.7 69.2 172.5 175.3 

Ca [mg g-1] 16.0 18.3 36.9 37.7 72.2 73.6 

Mg [mg g-1] 3.6 3.3 3.7 3.7 14.3 14.5 

Na [mg g-1] 1.6 2.3 1.0 0.8 13.3 6.0 

K [mg g-1] 5.8 5.6 15.0 9.2 31.8 13.3 

P [mg g-1] 1.3 1.4 8.8 7.7 14.4 14.0 

 
According to Wu et al. (2011) the leaching of inorganic species predominantly depends on their initial form of 

occurrence in biochar. Most leached ions originate from the dissolution of mineral components in the ash 

fraction of the biochars. Ca and Mg are often bound in hardly soluble carbonates or carboxylates (Wu et al., 

2011), explaining their comparably low concentrations in all biochar leachates and accumulation in the bulk 

samples. The Cl- concentrations show a positive significant (p < 0.05) correlation with K+ and Na+ in all leachates, 

suggesting the dissolution of sylvite (KCl) and halite (NaCl). In BC-CM leachates, the mean K/Cl molar ratio of 

1.19 ± 0.01 (Table 13) suggests that sylvite dissolution is the main K+ source. Sylvite is one of the most common 

minerals in biochar (Xu et al., 2017) and several studies identified sylvite in biochars produced from various 

feedstocks, including dairy manure (Cao and Harris, 2010), straw (Kloss et al., 2012), and plant material (Zhao et 

al., 2013b). For the plant-based biochars (BC-WC and BC-GH), a higher K+ excess over Cl- is present (K/Cl molar 

ratios >> 1, Table 13), suggesting an additional K+ contribution by other soluble minerals such as phosphates, 

sulfates, or carbonates. Xu et al. (2017) reported that K-bearing minerals are typical for crop-residue biochar. 

The molar ratios of (Na + K + Mg + Ca)/(Cl + S + P) in the leachates of BC-WC (3.22 ± 0.09), and BC-CM 

(1.55 ± 0.02) clearly exceed unity (Table 13). This suggests that in addition to soluble salts, some of the released 

cations exist in other water-soluble forms in biochars, such as Na+ and K+ ion-exchangeable carboxylates (Wu et 
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al., 2011). In contrast, the corresponding molar ratio in the leachate of BC-GH (0.98 ± 0.01, Table 13) indicates 

no major contribution of leaching from carboxylates. 

 
Table 13: Molar ratios of selected ions measured in biochar leachates calculated from data measured by ion 

chromatography. 

Molar ratios [(meq L-1)/(meq L-1)] BC-WC BC-GH BC-CM 

Na/Cl 2.69 ± 0.29 0.50 ± 0.01 0.64 ± 0.01 

K/Cl  5.93 ± 0.70 6.53 ± 0.35 1.19 ± 0.01 

(K + Na)/Cl  8.62 ± 1.0 7.03 ± 0.34 1.83 ± 0.02 

(Na + K + Mg + Ca)/(Cl + S + P) 3.22 ± 0.09 0.98 ± 0.01 1.55 ± 0.02 

 
As the leachates vary depending on the biochar, it is evident that their composition greatly depends on the 

binding form, the ash composition, and the associated release mechanism of the different ions. These, in turn, 

are determined by the original feedstock composition and pyrolysis conditions. The concentrations determined 

in this study are within the range of values reported in the literature (Table A 20). However, one should be 

cautious in comparing reported results, as leaching protocols are diverse and vary greatly in extraction time, 

extraction temperature, and biochar to water ratio. 

4.2.2. Leaching of dissolved organic carbon 

The leaching procedure mobilized LOC from all biochars, which is detected as DOC in solution (Table 11). The 

manure-derived biochar BC-CM released the highest amount of DOC (27.4 mg g-1), which is about 10-times more 

than determined for the two plant-based biochars. BC-GH and BC-WC leached 2.45 mg g-1 and 1.53 mg g-1, 

respectively (all statistically different; p < 0.01). The determined DOC concentrations tend to increase with 

increasing O/C and (O+N)/C ratio of the original biochar, although both correlations are not statistically 

significant (p > 0.05). However, this suggests that biochars with high polarity and low hydrophobicity can 

mobilize more LOC. Liu et al. (2019a) found that the mobilization of LOC is positively correlated with the O and 

H content of biochar, as well as with its aromaticity ratio (H/C ratio). They concluded that the LOC was mainly 

released from biochars’ labile fraction that is rich in oxygen-containing functional groups (Liu et al., 2019a). 

Although the data presented here do not show these correlations, the trends observed for O/C and (O+N)/C 

ratios indicate the importance of functional groups in LOC release, as especially (O+N)/C is a good proxy for 

oxygen functionalities (Chen et al., 2008). The wood-based biochar BC-WC released substantially lower DOC 

concentrations than BC-GH and BC-CM. This is in line with the findings by Liu et al. (2019a) that biochar produced 

from wood generally mobilizes less LOC than biochars from herbaceous or manure feedstock. Wood contains 

more lignin, which is thermally more stable than cellulose and hemicellulose (Yang et al., 2007), and therefore 

tends to produce biochar with less leachable bio-oil components (Liu et al., 2019a).  

The DOC concentrations determined in this study are in a similar range as previously reported by Norwood et 

al. (2013). They examined ASE extraction of cordgrass and honey mesquite biochars and reported 
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concentrations of 21.5 mg g-1 and 16.0 mg g-1, respectively. In general, the findings are in line with previous 

studies that the release of LOC differs for different biochars (e.g., Qu et al., 2016; Smith et al., 2016; Liu et al., 

2019a), indicating that it depends on the biochar feedstock material. However, Liu et al. (2019a) also state that 

pyrolysis temperature is a more important factor in LOC development than feedstock material.  

4.2.3. Change of biochar bulk properties after leaching 

A summary of the bulk and structural properties of biochars after leaching is presented in Table 14, alongside 

the properties of the original biochars as determined in chapter 3 for comparison.  

 
Table 14: Properties of original and leached biochars. 

 BC-WC BC-GH BC-CM 
 original a leached original a leached original a leached 

EC [µS cm-1] b 242 133 764 281 7,910 834 

pH [-] b 9.8 7.8 8.3 7.9 10.3 9.5 

C [%] 73.7 74.7 55.8 56.7 22.7 25.2 

H [%] 2.5 2.6 3.3 3.1 1.1 1.6 

N [%] 0.5 0.5 1.5 1.5 1.3 1.3 

S [%] 0.4 0.2 0.4 0.5 0.7 0.5 

Ash content [%] 12.5 9.5 26.6 25.1 62.8 61.9 

Corg [%] 68.7 70.6 53.7 52.9 23.5 22.9 

O [%] c 10.5 12.8 12.4 13.0 11.4 9.5 

H/C d 0.40 0.41 0.71 0.65 0.55 0.76 

O/C d 0.11 0.13 0.17 0.17 0.38 0.28 

(O+N)/C d 0.11 0.14 0.19 0.19 0.43 0.33 

SSA [m² g-1] e 341 342 215 214 6 25 

SSAext [m² g-1] f 58 36 60 46 6 25 

PVtot [cm³ g-1] g 0.173 0.157 0.136 0.124 0.023 0.046 

PVmic [cm³ g-1] h 0.109 0.116 0.061 0.064 n.d. n.d. 

PVmes [cm³ g-1] i 0.064 0.041 0.075 0.060 0.023 0.046 

Dmic [nm] j 0.64 0.79 0.78 0.78 n.d. n.d. 

Dmes [nm] j 2.8 2.9 2.9 2.9 n.d. n.d. 
a 

b 

c 

d 

 

e 

f 

g 

h 

i 

j 

n.d. 

Data also presented in Table 2 in chapter 3.2.1. 
Electrical conductivity (EC) and pH determined in a 1:10 biochar to water suspension. 
O determined by difference.  
Molar ratios describing aromaticity (H/C), hydrophobicity (O/C), and polarity ((O+N)/C) of biochars (ratios based on 
bulk elemental composition).  
Apparent specific surface area (BET method).  
Specific external surface area (t-plot method). 

Total pore volume determined at P/P0=0.995.  
Micropore volume (t-plot method).  
Mesopore volume (PVtot - PVmic).  
Maxima of micropore and mesopore size distribution (NLDFT method).  
Not determined. 

 



 

56 

The C content of all biochars tends to increase after leaching, however only the change in BC-CM is significant 

(p < 0.05). Simultaneously, the wood-based BC-WC shows a significant increase in Corg (p < 0.05), whereas the 

changes in BC-CM and BC-GH are not significant (p > 0.05). Several studies reported increasing C content after 

varying leaching protocols (Spokas et al., 2014; Qu et al., 2016; Luo et al., 2017; Wang et al., 2017), however 

decreasing C content after weathering or leaching was also reported (Christophe et al., 2015). The different 

development in C and Corg contents are likely a result of the relative distribution of inorganic species and mobile 

organic matter in the different biochars. The increase of Corg in BC-WC is in line with the relatively small amount 

of LOC mobilized and the assumption that lignin forms more stable carbon structures during pyrolysis (Yang et 

al., 2007). In contrast, Corg of BC-GH and BC-CM tends to decrease after leaching because of their higher LOC loss 

caused by more labile carbon formed through the pyrolysis of cellulose and hemicellulose (Yang et al., 2007). 

One possible reason for the increase in total C content is the effect of the low leachability of carbonates (Wu et 

al., 2011) as discussed earlier. This can result in the enrichment of relatively stable inorganic carbon phases 

compared to easily soluble labile OC and other mineral components. In line with this argument is the decrease 

of EC and ash content of all biochars after leaching (p < 0.01), as also reported in other studies (Wu et al., 2011). 

Additionally, all biochars exhibit decreasing pH values, which can be explained by the release of alkaline base 

cations (Table 11) during leaching (Yao et al., 2010). 

Both plant-based biochars (BC-GH and BC-WC) show a slight increase of O in the bulk mass. In contrast, the O 

content in BC-CM decreases after leaching (Table 14). This is accompanied by increasing hydrophobicity 

(decreasing O/C ratio) and decreasing polarity (decreasing (O+N)/C ratio) of BC-CM. As the polarity ratio is a 

good indicator for oxygen-bearing functional groups (Chen et al., 2008), decreasing (O+N)/C and subsequent 

decreasing O content indicates the loss of polar functionalities during LOC leaching. Qu et al. (2016) found that 

the O/C ratio of biochar-released DOC was twice as high as the O/C ratio of the bulk biochar, confirming that 

polar functional groups are lost during the leaching process. This also results in less clustering of water molecules 

on the biochar surface (Chun et al., 2004), making the surface more hydrophobic. The two plant-based biochars 

show no relevant change in O/C and (O+N)/C ratios, which is in agreement with their significantly lower LOC 

leaching. 

4.2.4. Change of biochar surface and pore structure after leaching 

Figure 17 shows the incremental pore size distribution and the cumulative pore volume of the three biochars 

before and after leaching. The calculated SSA, SSAext, PVtot, and PVmic are listed in Table 14. The changes in SSA 

of BC-WC and BC-GH are negligible. However, leaching of BC-WC notably changed the pore size distribution, 

especially in the range smaller than 2 nm. The maximum of the micropore distribution (Dmic) shifted towards 

bigger pores, now being 0.79 nm instead of 0.64 nm, and the determined PVmic slightly increased compared to 

original BC-WC. Figure 17 illustrates that additional pore volume developed in the range of 0.5 to 2 nm.  
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Figure 17: Incremental pore size distribution (Increm. PV [cm3 g−1]; filled symbols) and cumulative pore volume 

(Cum. PV [cm3 g−1]; open symbols) of the three biochars (BC-WC, BC-GH, and BC-CM) before (grey) and after 

(black) leaching. Data was obtained by argon sorption and analyzed using a NLDFT model assuming argon 

sorption in slit-shaped pores. W (nm) corresponds to the pore width.  

 
The other plant-based biochar, BC-GH, shows only small changes. The pore size distribution of leached BC-GH 

displays a slightly higher fraction of pores around 1.2 nm pore width (Figure 17), whereas pores between 0.8 

and 1 nm disappeared. Consequently, only marginal changes of PVmic were detected. A reason could be the 

collapse of pore walls during leaching. Spokas et al. (2014) identified cracks, fractures, and “sinkhole-like” 

features after rinsing different biochars for 24 hours. This might also be the cause for lower SSAext, PVmes, and 

PVtot in both plant-based biochars. 

The manure-derived BC-CM shows distinctly different behavior. Both original and leached BC-CM contain their 

entire SSA in mesopores, captured in SSAext. It is more than 4-times higher in the leached sample than 

determined in the original BC-CM. Consequently, PVmes doubled through the development of additional pore 

volume mainly in the range of 2 to 10 nm pore width. Although PVtot increased, no micropores are present in 

leached BC-CM, as well as in the original sample.  

The described changes in the pore size distribution, pore volume, and SSA of the different biochars illustrate 

that leaching significantly affects their structural properties. However, the impact of leaching varies between 

the biochar types.  



 

58 

Although BC-WC released only a small amount of mineral components (1.2 mg g-1 ions) and DOC (1.5 mg g-1), 

the effect on the micropore size distribution and pore volume is significant. In contrast, the leaching of BC-GH 

has only minor impact on its structural properties, despite the higher concentrations of ions (15.5 mg g-1) and 

DOC (2.45 mg g-1) released. In BC-CM, leaching of comparatively high amounts of mineral species (73.1 mg g-1) 

and DOC (27.42 mg g-1) resulted in no change in small pores but extensive alterations in the mesoporous range 

and SSA. This indicates that leaching does not affect all biochars equally. Depending on the initial distribution 

and binding of ions and LOC, the response to leaching is different.  

Previous studies (Luo et al., 2017; Wang et al., 2017) have shown that LOC can be trapped in small pores and act 

as a pore-clogging agent. Therefore, leaching generally increased pore accessibility. Luo et al. (2017) reported 

that the removal of authigenic LOC from two maize straw biochars caused a slight increase in the total surface 

area by exposing initially blocked micropores. Wang et al. (2017) stated that the change in surface area after 

LOC leaching was negligible in a rice straw biochar, but total and micropore volume significantly increased. Both 

plant-based biochars in the present study show increasing PVmic after leaching, which can be linked to the 

unblocking of micropores through LOC release. However, the effect is more pronounced in BC-WC compared to 

BC-GH. This indicates that the pore-clogging effect might be more important if a high number of small 

micropores is already available in the original biochar. Indeed, Luo et al. (2017) suggested that pore blockage 

may play a bigger role in biochars with higher surface area and porosity. Further, several researchers found that 

the nature and composition of the released LOC can vary greatly for different biochars (e.g., Lin et al., 2012a; 

Smith et al., 2013; Jamieson et al., 2014; Tang et al., 2016). Therefore, LOC in biochars derived from different 

feedstocks might exhibit different binding characteristics, including pore filling and pore blocking. This would 

result in varying release mechanisms depending on LOC properties and composition.  

Similar to LOC, the release of mineral components can also alter the pore structure of biochars. Klasson et al. 

(2014) showed that washing of several microporous biochars produced from almond shell, removed ash and 

exposed surface area as well as some previously blocked small pores. Thereby, the pore structure was more 

affected in low-ash biochars (Klasson et al., 2014). Further, Spokas et al. (2014) confirmed that salts can be 

precipitated in biochar pores and limit their availability. This indicates that the change in PVmic and the micropore 

distribution might, at least partly, be caused by the release of soluble ions.  

Despite being released from pores, LOC can also be mobilized via the surface functional groups, which does not 

affect the structural properties. This is likely the case for BC-CM, as its decreasing (O+N)/C ratio indicates the 

loss of surface functionalities via LOC release. Additionally, structural changes of BC-CM are controlled by the 

leaching of mineral components or LOC from larger pores and the outer biochar surface. This explains the 

substantial increase of SSAext and PVmes. Spokas et al. (2014) confirmed with scanning electron microscopy (SEM-

EDS) studies that surface precipitates and organic oils coated surfaces, and concealed visible pores in fresh 

biochars. The removal of these precipitates and surface coatings via dissolution opened additional porosity and 

exposed new structural details (Spokas et al., 2014).  
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However, to distinguish between LOC and mineral release-driven structural changes in biochar is challenging, as 

the spatial arrangement and distribution of mineral and organic phases are feedstock dependent (Yang et al., 

2018). Both phases are usually interlaced and interact with each other (Xiao et al., 2018). Yet, the presented 

results suggest that the unclogging of micropores is mainly related to LOC leaching, whereas the exposing of 

mesopores and SSAext is caused by mineral leaching. 

4.2.5. Sorption to leached biochars 

To assess the effect of the leaching and resulting changes in biochar properties on their sorption behavior, 

equilibrium batch experiments were conducted with the leached biochars. The unit-equivalent Freundlich model 

(Eq. 10) was fitted to the sorption data and the results are presented in Table 15, alongside the data obtained 

for the original biochars (see section 3.2) for comparison.  

 
Table 15: Parameters of the unit-equivalent Freundlich model for TCE and PCE sorption to original and leached 

biochars. 

   KFr* [mg kg-1] a n [-] a r² [-] b p [-] b 

TCE BC-WC original 209,143 ± 12,730 0.26 ± 0.02 0.96 < 0.01 

  leached 228,452 ± 12,813 0.26 ± 0.01 0.97 < 0.01 

 BC-GH original 140,467 ± 6,176 0.32 ± 0.01 0.99 < 0.01 

  leached 141,489 ± 6,511 0.30 ± 0.01 0.98 < 0.01 

 BC-CM original 29,503 ± 806 0.39 ± 0.01 0.99 < 0.01 

  leached 39,828 ± 1,496 0.43 ± 0.01 0.99 < 0.01 

PCE BC-WC original 108,260 ± 3,345 0.33 ± 0.02 0.97 < 0.01 

  leached 132,431 ± 4,695 0.30 ± 0.02 0.96 < 0.01 

 BC-GH original 74,484 ± 2,974 0.33 ± 0.02 0.97 < 0.01 

  leached 90,228 ± 2,937 0.33 ± 0.01 0.98 < 0.01 

 BC-CM original 14,802 ± 365 0.46 ± 0.02 0.99 < 0.01 

  leached 18,375 ± 435 0.52 ± 0.02 0.99 < 0.01 
a 

 

b 

Unit-equivalent Freundlich coefficients KFr* and Freundlich exponents n calculated using non-linear curve fitting in 

Sigma Plot after Eq. 10.  

r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot. 

 
As already discussed in chapter 3.2.2, sorption affinity KFr* of both TCE and PCE increases following the order 

BC-CM < BC-GH < BC-WC. The same pattern is still observed after biochars are leached, although sorption of 

both compounds tends to increase after leaching (KFr*orig. < KFr*leach.). PCE sorption to all three biochars is 

significantly enhanced after leaching (p < 0.01). With an increase of 19 % in KFr*, BC-CM exhibits the strongest 

change, followed by BC-WC (18 %) and BC-GH (17 %). Considering TCE sorption, only BC-CM shows a significant 

increase (p < 0.01) in KFr* (26 %), whereas the changes in sorption to BC-GH and BC-WC are not significant. This 

illustrates that the changes in sorption affinity differ distinctly between compounds, but also between biochars. 

For both compounds, the increase in KFr* is highest for the manure-derived BC-CM that also released the highest 
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amount of LOC and leachable ions. However, the increasing sorption of PCE to the plant-derived biochars BC-WC 

and BC-GH cannot be readily explained by the amounts of leachable minerals and OC, as they are comparatively 

small. 

The sorption nonlinearity is much less affected by the leaching procedure. Only BC-CM shows significant 

changes, with slightly increasing n for both TCE (original: 0.39; leached: 0.43; p < 0.05) and PCE (original: 0.46; 

leached: 0.52; p = 0.05). This suggests increased linear sorption, which in turn indicates stronger partitioning of 

both sorbates. As previously discussed, BC-CM is the only sorbent with significantly lower polarity and higher 

hydrophobicity after leaching. This reduces the adsorption of water molecules (Li et al., 2002; Chun et al., 2004) 

and therefore might increase the accessibility of the biochar matrix for partitioning. 

4.2.6. Change in sorption mechanisms after biochar leaching 

Sorption of organic contaminants to biochar usually comprises multiple mechanisms (e.g., Xiao et al., 2018), 

among which pore-filling and partitioning dominate in case of chlorinated hydrocarbons (see chapter 3). These 

processes are influenced by the compound properties, for example, the water solubility and molecular size of 

the sorbate, but also biochar characteristics. The Polanyi-theory-based adsorption-partitioning model (Eq. 13) 

allows to resolve the contribution of partitioning and pore-filling to the overall sorption and should help to 

further explore the changes in sorption mechanisms after leaching. The respective isotherms are displayed in 

Figure 18 and fitting parameters are reported in Table 16.  

 
Table 16: Isotherm parameters of the combined partitioning and pore-filling model for sorption of TCE and PCE 

to the original and leached biochars. 

   Kp [L kg-1] a V0 [cm³ kg-1] a E [J mol-1] a r² [-] b p [-] b 

TCE BC-WC original n.a.c 85 ± 1.3 14,452 ± 193 0.96 < 0.01 

  leached n.a.c 92 ± 1.0 14,849 ± 137 0.99 < 0.01 
 BC-GH original 96 ± 35 44 ± 2.4 13,734 ± 361 0.99 < 0.01 

  leached n.a.c 52 ± 0.7 13,564 ± 152 0.99 < 0.01 
 BC-CM original 50 ± 4 6 ± 0.3 14,078 ± 355 0.99 < 0.01 

  leached 61 ± 7 7 ± 0.5 13,033 ± 403 0.99 < 0.01 

PCE BC-WC original 218 ± 51 44 ± 2.2 10,088 ± 350 0.97 < 0.01 

  leached 156 ± 51 60 ± 2.4 10,135 ± 284 0.99 < 0.01 

 BC-GH original 132 ± 39 30 ± 1.5 10,266 ± 318 0.97 < 0.01 
  leached 214 ± 37 34 ± 1.4 10,608 ± 288 0.99 < 0.01 

 BC-CM original 73 ± 6 3 ± 0.3 10,278 ± 525 0.99 < 0.01 
  leached 95 ± 7 4 ± 0.4 9,831 ± 755 0.99 < 0.01 
a 

 

b 

c 

Coefficients of the combined adsorption-partitioning model (± standard error) calculated using non-linear curve fitting 
in Sigma Plot after Eq. 13.  
r² and p represent the coefficient of determination and significance of the data fit obtained from Sigma Plot.  
Derived Kp values were not significant (p > 0.01). 
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Figure 18: Sorption isotherms of TCE and PCE on the three biochars (BC-WC, BC-GH, BC-CM) before (open 

symbols) and after (filled symbols) leaching. Dashed (before leaching) and solid (after leaching) lines represent 

the fitted Polanyi-theory-based adsorption-partitioning model (Eq. 13). All data points represent the mean of 

triplicates. All error bars are within symbol size.  

 
Sorption of TCE to both plant-based biochars (BC-WC and BC-GH) after leaching is well described by a sole pore-

filling mechanism (Kp derived from the model fit not significant; p > 0.01). The partitioning component that 

contributed to TCE sorption to the original BC-GH is eliminated entirely after leaching (Table 16). In contrast, the 

manure-derived BC-CM shows significant influence of partitioning on the sorption of both compounds, as do the 

isotherms of PCE sorption to BC-GH and BC-WC, before and after leaching. 

For all three leached biochars, the maximum adsorbed volume V0 is significantly higher for TCE compared to PCE 

(V0
TCE

leach. > V0
PCE

leach.; p < 0.01), displaying the same trend as observed in the original biochars (see section 3.2.2). 

V0 for TCE increases significantly after leaching for BC-WC and BC-GH, with 7.5 % and 15.7 %, respectively (both 

p < 0.01). The V0 value of BC-CM also increases (about 21 %; p < 0.05), but is still about one order of magnitude 

lower than V0 of the two other leached biochars. Considering PCE, only V0 of BC-WC shows a significant increase 

(27 %; p < 0.01), whereas the changes for BC-GH (12.4 %) and BC-CM (5 %) are not significant (p > 0.05).  

As discussed earlier, Figure 17 shows that BC-WC experienced significant changes in its micropore size 

distribution. Leaching created additional pore volume in the region between 0.5 nm and 2 nm, which is reflected 

by its increased PVmic. The availability of additional micropores and the concomitant shift towards slightly larger 

pore sizes allows PCE and TCE to penetrate a larger number of sorption sites in leached BC-WC. This is reflected 
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in a higher V0 of both compounds after leaching (V0
TCE

leach. > V0
TCE

orig.; V0
PCE

leach. > V0
PCE

orig.; both p < 0.01). However, 

TCE is still able to access a larger number of pores (V0
TCE

leach. > V0
PCE

leach.; p < 0.01). This is the result of a steric 

effect caused by molecular sieving, as already observed in the original BC-WC (see section 3). TCE is the slightly 

smaller molecule with 6.2 Å (= 0.62 nm) as its second largest dimension (TCE: 6.6 Å × 6.2 Å × 3.6 Å; Karanfil and 

Dastgheib, 2004), compared to PCE with 6.6 Å (= 0.66 nm) (Bembnowska et al., 2003). Both compounds can be 

subject to size exclusion when the pore width of the sorbent becomes smaller than 1.7 times their second largest 

dimension (Kasaoka et al., 1989; as cited in Li et al., 2002). The shift towards larger pores in leached BC-WC 

dampens this size exclusion of PCE, which is also reflected by a larger increase of V0 after leaching (TCE: 7.5 %; 

PCE: 27 %). Consequently, the differences between V0 of both compounds also decreased (original: 48 %; 

leached: 34 %) and sorption of PCE to leached BC-WC is now entirely taking place via pore-filling.  

BC-GH experienced less obvious changes after the leaching procedure. The increase of pores around 1.2 nm 

width goes along with diminished pore volume between 0.8 and 1 nm width. The diameters determining size 

exclusion of TCE and PCE are about 1.05 nm and 1.12 nm, respectively. Therefore, the decrease in pores smaller 

than 1 nm should not negatively influence sorption. Instead, V0 of TCE increases because the larger pores in the 

leached sample are easier to access for the molecule. PCE however, seems to still experience size exclusion from 

some pores, due to its bigger size. Therefore, V0 of PCE only increases slightly and the change is not statistically 

significant.  

Although PVtot (= PVmes) of BC-CM increases substantially after leaching (about 2-fold; see Table 14) and the pore 

size distribution experiences great changes, the effect on V0 for both compounds is relatively small. As previously 

described (see section 4.2.3), leaching of BC-CM mainly opens pores in the region between 2 and 10 nm pore 

width. These appear to provide additional sorption sites, resulting in the increase of V0 of TCE after leaching. 

However, the larger mesopores in BC-CM are likely less favorable for contaminant sorption, compared to the 

narrow micropores present in the two plant-based biochars (see Lastoskie et al., 1993). Therefore, the more 

hydrophobic molecule PCE is not highly attracted to these new sorption sites and instead favors the available 

partitioning domains. 

The linear partitioning coefficient Kp generally experiences less obvious changes, probably because of 

significantly smaller contribution of partitioning to the overall sorption (Table 17). Only the Kp value of PCE 

sorption to BC-CM significantly increases after leaching (Kp
PCE

leach. > Kp
PCE

orig.; p < 0.05). However, also Kp for TCE 

sorption to BC-CM seems to increase, although the change is not significant (p > 0.05). These changes are 

consistent with the observed increasing n values determined by the Freundlich model. Both indicate enhanced 

partitioning into the manure-derived biochar BC-CM after leaching. As previously reported in chapter 3, 

increasing polarity favors partitioning, because it increases the water clustering on the surface (Li et al., 2002) 

and might hinder the access to pores. However, it appears that the loss of oxygen-bearing functional groups 

(decreasing (O+N)/C) in BC-CM through leaching enhances partitioning. This indicates that the effect of pore 

blocking by water clusters might not be dominating in the mesoporous BC-CM. Instead, the decreasing number 
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of functional groups increases the overall hydrophobicity (decreasing O/C), making the biochar matrix more 

attractive for partitioning of hydrophobic molecules, such as TCE and PCE. Luo et al. (2017) also concluded that 

oxygen-rich LOC can cover aromatic structures on biochar surfaces, which might hinder the partitioning of 

organic contaminants. This confirms that the high amount of mobilized LOC is responsible for the increasing Kp 

values of leached BC-CM by exposing additional partitioning domains. This is also reflected in the increased 

overall percentage of partitioning, especially for the more hydrophobic compound PCE (at 5 % of SW: 

PCEorig. 13.1 %, PCEleach. 16.4 %; Table 17).  

 
Table 17: Distribution of partitioning and pore-filling in sorption of original and leached biochars. 

  1 % of SW 
a 5 % of SW 

a 

  partitioning [%] pore-filling [%] partitioning [%] pore-filling [%] 

TCE BC-WC original 0 100 0 100 

  leached 0 100 0 100 
 BC-GH original 3.1 96.9 9.9 90.1 

  leached 0 100 0 100 
 BC-CM original 11.0 89.0 30.0 70.0 

  leached 11.8 88.2 30.3 69.7 

PCE BC-WC original 1.5 98.5 3.5 96.5 

 

 leached 0.8 99.2 1.9 98.1 

 BC-GH original 1.2 98.8 3.1 96.9 
  leached 1.6 98.4 4.2 95.8 

 BC-CM original 5.7 94.3 13.1 86.9 
  leached 7.7 92.3 16.4 83.6 

a 

 

Relative distribution of partitioning and pore-filling from the combined partitioning-adsorption model 
calculated at 1 % and 5 % of the respective water solubility SW of the compound. 

 
For both plant-based biochars, no significant changes are evident for Kp and generally the role of partitioning in 

sorption decreases (Table 17). This is the case, because no significant change in O/C and (O+N)/C occurred for 

these biochars, and consequently both compounds are attracted to the newly accessible micropores in the 

leached samples.  

 

4.3. Conclusions 

The present results illustrate that accelerated leaching of biochars can significantly impact their properties and 

sorption behavior for chlorinated hydrocarbons. Biochars produced from different feedstocks show unique 

changes in their structure, which results in distinct changes in sorption mechanisms. In the plant-based biochars, 

leaching of small amounts of ions and LOC exposed additional micropores and notably changed their size 

distribution. This increases the accessibility of sorption sites in small micropores and enhanced pore-filling of 

TCE and PCE. In contrast, the release of high ion and DOC concentrations from the manure-based biochar only 
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modified external surface area and mesopore volume, which showed little effect on sorption. Instead, the 

removal of oxygen-containing functional groups, and resulting increasing hydrophobicity and lower polarity, 

enhanced the accessibility of partitioning domains, and therefore increased its contribution to overall sorption.  

This highlights that both LOC and minerals can play an important role in modifying the chemical and structural 

characteristics of biochar, and thus influence organic contaminant sorption. Thereby, the impact on sorption is 

not mainly driven by the mass leached, but rather by the release mechanism and spatial distribution of leachable 

constituents. 
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5. Impact of sorbent properties on the remobilization of organic contaminants 

As highlighted in the previous chapters, biochar can potentially serve as a long-term sink for environmental 

contaminants. Therefore, when applied in remediation technologies, it is not only important to understand the 

adsorption process, but it is also vital to know if pollutants are sequestered for the long-term or if they are 

readily released again into the environment. 

A widely applied approach to evaluate the ability of sorbed contaminants to be remobilized after sorption is to 

conduct desorption experiments. This is mostly done by the decant-refill method. After reaching adsorption 

equilibrium, desorption is initiated by removing a defined amount of the bulk solution and replacing it with an 

equivalent volume of sorbate free background solution. If sorption is fully reversible, the adsorption and 

desorption branch of the isotherm should be identical, which equates to the entire mass previously adsorbed 

being released. However, very frequently the “chemical released by dilution of the solute in the fluid phase is 

less than predicted by the isotherm constructed in the “forward” (uptake) direction” (Pignatello, 2011). This 

phenomenon is called sorption hysteresis or irreversible sorption (e.g., Pignatello, 2013 and references therein). 

Sorption hysteresis and/or irreversible sorption have been reported for a variety of sorbents, including natural 

organic matter (e.g., Sander and Pignatello, 2005b; Sander and Pignatello, 2009), different soils and sediments 

(e.g., Weber et al., 1998), and selected activated carbons (e.g., Tanthapanichakoon et al., 2005; ElHaddad et al., 

2013). Braida et al. (2003) were among the first to describe sorption hysteresis in charcoals, a material very 

similar to biochar (see section 2.1). They attributed sorption hysteresis of benzene to swelling of the sorbent 

and pore deformation caused by the sorbate. This pore deformation can cause the polyaromatic structure of 

the sorbent to collapse during desorption, ultimately trapping some of the sorbate (Braida et al., 2003).  

In recent years, several researchers described hysteretic behavior or irreversible sorption in biochars. Yu et al. 

(2010) observed irreversible sorption of the pesticide pyrimethanil in red gum wood chip biochars, and Jing et 

al. (2018) found sorption hysteresis of phthalic acid esters in peanut hull and wheat straw biochars. In both 

cases, the authors attributed the hysteretic behavior to pore deformation. 

Besides pore deformation, Wang et al. (2017) highlighted another possible reason for irreversible sorption of 

nitrobenzene, naphthalene, and atrazine in rice straw-derived biochars, called the “ink-tank effect”. It can occur 

when LOC clogs the entrance of pores and therefore hinders desorption, because the activation energy for 

desorption from the ink-tank pore is greater than the energy for the molecule to enter the pore (Pignatello and 

Xing, 1996 and references therein; Wang et al., 2017).  

Besides simple one-step (e.g., Wang et al., 2017) or multi-step (e.g., Yuan et al., 2021) batch desorption 

experiments, several researchers have also utilized extraction techniques to study the remobilization of sorbed 

contaminants. Ahmad et al. (2012) used n-hexane extraction to assess desorption of TCE from different biochars 

and activated carbon. Liu et al. (2019b) utilized ultrasonic assisted solvent extraction with an 

acetonitrile/methanol mixture to evaluate the desorption resistance of pre-sorbed lincomycin from biochars. 
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In all cases, the researchers reported that the biochars’ pore structure had a pronounced effect on the extent 

of hysteresis or irreversible sorption. Further, Wang et al. (2017) and Liu et al. (2019b) highlighted the 

importance of leachable compounds in irreversible sorption. This underscores that biochar properties are a key 

factor in understanding the remobilization behavior of sorbed contaminants and its driving mechanisms. 

Although numerous studies have investigated desorption behavior and the phenomenon of irreversible 

sorption, the mechanistic understanding remains limited. In 2011, Pignatello highlighted this issue with the 

following comment:  

 

“Sorption hysteresis and resistant desorption are the “elephants in the room” of sorption research - common 

problems with serious implications that nobody wants to tackle.” (Pignatello, 2011) 

 

This, for the most part, remains true until this day. Therefore, a series of sorption-extraction experiments was 

conducted, designed to gain further insights into the effect of sorbent properties on the extractability of organic 

compounds sorbed on carbonaceous sorbents. One hypothesis is that properties such as the amount of LOC and 

the sorbent pore structure, like micropore volume and pore size distribution, have a distinct influence on the 

remobilization of sorbed organic compounds. 

To investigate this, three different biochars and one activated carbon, previously characterized (see section 

3.2.1), were pre-loaded with defined amounts of TCE and PCE. Following, the sorbed compounds were 

sequentially extracted with different solvents to analyze their remobilization behavior. 

 

5.1. Materials and methods 

The three biochars (BC-CM, BC-GH, and BC-WC) and the activated carbon used in this chapter are described in 

section 3.1.2. The properties of the two chlorinated compounds TCE and PCE, again used as model compounds, 

are listed in Table 1.  

5.1.1. Experimental set-up 

The adsorption step of the experiments was carried out in a dialysis-batch system. In the following, this is also 

referred to as “pre-loading”. Either 100 mL headspace vials with Teflon-lined crimp top caps or 500 mL glass 

bottles, fitted with screw caps and Teflon-lined septa, were used for the experiments. Pre-wetted dialysis tubes 

(ZelluTrans, MWCO 12,000-14,000, Carl Roth, Germany) were filled with about 0.2 g of sorbent (Ohaus Explorer 

Pro; precision ± 0.1 mg) and 4 mL of deionized water to suspend the sorbent. Both ends of the dialysis tube were 

closed with copper wire and tubes were placed into glass vessels filled with deionized water (Mili-Q, Merck 

Millipore, Germany). TCE or PCE was spiked into the batch-system at pre-defined concentrations, either as pure 
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liquid or dissolved in methanol. After spiking, all bottles were immediately closed, sealed with parafilm, and 

shaken on a horizontal shaker at ambient conditions (21°C ± 1) in the dark for 14 days to attain equilibrium.  

The experimental set-up consisted of two series. The first series aimed to pre-load the sorbents to its maximum 

sorption capacity (Cmax). To achieve this, the test compound was added into the batch system in excess as pure 

liquid. This ensured that the aqueous phase concentration of the target compound (CW) remained at water 

solubility (SW) for the entire equilibration period.  

The second series aimed to pre-load the sorbents to two specific concentration points. Batch-dialysis systems 

were designed to yield a CW after sorption of 1 % and 10 % of the compounds’ SW, being about 10.9 and 

109 mg L-1 for TCE and 1.51 and 15.1 mg L-1 for PCE. In the following these pre-loading levels are referred to as 

0.01 SW and 0.1 SW. The actual CW in the batch-dialysis system after the two-week equilibration period was 

measured by withdrawing 300 µL of the bottle headspace and analyzing it with a GC-FID system as described in 

section 3.1.4. In the second series, all samples were prepared in triplicate. 

5.1.2. Sequential extraction of pre-loaded sorbents 

After the 14-day equilibration period, all pre-loaded sorbent samples were sequentially extracted in five 

consecutive extraction steps using an Accelerated Solvent Extractor (ASE 300, Dionex, Germany). Dialysis bags 

were removed from the bottles, cut open, and placed into 30 mL stainless steel extraction cells. The extraction 

cells were fitted with glass fiber filters at the top and bottom (Thermo Scientific, Germany) and filled-up with 

pre-cleaned quartz sand. In cases where dialysis tubes had leaked small amounts of sorbent into the bulk 

solution during equilibration, supernatants were vacuum-filtered through glass fiber filters. The filters with the 

retained sorbent material were added into the extraction cell alongside the dialysis tube.  

A five-step extraction scheme was employed to quantify the fractions of contaminant available for desorption 

under different conditions. Extraction steps 1 and 2 using deionized water (ultra-pure Millipore) at 40°C and 

80°C, were followed by extraction with three different organic solvents at 50°C: methanol (step 3), toluene 

(step 4), and n-hexane (step 5). All extractions were performed at a constant cell pressure of 100 bar under static 

conditions, with an extraction time of 10 minutes. Extracts were collected in 200 mL glass collection bottles, 

fitted with screw caps and rubber septa. The volume of all extracts was determined gravimetrically. For 

extraction steps 1 and 2, 4 mL of n-hexane was added into the collection bottle prior to extraction for immediate 

in bottle liquid-liquid partitioning of the target compound. Collection bottles were shaken for about 2 minutes 

and placed in the refrigerator for 30 minutes to facilitate phase separation. Afterwards, the n-hexane phase was 

withdrawn using a glass pipet and transferred into 2 mL glass vials with crimp-top caps. Extracts obtained from 

steps 3, 4, and 5 were transferred directly into 20 mL crimp-top vials. All samples were stored frozen until 

analysis.  
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5.1.3. Quantification of TCE and PCE in extracts 

All extracts were analyzed using a gas chromatograph with mass spectrometric detection (Agilent 7890A/5975C 

GC-MS system) equipped with an automatic sampler and a DB-624 column (Agilent J&W 122-1364 DB-624, 

60 m x 250 µm x 1.4 µm) for sample separation. The MS was run in selective ion mode (SIM) with mass 

fragments (m/z) 95, 130, and 132 for TCE, and 129 and 166 for PCE detection. All concentrations were quantified 

with external standards prepared in methanol, toluene, or n-hexane.  

5.1.4. Data analysis 

The sorbent loading CS prior to extraction was calculated by mass balance: 

 =  −   
 (Eq. 14) 

Where Cspiked is the initially spiked compound concentration, CW the concentration in the aqueous phase after 

sorption, Vwater the water volume, and m the sorbent mass in the batch system.  

The mass desorbed (mdesorb) by the individual extraction steps was calculated utilizing the concentration of the 

target compound detected with GC-MS (CW, desorb) and the solvent volume used for extraction (Vextract). 

 = ,   (Eq. 15) 

Based on the initial sorbent loading CS and the mass desorbed mdesorb, the mass fractions extracted for each 

sequential extraction step and the non-extracted mass fractions were calculated. Further, based on the 

cumulative mass extracted, the share of each extraction step of the cumulative extracted mass was also 

calculated. 

Statistical analysis was carried out using the software SigmaPlot 12.0 (Sysstat Software Inc., USA). For each 

solvent used, the differences in fractions extracted between the four sorbents were assessed by using a one-

way analysis of variance (ANOVA) with the Student-Newman-Keuls (SNK) post-hoc test. For each sorbent, the 

differences between the fractions extracted by the four solvents were tested with a one-way ANOVA followed 

by the Tukey’s post-hoc test. For differences between TCE and PCE, and between the 0.01 and 0.1 SW pre-loading 

levels, a one-sided t-test was applied. Results of p < 0.05 were considered as statistically significant. 

 

5.2. Results and discussion 

Table 18 and Figure 19 display the fractions of TCE and PCE that are released by the five consecutive extraction 

steps at the three different tested concentration levels (0.01 SW, 0.1 SW, and SW). Results are expressed as the 

percentage of the total contaminant mass extracted. This presentation was chosen over the actual mass 

desorbed (e.g., mg of TCE or PCE) because the absolute sorption capacity between the four sorbents varies 

significantly (see chapter 3). The absolute mass released in each extraction step is additionally presented in 

Appendix A3 (Table A 21 and Table A 22).  
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On the first glance, one can see that there are notable differences between the four sorbents, the three 

concentration levels, and the two compounds. Although not all differences are statistically significant or could 

be tested (no statistics for the concentration level SW as no replicates were performed), some noteworthy trends 

are described in the following paragraphs. 

5.2.1. Total mass extracted – contribution of the different solvents 

The first two extraction steps were performed with water at 40°C and 80°C. For ease of interpretation, these 

two steps are summed up and interpretation is based on the cumulative water-released fraction (sum of 

extraction steps 1 and 2) in the following. 

 
Table 18: TCE and PCE fractions released by each of the five consecutive extraction steps as percentage of the 

total extracted mass. Values represent the mean values of three replicates ± standard deviation. Note that no 

replicate samples were available for the SW pre-loading level. 

 TCE  PCE 

 BC-CM BC-GH BC-WC AC  BC-CM BC-GH BC-WC AC 

 0.01 SW 

Water-1 [%] 5.8 ± 2.8 1.5 ± 0.5 1.4 ± 0.2 0.9 ± 0.4  4.5 ± 0.3 1.7 ± 0.7 0.7 ± 0.2 0.6 ± 0.1 

Water-2 [%] 4.4 ± 2.3 3.4 ± 1.4 2.7 ± 0.2 2.2 ± 0.4  6.0 ± 1.9 3.6 ± 0.5 2.4 ± 1.1 1.0 ± 0.1 

Sum water [%] 10 ± 3.6 4.9 ± 1.5 4.1 ± 0.3 3.1 ± 0.5  10 ± 2.0 5.3 ± 0.9 3.0 ± 1.1 1.6 ± 0.2 

Methanol [%] 48 ± 7.4 57 ± 5.8 62 ± 5.4 32 ± 4.1  55 ± 5.5 53 ± 3.7 48 ± 7.0 13 ± 4.0 

Toluene [%] 27 ± 2.3 26 ± 2.9 16 ± 7.3 44 ± 3.4  26 ± 4.3 23 ± 3.9 32 ± 4.9 71 ± 0.1 

n-hexane [%] 15 ± 0.5 12 ± 4.6 18 ± 12 20 ± 3.5  8.6 ± 1.0 19 ± 2.5 17 ± 2.9 15 ± 3.9 

 0.1 SW 

Water-1 [%] 26 ± 4.6 4.5 ± 1.1 4.5 ± 1.8 2.4 ± 0.2  11 ± 0.8 4.2 ± 2.0 2.1 ± 0.6 2.8 ± 0.5 

Water-2 [%] 5.6 ± 1.4 4.4 ± 1.9 4.1 ± 0.4 1.8 ± 0.4  4.6 ± 0.7 3.3 ± 1.2 4.0 ± 2.1 3.4 ± 0.8 

Sum water [%] 31 ± 4.8 9.0 ± 2.2 8.6 ± 1.8 4.2 ± 0.5  16 ± 1.1 7.5 ± 2.4 6.1 ± 2.2 6.2 ± 1.0 

Methanol [%] 49 ± 5.7 64 ± 3.1 65 ± 6.5 39 ± 0.8  48 ± 5.2 55 ± 3.0 53 ± 1.6 42 ± 2.9 

Toluene [%] 15 ± 1.5 20 ± 2.1 18 ± 2.9 37 ± 0.8  25 ± 1.8 24 ± 0.6 27 ± 1.2 30 ± 3.2 

n-hexane [%] 5.0 ± 1.0 7.0 ± 1.1 8.9 ± 1.4 20 ± 1.1  11 ± 2.2 14 ± 2.0 14 ± 0.6 22 ± 3.5 

 SW 

Water-1 [%] 44 18 17 6.3  16 12 3.8 5.0 

Water-2 [%] 12 9.0 7.3 5.4  7.0 9.5 4.9 1.8 

Sum water [%] 56 27 24 12  23 22 8.6 6.8 

Methanol [%] 24 36 37 36  57 46 55 30 

Toluene [%] 17 26 27 38  18 25 25 45 

n-hexane [%] 4.3 11 12 14  2.0 7.8 11 18 
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Figure 19: TCE and PCE extracted from the four sorbents (BC-CM, BC-GH, BC-WC, and AC) as percentage of the 

total mass extracted (= 100 %) at the three pre-loading levels 0.01 SW, 0.1 SW and SW, by the five sequential 

extraction steps (water-1, water-2, methanol, toluene, and n-hexane). Data represent the mean values of three 

replicates ± standard deviation (error bars). Note that for the SW pre-loading level no replicate samples were 

available. 

 
Mobilization by water 

At the lowest pre-loading level (0.01 SW), water released the highest fraction of TCE and PCE from BC-CM 

(TCE: 10 ± 3.6 %; PCE: 10 ± 2.0 %). This is, in both cases, a significantly higher fraction than mobilized from the 
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other three sorbents (p < 0.05). These follow with mass fractions all clearly below 10 % (Table 18). Concerning 

PCE, the fraction released by water from BC-GH is significantly higher than the fraction released from BC-WC 

and AC (p < 0.05), which are not statistically different from each other (p > 0.05). For TCE, there is no statistical 

difference in the water-mobilized fraction between any of these three sorbents (p > 0.05).  

The 0.1 SW pre-loading level presents a similar picture. For both compounds, a significantly higher fraction was 

released from BC-CM compared to the other three sorbents (p < 0.05), which do not show a significant 

difference between each other (p > 0.05).  

Although the results at the highest pre-loading level (SW) could not be statistically examined, a similar trend is 

also apparent in these data. Especially the water-released TCE fraction from BC-CM is notably higher than the 

fractions released from any of the other three sorbents.  

The differences between the three pre-loading levels are only significant in some cases. However, a general 

trend of increasing water-mobilized fraction from low to high pre-loading is evident (0.01 SW < 0.01 SW < SW). 

This is especially prominent in BC-CM, where the water-released fraction of 0.01 SW is significantly smaller than 

the share released at the 0.1 SW level (p < 0.05). This is the case for TCE and PCE. For TCE, this difference is also 

significant for BC-WC (p < 0.05), however not for BC-GH. 

Comparing the results of TCE and PCE, there is no statistical difference in the water-released fractions at the 

0.01 SW pre-loading level for any of the biochars (p > 0.05). However, at the 0.1 SW level, the water-released TCE 

fraction is significantly higher for BC-CM (p < 0.05). This difference between TCE and PCE appears to further 

increase at the SW level. For the three remaining sorbents, differences between TCE and PCE are small and do 

not follow a consistent trend.  

 
Mobilization by organic solvents 

Following the extraction with water, the samples were further sequentially extracted at 50°C with three different 

organic solvents: methanol, toluene, and n-hexane.  

For all biochars, methanol contributed the highest share to the total extracted mass of all solvents at the 0.01 SW 

and 0.1 SW pre-loading level.  

At the 0.01 SW pre-loading level, methanol mobilized a higher mass fraction from all biochars compared to AC 

(p < 0.05). This is the case for both TCE and PCE. While for PCE there is no difference in the methanol fraction 

between any of the three biochars, for TCE there is a significant difference between BC-CM and BC-WC 

(p < 0.05).  

At the 0.1 SW level, the picture is less clear. For TCE, a significantly lower fraction was released from AC compared 

to all three biochars (p < 0.05). Additionally, the methanol fraction released from BC-CM is significantly lower 

than released from the other two biochars (p < 0.05 for both BC-GH and BC-WC), which do not show a significant 

difference between each other (p > 0.05). For PCE, no difference was detected between AC and BC-CM 
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(p > 0.05). However, the fraction released from AC is significantly smaller compared to BC-WC and BC-GH 

(p < 0.05).  

At the highest pre-loading (SW), the trend for PCE is similar to the trends described for the lower concentration 

levels. The methanol fraction released from AC seems to be distinctly smaller than for the three biochars. 

However, for TCE the methanol-released fraction appears to be lowest for BC-CM, while there is no notable 

difference between BC-GH, BC-WC, and AC. 

When the data for TCE and PCE are compared, there is no consistent pattern. Considering differences between 

the pre-loading concentrations, no differences are detectable for the three biochars. However, when looking at 

AC, the methanol fraction is significantly lower at the 0.01 SW level for both compounds (p < 0.05).  

When the first three extraction steps are summed up (water-1, water-2, and methanol), it is interesting to note 

that there is only little difference between the three biochars at  the 0.01 SW and 0.1 SW pre-loading levels. For 

all three biochars, the majority of the extracted mass of TCE and PCE was mobilized in the first three extraction 

steps. Considering TCE, 59 to 66 % and 73 to 80 % of the extracted mass was mobilized at the 0.01 SW and 0.1 SW 

pre-loading level, respectively. For PCE, 51 to 66 % and 59 to 64 % of the extracted mass was mobilized in the 

first three steps for the 0.01 SW and 0.1 SW pre-loading level, respectively. For TCE, these values are not 

significantly different for the three biochars at both concentration levels (p > 0.05). For PCE, there is no 

significant difference between the three biochars at 0.01 SW level. At the 0.1 SW pre-loading level, the cumulative 

fraction released from BC-CM is statistically smaller than the BC-WC fraction (p < 0.05). However, BC-GH is not 

distinct compared to both BC-CM and BC-WC (p > 0.05). At the SW pre-loading level, the cumulative extracted 

fraction seems to increase following the order BC-CM, BC-GH, BC-WC, and AC for both compounds. 

In general, the cumulative released fraction tends to be smaller at the 0.01 SW level, but only statistically 

significant for TCE released from BC-CM (p < 0.05). Differences between TCE and PCE are small at the 0.01 SW 

level. At the 0.1 SW level, significantly more TCE than PCE was cumulatively released in the first three extraction 

steps (p < 0.05). 

In contrast, AC showed a significantly lower cumulative fraction extracted compared to all biochars (p < 0.05). 

This was the case for both compounds and at both pre-loading levels. Further, the cumulative fraction released 

is significantly smaller at the 0.01 SW pre-loading level for both tested compounds (0.01 SW < 0.1 SW; p < 0.05 for 

TCE and PCE). 

In the fourth extraction step with toluene, the most notable observation is that it contributed the highest share 

of the total extracted mass in the AC experiments at the 0.01 SW level (TCE: 44 ± 3.4 %; PCE: 71 ± 0.1 %; p < 0.05). 

In the 0.01 SW and 0.1 SW experiments, the toluene-released fractions are smaller than the share released by 

methanol (p < 0.05). Although not statistically confirmed, a similar trend is also apparent in these data at the 

highest pre-loading level (SW).  
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For the three biochars, the mass fractions extracted by toluene are comparably small at all pre-loading levels 

(Table 18), probably owing to the fact that the three previous extraction steps already contributed a big share 

to the total extractable mass. Differences between the biochars are generally small or not detectable.  

The final extraction step with n-hexane only released a comparably low fraction for all sorbents (Table 18). Its 

share of the total extractable mass is the lowest for BC-CM. However, differences between the sorbents and 

concentration levels are small and do not show a consistent trend. 

5.2.2. Unextractable fraction 

For further evaluation, the data are now related to the actual mass that was pre-loaded onto the sorbents in the 

batch system. Biochar BC-CM was excluded from this evaluation, as due to very low sorption in the pre-loading 

step, it was not possible to determine the non-extractable mass fraction for this sorbent.  

Further, the SW pre-loading level is not included here, because the experimental set-up did not allow to quantify 

the total pre-loaded mass of these samples. All data are displayed in Table 19 and Figure 20. 

 
Table 19: TCE and PCE fractions released for each extraction step as percentage of the total pre-loaded mass. 

Values represent the mean values of three replicates ± standard deviation. 

 TCE  PCE 

 BC-GH BC-WC AC  BC-GH BC-WC AC 

 0.01 SW 

Water-1 [%] 1.8 ± 0.6 1.3 ± 0.3 0.7 ± 0.3  1.0 ± 0.4 0.3 ± 0.1 0.7 ± 0.1 

Water-2 [%] 4.0 ± 1.7 2.4 ± 0.1 1.8 ± 0.2  2.1 ± 0.4 0.9 ± 0.5 1.1 ± 0.2 

Sum water [%] 5.8 ± 1.8 3.7 ± 0.4 2.6 ± 0.4  3.1 ± 0.6 1.2 ± 0.5 1.9 ± 0.2 

Methanol [%] 67 ± 4.6 56 ± 7.9 27 ± 3.4  31 ± 3.5 19 ± 5.0 16 ± 6.1 

Toluene [%] 31 ± 4.4 15 ± 7.2 37 ± 7.8  14 ± 2.6 12 ± 0.7 84 ± 7.4 

n-hexane [%] 14 ± 5.9 15 ± 9.4 17 ± 2.1  11 ± 0.8 6.5 ± 0.6 17 ± 3.2 

Not extracted [%] -18 ± 4.0 10 ± 5.8 17 ± 11  41 ± 4.2 61 ± 4.3 -19 ± 10 

 0.1 SW 

Water-1 [%] 5.5 ± 1.0 4.3 ± 1.2 2.5 ± 0.4  2.9 ± 1.4 0.9 ± 0.2 2.1 ± 0.4 

Water-2 [%] 5.4 ± 2.1 4.0 ± 0.1 1.9 ± 0.5  2.2 ± 0.9 1.6 ± 0.7 2.4 ± 0.6 

Sum water [%] 11 ± 2.3 8.4 ± 1.2 4.4 ± 0.7  5.1 ± 1.7 2.5 ± 0.7 4.5 ± 0.7 

Methanol [%] 80 ± 12 66 ± 15 40 ± 2.4  37 ± 2.3 23 ± 2.9 31 ± 5.0 

Toluene [%] 24 ± 2.2 17 ± 0.7 38 ± 3.3  16 ± 0.7 12 ± 1.4 22 ± 3.1 

n-hexane [%] 8.7 ± 1.7 8.8 ± 0.3 21 ± 1.7  9.5 ± 1.1 5.9 ± 0.8 16 ± 1.7 

Not extracted [%] -24 ± 13 -0.6 ± 13 -3.2 ± 7.6  32 ± 1.7 57 ± 4.2 27 ± 6.6 
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Figure 20: TCE and PCE fractions extracted from the three sorbents (BC-GH, BC-WC, and AC) as percentage of 

the total pre-loaded mass at the pre-loading levels 0.01 SW and 0.1 SW extracted by the five sequential extraction 

steps (water-1, water-2, methanol, toluene, and n-hexane). Data represent the mean values of three replicates 

± standard deviation (error bars).  

 
Figure 20 shows the cumulative and solvent-specific mass fractions of TCE and PCE that were extracted at the 

two investigated concentration levels (0.01 SW and 0.1 SW).  

It is worth noting that the total TCE fraction that was extracted from BC-GH clearly exceeds 100 % at both pre-

loading levels (118 ± 8.9 % and 124 ± 13 % for 0.01 and 0.1 SW respectively). This is also the case for PCE extracted 

from AC at the 0.01 SW level (119 ± 10 %). However, except for TCE extracted from BC-GH at the 0.1 SW level, the 

results are not statistically different from 100 %. Two possible reasons for these high extraction results are either 

a ”contamination” of the sorbents prior to loading or a systematic error in the results due to the experimental 

or analytical set-up used. Although this can influence the absolute numbers presented here, it does not change 

the general trends that can be observed in the data set. 

The mass fraction that was not extracted at the end of the experiment varies from around 0 % (several samples 

show negative values, all except TCE pre-loaded onto BC-GH at the 0.01 SW level are not statistically different 

from 0 %; p > 0.05) to up to 61 ± 4.3 % (PCE pre-loaded onto BC-WC at the 0.01 SW level).  
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On a first glance, the extraction patterns of TCE and PCE show some distinct features. The non-extractable TCE 

fraction is significantly lower for BC-GH at the 0.01 SW pre-loading level (p < 0.05), while BC-WC and AC do not 

show a significant difference (p > 0.05). At the 0.1 SW level, this trend is visible, but is not statistically significant. 

For PCE, the non-extractable fraction is highest for BC-WC at both pre-loading levels (p < 0.05), and tends to 

decrease over BC-GH to AC. 

For both analyzed biochars, the fraction that remained un-extracted at the end of the experiment is higher for 

PCE compared to TCE (p < 0.05). This is the case at both pre-loading levels. Considering AC, at the 0.01 SW 

concentration level the non-extractable fraction was higher for TCE, while at 0.1 SW, PCE shows the higher non-

extractable fraction (both p < 0.05).  

Differences between the two pre-loading levels do not show any consistent pattern. The non-extractable 

fraction tends to be higher at the 0.01 SW level, except for the case of PCE sorbed on AC, where it is clearly higher 

at the 0.1 SW level. However, most of these differences are not statistically significant.  

Water released between 1.2 ± 0.5 % (PCE BC-WC 0.01 SW) and 11 ± 2.3 % (TCE BC-GH 0.1 SW) of the total pre-

loaded mass. At both pre-loading levels, BC-GH tends to release the highest fraction for sorbed TCE and PCE. As 

already observed for the total mass extracted, water tends to mobilize a higher fraction of TCE compared to PCE 

from the biochars. However, only at the 0.1 SW pre-loading level this difference is actually statistically significant 

(p < 0.05; for BC-GH and BC-WC). This supports the trend of more pronounced differences at higher pre-loading 

levels, as already observed in the total mass data. This goes in line with the water-released fraction also being 

smaller at the 0.01 SW level for all sorbents. This trend is more pronounced for TCE, where the data are actually 

statistically significant (TCE 0.01 SW < TCE 0.1 SW; p < 0.05). For PCE, the difference between the pre-loading 

levels is only statistically significant for AC (p < 0.05).  

The fraction extracted by methanol varied notably between the different sorbents. For TCE, it tends to increase 

from AC over BC-WC to BC-GH. For PCE, the fraction released from BC-WC and AC are similar, but lower than 

what was released from BC-GH. These trends are apparent at both concentration levels. Further, for both 

biochars the methanol-extracted fraction is higher for TCE compared to PCE (p < 0.05). This is the case for both 

pre-loading levels. A similar trend is also evident for AC, however only significant at the 0.1 SW level. Generally, 

differences are more pronounced in the experiments conducted with TCE. 

Compared to methanol, the subsequent toluene extraction step released notably smaller fractions of TCE and 

PCE from both biochars. Thereby, the TCE fraction tends to be higher. This is statistically significant for BC-GH at 

the 0.01 SW level and for both biochars at the 0.1 SW level (p < 0.05). The toluene-released fraction increased 

from BC-WC over BC-GH to AC at both pre-loading levels and for both compounds. Although differences 

between sorbents are not statistically significant in all cases at the 0.01 SW level, there is a significant difference 

between all three sorbents at the 0.1 SW level (p < 0.05). This is the case for both compounds. Generally, the 

highest fraction was released from AC with 84 ± 7.4 % of sorbed PCE at the 0.01 SW level. This is significantly 

higher than any other extracted fraction.  
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Considering the final extraction step with n-hexane, only small mass fractions were released compared to the 

preceding methanol and toluene steps. For TCE, there is no difference in the n-hexane extracted fraction 

between the three sorbents at the 0.01 SW level. However, at the higher 0.1 SW level, the fraction released from 

AC is significantly larger than for the two biochars (p < 0.05). Looking at PCE, there is a significant difference in 

the n-hexane-extracted fraction between all three sorbents at both concentration levels (p < 0.05). At both 

levels, it increases from BC-WC over BC-GH to AC. There are little to no differences between TCE and PCE, as 

well as between the two pre-loading levels. 

5.2.3. Influence of sorbent properties on contaminant release 

As described in the previous sections, there are distinct differences in the release behavior of the four 

investigated sorbents. Although not all described differences are statistically significant, there are noticeable 

trends that can be seen throughout the data set. As the four sorbents have distinct physical and chemical 

properties, their individual extraction behavior is likely a function of these characteristics. 

BC-CM shows the highest water-extractable fraction for TCE and PCE at all three pre-loading levels. Compared 

to the other three sorbents, BC-CM only exhibits a rather small SSA, mostly comprising of external surface area 

(SSAext) in its mesopores. In contrast, BC-GH, BC-WC, and AC are microporous sorbents and contain a significantly 

higher specific surface area.  

Several researchers reported that sorption irreversibility, sorbate extractability, and sorption hysteresis are 

strongly influenced by sorbent properties, especially by their pore structure. Wang et al. (2017) reported that 

irreversible sorption of different organic contaminants increased with decreasing biochar pore size. Yu et al. 

(2010) found that irreversible sorption of pyrimethanil was higher in a biochar with large surface area and high 

mircoporosity, and molecules sorbed in larger pores could “escape” more easily upon desorption. This could 

explain the comparably large fraction of TCE and PCE that was easily extracted from BC-CM in the first two 

extraction steps. Its relatively large pores allow water to access the sorbed molecules and release them into the 

bulk solution. In contrast, molecules sorbed in narrow micropores, as present in BC-GH, BC-WC, and AC, can 

become tightly trapped and are not easily accessible for desorption by water. These narrow pores are often 

considered “high-energy” sorption sites (e.g., Lastoskie et al., 1993; Yuan et al., 2021). Therefore, compounds 

sorbed via micropore-filling might be more resistant to immediate extraction and desorption.  

This could not only explain the differences between the different sorbents but also the trend of increasing water-

released fraction with increasing pre-loading level. As described in chapter 3, pore-filling dominates the sorption 

process at lower equilibrium concentrations. When the sorbent is approaching saturation at higher aqueous 

concentrations, TCE and PCE increasingly bind to less favorable sorption sites as high-energy sites become 

saturated (pores become filled). As the three pre-loading levels can be interpreted as increasing aqueous 

concentrations on an isotherm, the desorption from low-energy sites at higher concentration could explain the 

concentration-dependent release behavior of TCE and PCE. Similar findings were recently reported by Yuan et 
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al. (2021). They showed that sorption irreversibility of microcystin-LR from different biochars decreased with 

increasing aqueous equilibrium concentration.  

This behavior should be more prominent in sorbents with lower porosity. Indeed, when locking at Figure 19 this 

trend is most pronounced in BC-CM, the sorbent with the lowest pore volume and smallest contribution of pore-

filling to overall sorption (see chapter 3). The contribution of the water-released fraction to the total extracted 

mass notably increases from 0.01 SW over 0.01 SW to SW. 

Further, BC-CM is the sorbent with the highest polarity (see section 3.2.1). As water is a polar solvent, this could 

facilitate the accessibility of the sorbent surface and matrix for water molecules and alleviate the release of 

sorbed molecules. In contrast, the higher bulk hydrophobicity of BC-GH, BC-WC, and AC might hinder polar water 

molecules to approach the sorbent surface or penetrate the sorbent matrix. This could also be one reason for 

the lower water-extractable fraction of these three sorbents, compared to the less hydrophobic BC-CM. This is 

in line with findings by Jonker and Koelmans (2002), who hypothesized that low aqueous extraction recoveries 

of PAHs from soot was the result of the hydrophobic nature of soot that limited the ability of water molecules 

to penetrate the soot matrix.  

The differences in the water-released fractions between TCE and PCE are small and likely a result of their 

difference in water solubility. TCE’s water solubility is about one order of magnitude higher than PCE (see 

Table 1), which increases its tendency to be released into the bulk solution. 

Another factor reported in the literature that can affect the desorption of organic contaminants are leachable 

compounds, like LOC. Wang et al. (2017) found that the presence of LOC in biochars significantly affected 

irreversible sorption. The hysteresis index of atrazine sorption decreased after the removal of LOC from the 

sorbent, indicating that the presence of LOC in biochars can hinder desorption.  

On a first glance, this is contradicting to the findings where BC-CM with high amounts of LOC (see section 4.2) 

shows a rather high extractability of sorbed molecules. However, during the extraction process, LOC is also 

mobilized and released into the bulk solution. This could increase the overall desorption of compounds in two 

possible ways. First, when LOC is removed from pores in the initial extraction step, this could open up new 

pathways for solvents to enter the sorbent matrix in subsequent extraction cycles and facilitate further 

desorption. Further, LOC might initially act as a sorption site for organic compounds. Upon its release, it could 

simultaneously remove compounds from the sorbent matrix, which are subsequently released into the bulk 

solution. 

As described previously, more than 50 % of the extracted TCE and PCE mass was released from the biochars in 

the first three extraction steps. In contrast, a much smaller cumulative fraction of both contaminants was 

released from AC in the initial three extractions. Especially at the lower pre-loading level 0.01 SW, the majority 

of the total extractable TCE and PCE is only mobilized from AC by the more hydrophobic solvents toluene and n-

hexane. Jonker and Koelmans (2002) hypothesized that besides the accessibility of the sorbed compound, also 

the displacement capacity of the used solvent plays an important role in extraction recoveries of PAHs from 
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soot. This might also play a role in the data set here presented. AC has a significantly higher bulk hydrophobicity 

compared to the three biochars. Therefore, desorption is mainly achieved by the less polar and more 

hydrophobic solvents toluene and n-hexane. Further, toluene, as an aromatic solvent, might be able to displace 

molecules, sorbed via interaction of attracting π-systems, more effectively. This could explain the high 

contribution of the toluene extract to the total extractable fraction from AC, as it is the sorbent with the highest 

aromaticity (see Table 2). 

The overall extractability of the sorbed compounds from the different investigated sorbents (Figure 20), can be 

interpreted as a result of the interplay of these different sorbent- and compound-controlled mechanisms.  

It should be noted that in experiments conducted with TCE at the 0.1 SW level, the entire pre-loaded mass was 

recovered from both biochars and the AC sample. In the remaining three experiments (TCE at 0.01 SW and PCE 

at both pre-loading levels), it is evident that a larger contaminant fraction remained un-extractable from BC-WC 

compared to BC-GH for both compounds. Also, for the two investigated biochars, the fraction of the pre-loaded 

mass recovered at the end of the experiments was clearly lower for PCE compared to TCE, at both studied pre-

loading levels.  

PCE is the more hydrophobic molecule (see Table 1), which should generally result in a higher affinity towards 

carbonaceous sorbents. However, as previously shown in the adsorption experiments (see chapter 3), this can 

be overridden by effects governed by sorbent properties, for example size exclusion. The interplay of these two 

effects is also evident in the biochar extraction data. Although the overall adsorption on both investigated 

biochars is higher for TCE (see chapter 3), PCE seems to be more resistant to desorption, likely because of its 

higher hydrophobicity. Additionally, desorption of both compounds is also influenced by the biochars’ structural 

properties, i.e., pore size distribution and mircoporosity, especially at the lower pre-loading level. As the biochar 

with the highest micropore volume, BC-WC shows a larger un-extractable fraction compared to BC-GH in both 

experiments with PCE and in the 0.01 SW experiments with TCE. This is in line with previous studies by Wang et 

al. (2017) who showed that irreversible sorption in biochars increased with increasing micropore volume. The 

un-extractable fraction tends to be higher at the 0.01 SW level, which supports the hypothesis of micropore 

trapping in biochars being more pronounced at lower concentration levels (Yuan et al., 2021) and lower 

hysteresis at higher sorbate concentrations (Braida et al., 2003). 

According to work done by Pignatello and co-workers (Lu and Pignatello, 2002; Braida et al., 2003; Sander et al., 

2006), this trapping of sorbates upon desorption can be caused by pore deformation. It is the result of the 

swelling or structural expansion of the sorbent matrix caused by the incoming solute, which results in 

deformation of the pore structure and possibly the opening of previously closed sectors in the sorbent matrix 

(Braida et al., 2003). Upon desorption, solute molecules can be trapped in these sectors, figuratively described 

as “(…) the door shuts behind the adsorbate (…)” by Braida et al. (2003). Additionally, this structural expansion 

is often not fully reversible (Braida et al., 2003; Pignatello, 2011) and therefore can lead to a higher affinity of 

the sorbate towards the sorbent upon desorption. Braida et al. (2003) also suggested that softening and 
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resulting irreversible sorption/hysteresis depends on the sorbate structure, indicating that differences in 

desorption behavior of TCE and PCE might also be influenced by pore deformation. For example, TCE as the 

molecule with the lower molar volume and smaller dimensions (see Table 1) likely exerts lower pressure on the 

internal biochar pore structure, leading to lower matrix expansion and, in turn, lower irreversible sorption 

(Pignatello, 2011). 

It is reasonable to expect that these mechanisms also govern the extractability of TCE and PCE from AC. Indeed, 

ElHaddad et al. (2013) detected a significant sorption hysteresis in experiments with both charcoal and AC. 

Thereby, the fraction considered as desorption-resistant was lower for AC compared to the tested charcoal 

sample for all four tested organic compounds, with no detectable concentration dependency (ElHaddad et al., 

2013). The results obtained from AC experiments in the present study show a less coherent picture. Considering 

TCE, the un-extractable fraction at the 0.01 SW level is similar to BC-WC and notably higher than determined for 

BC-GH. At the 0.1 SW pre-loading level, the entire adsorbed TCE mass was recovered at the end of the 

experiment. In contrast, for PCE this was the case at the 0.01 SW pre-loading level, whereby a significant fraction 

remained unextracted at the 0.1 SW level. Generally, the PCE fraction remaining unextractable from AC at the 

end of the experiments tended to be lower than determined for the two biochars. These differences between 

TCE and PCE are especially surprising, because solubility-normalized adsorption isotherms of both compounds 

on AC did not show a significant difference (see section 3.2.2). Although TCE results are in line with the pore 

deformation hypothesis, it cannot explain the desorption pattern observed for PCE. This suggests that additional 

mechanisms also influence the remobilization behavior of organic compounds from AC.  

 

5.3. Conclusions 

The presented adsorption-extraction experiments illustrate that the properties of carbonaceous sorbents can 

have a pronounced influence on the remobilization behavior of sorbed organic contaminants. Generally, water 

was only able to mobilize a comparably low fraction of the actual extractable mass. Thereby, a significantly 

higher mobilized fraction of TCE and PCE was water-extractable from BC-CM, the polar, low surface area, 

mesoporous biochar compared to the three more hydrophobic sorbents (BC-GH, BC-WC, and AC) containing 

significant micropore volume. This is accompanied by a pronounced concentration effect where the water-

extractable fraction of the overall mobilized mass notably increases with increasing pre-loading concentration. 

These results indicate that contaminant trapping in narrow micropores, especially at low concentrations, 

significantly influences the release behavior of sorbed compounds. Additionally, overall matrix and pore 

accessibility governed by sorbent bulk hydrophobicity also seem to play an important role. This is further 

supported by the high contribution of toluene to the extractable mass in AC experiment, due to its high 

hydrophobicity and aromaticity. In addition, the mobilization of LOC during extraction likely also contributes to 

organic contaminant release.  
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While no results could be obtained for the overall extractability from the manure-based biochar BC-CM, results 

from the two plant-based biochars (BC-GH and BC-WC) showed that PCE was more resistant to extraction 

compared to TCE. Despite its higher initial adsorption due to advantages in pore accessibility (see chapter 3), 

TCE tends to be mobilized more easily, as it would be expected from its lower logKOW. While the total sorbed 

TCE mass was recovered in the experiment at high pre-loading, significantly lower extractability was observed 

for TCE at low pre-loading and both PCE experiments. Together with the prominent influence of mircoporosity 

on contaminant extractability, this supports the hypothesis of contaminant trapping caused by swelling and 

deformation of the pore structure as a cause for irreversible sorption in the investigated biochars. Although 

results for the overall extractability from AC are less conclusive, pore deformation likely also plays a role for this 

sorbent.  
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6. Overall conclusions and outlook 

The overall aim of this thesis was to get a better understanding of biochar-pollutant interaction and expand the 

knowledge on the underlying mechanisms that drive the sorption and remobilization of organic compounds on 

biochar. To this end, a number of overall conclusions can be drawn from the results described in the three core 

chapters of this thesis. 

The single and bi-solute adsorption experiments presented in chapter 3 showed that all three biochars, 

produced from different feedstock materials, are effective sorbents for chlorinated hydrocarbons. Biochars’ 

distinct properties, such as polarity, micropore volume, and pore size distribution, have a pronounced influence 

on the sorption mechanisms involved. Although their overall sorption capacity is lower compared to activated 

carbon, the biochars show some distinct advantages, especially in bi-solute systems. Sorption to activated 

carbon in mixed contaminant systems is affected by strong competition, significantly suppressing sorption of 

the compound with the lower hydrophobicity. Competitive effects were also evident for all biochars, but all 

three sorbents still sorbed significant amounts of both compounds. Thereby, the overall sorbed contaminant 

volume was higher than in single-solute experiments. Further, plant-based, microporous biochars show stronger 

competition with a pronounced concentration effect. In case of the manure-based biochar, competition is less 

pronounced and not concentration-dependent. These results indicate that biochars with a large partitioning 

domain facilitate non-competitive sorption, thereby offering the option for enhanced overall sorption in bi-

solute systems.  

This aspect is especially interesting for the application of biochars in water treatment, where usually a variety 

of different contaminants are present simultaneously. Activated carbon is a tried and tested material that can 

be used in water treatment as an additional filtration step. Its overall superior sorption capacity for most 

contaminants is the result of high surface area and microporosity (as shown in chapter 3). However, activated 

carbons are usually highly engineered materials, often customized for specific applications or contaminant 

groups. In contrast, biochar is a more heterogenous material containing a variety of different sorption sites, 

including micro- and mesopores, different functional groups, and partitioning domains. This offers the option to 

simultaneously sorb a wide range of compounds with different physical and chemical properties, especially if 

these are present in relatively low concentrations.  

The applicability of biochar in sewage (e.g., Dalahmeh et al., 2018), stormwater (e.g., Lu and Chen, 2018), and 

wastewater (e.g., Perez-Mercado et al., 2018) treatment systems has been demonstrated in recent years in 

several bench scale column experiments. However, batch experiments still represent the majority of the 

literature body. Only very few studies investigating the performance of biochar under real-world conditions are 

available (e.g., Ashoori et al., 2019; Blum et al., 2019). Therefore, there is a clear research need for larger scale 

studies investigating the effectiveness of biochars in filtration systems, for instance in larger column experiments 
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or pilot water treatment plants. Thereby, especially engineering aspects (e.g., filter design and operation) as well 

as long-term studies should be considered. 

With the leaching experiments presented in chapter 4, one aspect in long-term effectiveness of biochars was 

investigated. The results showed that the sorption behavior of biochars is not constant and can be significantly 

altered through the release of LOC and mineral elements. This highlights that when biochars are applied in 

remediation efforts, either in water or soil, it is important to consider that their sorption properties may change 

over time, depending on their initial characteristics and the feedstock material used. The experiments revealed 

that the release of soluble constituents during “aging“ can enhance sorption of organic contaminants. However, 

“aging” encompasses a variety of mechanisms, including chemical, biological, and physical processes (Wang et 

al., 2020), which may result in a range of different effects. These can either enhance sorption, as revealed in the 

present study or in experiments by Ghaffar et al. (2015) and Feng et al. (2018), or attenuate sorption as shown 

by Luo et al. (2017) and Ren et al. (2018b). This is not only an effect of different aging mechanisms, but also the 

result of different sorption mechanisms, which greatly differ depending on the properties of the sorbing 

compound and the biochar.  

Although great efforts have been made over the last decades to simulate biochar aging using different 

techniques, it remains difficult to predict the long-term effects of environmental exposure on biochar properties 

and their impact on contaminant sorption. Therefore, clearly more long-term studies especially under real-world 

conditions are warranted. The topic of biochar aging applied as filter material in water treatment has not 

received much attention. Thus, research into aspects such as filter clogging, or regeneration of used material 

should be considered in future studies. 

Besides the long-term sorption performance, sorption reversibility is another crucial aspect in the overall 

applicability of biochars in remediation technologies. The experiments presented in chapter 5, showed that 

sorbent properties have a distinct influence on the remobilization of sorbed organic contaminants. Water was 

only able to mobilize a comparatively low contaminant fraction of the actually extractable mass, indicating that 

under environmental conditions pollutants might not be easily mobilized. Thereby, a significantly higher 

pollutant fraction was water-extractable from the polar, low surface area, mesoporous biochar compared to the 

three more hydrophobic sorbents (plant-based biochars and activated carbon) containing significant micropore 

volume. This aspect is especially interesting, as it suggests that contaminants trapped in small pores are likely 

more resistant to immediate and long-term remobilization. Thereby, the overall matrix and pore accessibility 

seems to play an important role. 

These findings have immediate implications for the environmental fate of organic compounds in water and soil.  

Long-term immobilization in soil can reduce pollutant transport through the soil profile and leaching into 

groundwater. Further, it is likely that strong, resistant sorption reduces the bioavailability of pollutants to soil 

organisms and plants, which has been shown, for example, by Gomez-Eyles et al. (2011) for PAH-contaminated 
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soil. Decreased bioavailability often also leads to a decrease in toxicity to soil microorganisms (Bielská et al., 

2017) and plants (Jośko et al., 2013).  

However, immobilizing contaminants is usually not the ultimate goal of remediation efforts, as it is only an 

intermediate solution to reduce risks. Rather, biodegradation and following de-toxification of contaminants is 

often the preferred option. However, limiting the bioavailability of compounds to soil microorganisms could 

inhibit the potential for this process. This has been observed, for example, by Marchal et al. (2013) for 

phenanthrene in biochar- and activated carbon-amended soils, where they identified desorption as the rate-

limiting step for pollutant degradation. Thereby, activated carbon had a more pronounced negative impact on 

biodegradation, because it reduced the bioavailability more effectively. This is in line with the findings that a 

lower contaminant fraction is easily mobilized from microporous sorbents. It suggests that these sorbents could 

be the preferred option for immobilization. However, if remediation efforts rely on biodegradation and finally 

mineralization of the pollutants, biochars with more easily “accessible” sorption sites that allow slow 

remobilization of sorbed compounds might be the better option. Further benefits of biochars are their potential 

to enhance biodegradation, for instance, by providing shelter to degrading microorganism, supplying nutrients, 

and by improving the overall soil properties (Zhu et al., 2017 and references therein).  

Additionally to biochar’s advantages as a sorbent from a mechanistic point of view, several researchers have 

suggested that it is a more environmentally friendly material compared to conventional activated carbon (e.g., 

Alhashimi and Aktas, 2017). In recent years, several researchers compared the environmental impact of biochar 

and activated carbon as an adsorbent material using life cycle assessments (e.g., Alhashimi and Aktas, 2017; 

Moreira et al., 2017). Thompson et al. (2016) specifically evaluated the viability of wood-derived biochars in 

wastewater treatment, compared to activated carbon, considering environmental and economic aspects. All 

three studies found that biochar usually has a lower environmental impact compared to activated carbon, 

showing that biochar can be a low-cost alternative in water treatment. However, Alhashimi and Aktas (2017) 

pointed out that there is still a lack of consistent data on the performance of biochars as a reliable adsorbent. 

To this end, the work presented in this thesis hopefully contributes to a better understanding of biochar-

pollutant interaction, showing that biochar is a viable and safe alternative to conventional activated carbon. 

While biochar has been proposed as a promising option for water filtration systems by many researchers, 

examples of commercial real-world applications are scarce. Researchers from the University of Idaho in the US 

developed and patented a biochar-based water treatment system called N-E-W TechTM, which “promises to 

remove organic and mineral contaminants in wastewater with high efficiency and generate energy while using 

the minerals it strips from water to produce fertilizer” (University of Idaho, 2021). Another example is the 

consortium “Aqueous Solutions”, which promotes the use of small-scale biochar filter systems in Southeast Asia 

(Aqueous Solutions, 2021). Although these examples highlight that biochar is increasingly recognized in the 

commercial sector as a valuable adsorbent material, important knowledge on the long-term performance and 

large-scale applicability of such systems is still limited. Therefore, larger scale column experiments or 
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experiments in pilot plants alongside established sorbent materials (e.g., activated carbon) using actual pre-

treated wastewater could be the next step towards real-world applications. 

Commercial application of biochar in the remediation of soils contaminated with organic compounds has not 

yet attracted much attention. This is probably also caused by the lack of knowledge on long-term performance 

of biochar amendments on contaminated sites, as only a limited number of field studies have been conducted 

(see section 2.6). This highlights the urgent need for more large scale and long-term studies. Thereby, lysimeter 

trials might be a good alternative to full field trials as they allow to study all environmental compartments. In 

this way, the effect of biochar amendments on the fate of organic pollutants under real-world conditions could 

be investigated without the risk of triggering unintended consequences off site (e.g., leaching into the 

groundwater). A special focus should be placed on effects of different soil types and the influence of climatic 

conditions on the long-term stability and sorptive performance of biochars in soil. On the way towards a better 

understanding of biochar aging and stability in soil, the U.S. Department of Agriculture (USDA) has launched a 

citizen science project, in which they ask participants all over the world to burry small bags of biochar in their 

local soil for a set period of time. They hope to generate a data set that will help to better understand “the 

factors determining the fate and disintegration of the same biochar located at different locations” (USDA, 2021). 

Following such initiatives, the effect of biochar on the fate of organic compounds should be studied in a variety 

of different soils over longer time periods under controlled conditions to establish a better mechanistic 

understanding of the biological, chemical, and physical processes taking place. This will allow practitioners to 

make better informed decisions before starting to put biochar concepts into practice. 

Besides the application of biochar alone, several researchers have been working on innovative concepts 

combining biochar with other smart materials for remediation. Recently, a pilot field study was conducted in 

China applying biochar-supported nano zero-valent iron (nZVI) for the remediation of groundwater 

contaminated with chlorinated hydrocarbons (Qian et al., 2020). The researchers were able to show that the 

addition of biochar increased degradation and helped to maintain the effectiveness of nZVI over a period of up 

to 42 days after its injection into the aquifer. However, several questions, e.g., concerning the behavior of 

biochar in the subsurface, its stability, and its potential transport off-site remained unanswered, and clearly 

more research is needed before biochar can be applied for groundwater remediation on a larger scale. 

Nevertheless, this example highlights that biochar is a material that can be applied in combination with already 

existing technologies to support or enhance remediation efforts. 

Besides field experiments, also more targeted laboratory experiments could be helpful to answer specific open 

questions. The experimental set-up presented in chapter 5 quantified the amount of non-extractable 

contaminant by a calculated mass balance instead of direct measurements. However, it is difficult to quantify 

the uncertainty of this approach. A valuable tool to study the fate of organic compounds in sorption experiments 

more directly can be the use of radio-labelled materials as shown, for example, by Mendes et al. (2020) in a 

adsorption/desorption study of three different pesticides using 14C-labelled compounds. This approach would 
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offer the possibility to quantify the amount of irreversibly sorbed target compound and obtain a fully closed 

mass balance by analyzing the radioactivity remaining in the extracted/desorbed biochar samples via 

combustion and subsequent quantification of the evolved and trapped 14CO2 by liquid scintillation counting. 

Overall, the results from this thesis highlight that biochar is an excellent sorption material and has great potential 

for a variety of different applications in environmental remediation technologies. 
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Appendix 

Appendix A1: Details on the Web of Science bibliographic search 

The bibliographic search was conducted in the “Web of Science Core Collection” using the advanced search 

mode. For the document type, the option “all document types” was selected. Results were restricted to items 

published in English language only. The search was limited to research items published starting from the year 

1995 until 2020 (“PY = 1995-2020”). In combination with the publishing year, the database was screened for 

selected topics using different search terms using the “Topic” field (“TS = Topic”; comprising title, abstract, 

keywords, keywords plus). The following five search queries were used: 

1, PY=1995-2020 

2, PY=1995-2020 AND TS=biochar 

3, PY=1995-2020 AND TS=(biochar AND soil) 

4, PY=1995-2020 AND TS=(biochar AND remediation) 

5, PY=1995-2020 AND TS=(biochar AND *sorption) 

 

The results obtained from search query 1, (“PY=1995-2020”) were used for normalization, resulting in the 

fraction of items listed in the “Web of Science Core Collection”. 
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Appendix A2: Additional figures 

 

Figure A 1: Plot of CS [mg g-1] versus time [minutes] showing exemplary data of preliminary experiments 

performed to select a suitable equilibration time for the batch experiments. 
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Figure A 2: Plot of the argon adsorption BET-isotherms for the determination of the specific surface area of the 

original sorbents (BC-WC, BC-GH, BC-CM, and AC). 
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Figure A 3: Plot of the argon adsorption BET-isotherms for the determination of the specific surface area of the 

leached biochars (BC-WC, BC-GH, and BC-CM). 

 

 
Figure A 4: Sorption isotherms of TCE (orange) and PCE (blue) on the three leached biochars normalized to the 

water solubility (SW) plotted on a log-log scale. Different symbols refer to sorbents as follows: ♦ BC-WC, ● BC-

GH, and ■ BC-CM. Data points represent the mean of triplicate samples. All error bars are within symbol size. 
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Appendix A3: Additional raw data 

Table A 1: Raw data for the single compound sorption isotherm of TCE on BC-CM. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 0.07 g 

1 1.18 1,175 

2 1.16 1,163 

3 1.17 1,169 

1.7 mg L-1, 0.026 g 

1 2.03 2,025 

2 2.05 2,052 

3 2.05 2,049 

22 mg L-1, 0.27 g 

1 3.24 3,237 

2 3.25 3,249 

3 3.25 3,248 

22 mg L-1, 0.12 g 

1 4.73 4,732 

2 4.81 4,810 

3 4.79 4,789 

110 mg L-1, 0.5 g 

1 7.54 7,538 

2 7.77 7,770 

3 7.87 7,870 

110 mg L-1, 0.15 g 

1 11.2 11,212 

2 10.9 10,880 

3 10.7 10,654 
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Table A 2: Raw data for the single compound sorption isotherm of TCE on BC-GH. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 9.3 mg 

1 0.331 8,322 

2 0.342 8,270 

3 0.336 8,298 

1.7 mg L-1, 3.7 mg 

1 0.912 13,214 

2 0.951 12,675 

3 0.947 12,699 

22 mg L-1, 0.041 g 

1 3.29 22,501 

2 3.33 22,556 

3 3.29 22,448 

22 mg L-1, 0.019 g 

1 9.16 33,816 

2 9.77 32,571 

3 9.42 32,633 

110 mg L-1, 0.088 g 

1 30.5 45,077 

2 30.9 44,904 

3 30.5 44,899 

110 mg L-1, 0.028 g 

1 77.5 57,323 

2 75.0 62,414 

3 77.7 56,611 
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Table A 3: Raw data for the single compound sorption isotherm of TCE on BC-WC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 3.5 mg 

1 0.434 20,485 

2 0.431 20,638 

3 0.428 20,956 

1.7 mg L-1, 1.5 mg 

1 0.988 29,690 

2 0.992 29,742 

3 0.970 30,348 

22 mg L-1, 0.019 g 

1 3.94 48,016 

2 3.46 49,808 

3 3.55 49,575 

22 mg L-1, 9.8 mg 

1 9.07 66,866 

2 9.20 66,075 

3 9.46 64,890 

110 mg L-1, 0.047 g 

1 29.6 88,955 

2 29.9 89,200 

3 31.2 87,592 

110 mg L-1, 0.016 g 

1 79.0 105,984 

2 82.4 97,927 

3 82.1 97,514 

 



 

122 

Table A 4: Raw data for the single compound sorption isotherm of TCE on AC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 1.1 mg 

1 0.396 69,619 

2 0.380 71,312 

3 0.405 70,548 

1.7 mg L-1, 0.5 mg 

1 1.03 93,078 

2 1.00 92,731 

3 1.02 93,329 

22 mg L-1, 5.5 mg 

1 3.00 164,180 

2 2.96 165,079 

3 2.91 165,477 

22 mg L-1, 2.7 mg 

1 8.74 231,014 

2 8.74 229,327 

3 8.96 225,050 

110 mg L-1, 12.5 mg 

1 30.2 339,616 

2 29.4 343,657 

3 30.0 341,024 

110 mg L-1, 4 mg 

1 82.3 418,938 

2 81.3 427,655 

3 80.4 440,794 
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Table A 5: Raw data for the single compound sorption isotherm of PCE on BC-CM. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 0.111 g 

1 0.364 761 

2 0.463 715 

3 0.364 760 

1.7 mg L-1, 0.036 g 

1 1.02 1,434 

2 1.00 1,476 

3 1.04 1,416 

22 mg L-1, 0.312 g 

1 4.82 3,178 

2 4.41 3,245 

3 4.82 3,177 

22 mg L-1, 0.126 g 

1 11.5 5,209 

2 11.1 5,363 

3 11.6 5,177 

110 mg L-1, 0.48 g 

1 45.2 7,731 

2 41.8 8,094 

3 42.2 8,040 

110 mg L-1, 0.129 g 

1 87.2 12,416 

2 87.8 12,210 

3 88.6 11,933 
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Table A 6: Raw data for the single compound sorption isotherm of PCE on BC-GH. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 11 mg 

1 0.359 6,986 

2 0.374 6,917 

3 0.381 6,874 

1.7 mg L-1, 4.5 mg 

1 0.903 10,705 

2 1.01 9,517 

3 0.971 9,950 

22 mg L-1, 0.052 g 

1 1.92 20,126 

2 2.18 19,886 

3 1.92 20,050 

22 mg L-1, 0.026 g 

1 7.44 30,178 

2 7.22 30,139 

3 7.10 30,610 

110 mg L-1, 0.119 g 

1 20.4 39,607 

2 16.3 41,373 

3 17.1 40,904 

110 mg L-1, 0.039 g 

1 68.1 58,764 

2 69.6 56,670 

3 70.8 55,022 
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Table A 7: Raw data for the single compound sorption isotherm of PCE on BC-WC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 4.3 mg 

1 0.641 14,489 

2 0.591 15,052 

3 0.715 13,617 

1.7 mg L-1, 1.8 mg 

1 1.34 15,581 

2 1.36 14,895 

3 1.30 16,537 

22 mg L-1, 0.021 g 

1 1.22 18,909 

2 1.30 16,503 

3 1.30 16,621 

22 mg L-1, 10.1 mg 

1 4.42 41,400 

2 4.83 40,839 

3 6.02 38,266 

110 mg L-1, 0.046 g 

1 11.8 53,493 

2 11.6 54,124 

3 12.6 49,407 

110 mg L-1, 0.016 g 

1 43.8 74,601 

2 43.6 75,146 

3 43.4 75,096 

 



 

126 

Table A 8: Raw data for the single compound sorption isotherm of PCE on AC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 0.67 mg 

1 0.204 131,237 

2 0.215 129,104 

3 0.193 131,657 

1.7 mg L-1, 0.25 mg 

1 0.519 184,953 

2 0.574 186,042 

3 0.538 187,369 

22 mg L-1, 3.2 mg 

1 1.93 340,345 

2 1.82 340,987 

3 1.76 342,670 

22 mg L-1, 1.7 mg 

1 9.50 430,635 

2 9.23 437,976 

3 9.30 433,655 

110 mg L-1, 8.1 mg 

1 36.8 526,299 

2 36.4 528,654 

3 37.2 523,610 

110 mg L-1, 2.8 mg 

1 85.5 640,974 

2 89.2 574,042 

3 85.5 640,904 
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Table A 9: Raw data for the bi-solute sorption isotherm of TCE and PCE on BC-CM. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate 

TCE PCE 

CW [mg L-1] CS [mg kg-1] CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 0.077 g 

1 0.347 854 0.420 845 

2 0.349 852 0.421 844 

3 0.392 826 0.466 816 

1.7 mg L-1, 0.031 g 

1 0.885 1,256 0.953 1,241 

2 0.904 1,241 0.990 1,197 

3 0.910 1,239 0.993 1,200 

22 mg L-1, 0.323 g 

1 5.00 3,055 5.01 3,276 

2 6.04 2,897 6.17 3,098 

3 6.74 2,782 6.72 3,009 

22 mg L-1, 0.155 g 

1 11.4 4,363 10.9 4,981 

2 12.5 3,970 12.2 4,536 

3 11.8 4,194 11.6 4,731 

110 mg L-1, 0.705 g 

1 35.9 6,021 30.9 6,760 

2 44.9 5,359 39.5 6,124 

3 38.5 5,832 32.5 6,641 

110 mg L-1, 0.227 g 

1 84.1 8,000 75.7 11,039 

2 83.5 8,139 74.8 11,232 

3 84.9 7,831 76.0 10,957 
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Table A 10: Raw data for the bi-solute sorption isotherm of TCE and PCE on BC-GH. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate 

TCE PCE 

CW [mg L-1] CS [mg kg-1] CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 7.5 mg 

1 0.559 9,124 0.491 10,013 

2 0.526 9,290 0.450 10,229 

3 0.529 9,256 0.448 10,225 

1.7 mg L-1, 3.7 mg 

1 1.04 12,015 0.990 13,593 

2 1.03 11,990 0.961 13,828 

3 1.11 11,110 1.02 13,138 

22 mg L-1, 0.045 g 

1 5.80 20,427 4.04 24,001 

2 5.75 20,616 4.08 24,118 

3 5.80 20,564 3.96 24,248 

22 mg L-1, 0.025 g 

1 11.9 24,656 9.95 31,549 

2 12.1 23,994 10.1 30,870 

3 12.5 23,435 10.3 30,852 

110 mg L-1, 0.129 g 

1 36.5 32,337 26.2 38,399 

2 35.9 32,777 26.9 38,366 

3 37.3 32,220 27.6 38,079 

110 mg L-1, 0.046 g 

1 85.8 36,778 77.1 51,848 

2 83.9 39,081 75.9 53,513 

3 81.2 41,713 71.9 57,464 
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Table A 11: Raw data for the bi-solute sorption isotherm of TCE and PCE on BC-WC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate 

TCE PCE 

CW [mg L-1] CS [mg kg-1] CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 3.2 mg 

1 0.462 20,783 0.465 21,374 

2 0.491 20,600 0.493 21,209 

3 0.473 20,569 0.481 21,075 

1.7 mg L-1, 1.6 mg 

1 0.952 27,133 1.00 26,876 

2 0.943 27,428 0.992 27,156 

3 0.963 26,214 1.06 24,399 

22 mg L-1, 0.023 g 

1 4.77 40,631 4.31 43,553 

2 5.01 40,249 4.64 42,973 

3 5.01 40,189 5.61 40,800 

22 mg L-1, 0.0135 g 

1 10.6 46,455 9.66 53,038 

2 10.3 47,250 9.36 53,838 

3 10.5 47,100 9.55 53,586 

110 mg L-1, 0.073 g 

1 29.3 56,040 26.2 60,302 

2 29.2 56,369 23.0 62,722 

3 29.2 56,369 25.1 61,317 

110 mg L-1, 0.028 g 

1 79.6 56,546 73.8 72,383 

2 75.5 62,558 70.9 76,007 

3 75.6 62,831 70.5 77,200 
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Table A 12: Raw data for the bi-solute sorption isotherm of TCE and PCE on AC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate 

TCE PCE 

CW [mg L-1] CS [mg kg-1] CW [mg L-1] CS [mg kg-1] 

2.2 mg L-1, 1.25 mg 

1 0.765 56,589 0.114 83,469 

2 0.782 56,623 0.114 84,488 

3 0.832 54,451 0.162 82,323 

2.2 mg L-1, 0.52 mg 

1 1.62 53,360 0.592 152,437 

2 1.64 51,672 0.546 158,962 

3 1.65 51,446 0.527 160,751 

22 mg L-1, 3.5 mg 

1 14.0 126,968 3.41 276,912 

2 13.5 133,368 3.14 279,111 

3 14.0 127,169 3.24 278,406 

22 mg L-1, 2.0 mg 

1 19.1 97,745 8.93 351,005 

2 19.3 92,860 8.93 352,408 

3 19.3 93,541 8.96 350,173 

110 mg L-1, 12 g 

1 75.8 141,497 24.1 358,723 

2 73.4 150,296 23.3 359,184 

3 75.5 141,973 24.3 355,840 

110 mg L-1, 4.1 g 

1 102.5 89,077 71.7 476,360 

2 100.6 111,817 71.0 479,494 

3 96.3 166,020 67.8 523,882 
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Table A 13: Raw data for the single sorption isotherm of TCE on leached BC-CM. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 0.071 g 

1 0.387 1,018 

2 0.403 1,069 

3 0.344 1,104 

1.7 mg L-1, 0.026 g 

1 0.929 1,937 

2 0.940 1,916 

3 0.994 1,826 

22 mg L-1, 0.21 g 

1 4.96 4,277 

2 5.22 4,216 

3 5.49 4,149 

22 mg L-1, 0.11 g 

1 11.3 5,723 

2 10.9 5,924 

3 10.9 5,969 

110 mg L-1, 0.45 g 

1 35.7 9,147 

2 38.5 8,818 

3 35.5 9,154 

110 mg L-1, 0.20 g 

1 68.3 12,653 

2 69.7 12,173 

3 69.4 12,293 
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Table A 14: Raw data for the single compound sorption isotherm of TCE on leached BC-GH. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 9.5 mg 

1 0.263 8,567 

2 0.257 8,585 

3 0.262 8,540 

1.7 mg L-1, 3.6 mg 

1 0.797 14,942 

2 0.862 14,125 

3 0.857 14,098 

22 mg L-1, 0.045 g 

1 2.54 22,522 

2 2.41 22,715 

3 2.33 22,862 

22 mg L-1, 0.025 g 

1 6.33 32,784 

2 6.68 32,357 

3 6.59 32,399 

110 mg L-1, 0.09 g 

1 24.9 47,346 

2 24.9 47,451 

3 26.9 46,302 

110 mg L-1, 0.032 g 

1 69.6 63,298 

2 72.2 59,059 

3 72.9 58,606 
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Table A 15: Raw data for the single compound sorption isotherm of TCE on leached BC-WC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.7 mg L-1, 3.5 mg 

1 0.371 22,592 

2 0.318 23,261 

3 0.368 22,460 

1.7 mg L-1, 1.5 mg 

1 0.894 34,128 

2 0.908 33,314 

3 0.947 32,206 

22 mg L-1, 0.02 g 

1 2.65 50,620 

2 2.78 50,306 

3 2.48 50,786 

22 mg L-1, 0.01 g 

1 8.08 72,427 

2 8.25 71,610 

3 8.21 73,236 

110 mg L-1, 0.046 g 

1 27.9 94,221 

2 27.3 95,106 

3 27.8 94,606 

110 mg L-1, 0.02 g 

1 71.2 109,334 

2 72.9 105,690 

3 71.0 109,417 
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Table A 16: Raw data for the single compound sorption isotherm of PCE on leached BC-CM. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.9 mg L-1, 0.125 g 

1 0.413 824 

2 0.404 827 

3 0.405 824 

1.9 mg L-1, 0.043 g 

1 1.18 1,501 

2 1.18 1,499 

3 1.21 1,443 

19.8 mg L-1, 0.279 g 

1 5.55 3,822 

2 5.47 3,819 

3 6.94 3,562 

19.8 mg L-1, 0107 g 

1 14.2 5,880 

2 14.0 5,964 

3 14.4 5,754 

108 mg L-1, 0.45 g 

1 53.5 10,077 

2 51.3 10,326 

3 49.5 10,530 

108 mg L-1, 0.125 g 

1 106.6 15,240 

2 105.8 15,571 

3 101.6 17,273 
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Table A 17: Raw data for the single compound sorption isotherm of PCE on leached BC-GH. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.9 mg L-1, 12.9 mg 

1 0.212 7,682 

2 0.261 7,497 

3 0.241 7,563 

1.9 mg L-1, 5.7 mg 

1 0.691 12,573 

2 0.717 12,351 

3 0.733 12,214 

19.8 mg L-1, 0.047 g 

1 2.36 21,412 

2 1.49 22,387 

3 2.32 21,454 

19.8 mg L-1, 0.021 g 

1 6.95 36,571 

2 6.91 36,665 

3 8.01 34,209 

108 mg L-1, 0.115 g 

1 13.4 46,679 

2 14.2 46,194 

3 14.8 45,939 

108 mg L-1, 0.037 g 

1 69.1 69,246 

2 68.8 70,043 

3 70.4 68,056 
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Table A 18: Raw data for the single compound sorption isotherm of PCE on leached BC-WC. 

Initial concentration C0 
[mg L-1] and sorbent mass 

used [g] 
Replicate CW [mg L-1] CS [mg kg-1] 

1.9 mg L-1, 5.0 mg 

1 0.476 16,624 

2 0.371 17,727 

3 0.500 16,376 

1.9 mg L-1, 2.1 mg 

1 1.33 18,980 

2 1.16 23,365 

3 1.14 23,795 

19.8 mg L-1, 0.018 g 

1 4.83 52,922 

2 4.47 53,328 

3 4.39 53,843 

19.8 mg L-1, 8.35 mg 

1 12.1 70,537 

2 12.0 69,751 

3 12.1 70,658 

108 mg L-1, 0.044 g 

1 42.9 95,967 

2 44.0 95,223 

3 42.2 97,045 

108 mg L-1, 0.015 g 

1 94.5 111,513 

2 94.7 109,639 

3 93.7 114,461 
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Table A 19: Summarized raw data of the leachate analysis of the three biochars analyzed with ion 

chromatography. 

Sorbent BC-CM  BC-GH  BC-WC 

Replicate 1 2 3  1 2 3  1 2 3 

Biochar mass [g] 1.49 1.51 1.50  1.49 1.48 1.48  1.48 1.49 1.49 

Leachate Vol. [mL] 65.22 65.36 64.40  62.47 62.12 64.78  61.35 62.76 62.96 

pH [-] 10.2 10.1 10.2  8.3 8.3 8.3  8.8 8.8 8.9 

EC [µS cm-1] 3,670 3,740 3,860  592 609 596  153 145 143 

DOC [mg L-1] 618.97 647.23 632.21  59.61 56.01 57.29  33.04 40.09 36.53 

K+ [mg L-1] 717.10 729.57 758.66  176.35 179.12 173.21  14.49 13.89 13.27 

Na+ [mg L-1] 228.17 230.27 236.48  8.89 7.56 7.37  3.91 3.64 3.55 

Ca2+ [mg L-1] 12.63 9.96 7.49  2.04 2.15 2.28  1.64 1.81 1.78 

Mg2+ [mg L-1] 1.04 1.91 1.65  1.23 1.35 1.41  0.70 0.67 0.61 

NH4
+ [mg L-1] 0.84 1.04 0.92  0.13 0.15 0.19  0.03 0.01 <dl 

PO4
3- [mg L-1] 36.17 33.10 37.04  124.99 125.22 123.23  1.55 1.52 1.47 

SO4
2- [mg L-1] 100.96 105.74 105.99  26.76 27.60 26.51  4.62 4.69 4.47 

NO3
- [mg L-1] <dl 1.29 0.67  0.64 0.59 0.57  0.26 0.46 0.22 

NO2
- [mg L-1] 0.21 0.50 0.24  0.02 0.02 0.02  0.01 0.01 0.01 

Cl- [mg L-1] 539.69 565.04 573.57  26.49 23.94 23.18  2.64 1.89 1.96 

Br- [mg L-1] 1.97 2.05 2.13  0.84 0.76 0.72  0.18 0.18 0.17 

F- [mg L-1] 4.74 5.53 4.92  0.21 0.19 0.17  0.08 0.08 0.08 

<dl: below limit of detection 
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Table A 20: Selected data for biochar leaching from the literature. All ions are given in mg g-1 (partly recalculated from original data). 

Reference Feedstock 
Pyrolysis 

temp. 
[°C] 

Leaching 
method 

K+ Na+ Ca2+ Mg2+ Cl- P PO4
3- S SO4

2- N NH4
+-N NO3

--N 

Yao et al., 2010 Sewage sludge 550 Soxhlet 
extractor at 
30°C for 300 

hours; flowrate: 
30 mL every 

6 min. 

0.95  6.9 0.54  4       

 Poultry matter 250 0.08  8.28 0.38  0.17       

  300 0.01  8.96 0.46  0.10       

  350 0.00  8.57 0.21  0.03       

  400 0.01  8.01 0.26  0.02       

Kloss et al., 2012 Straw 400 Leaching of 2 g 
biochar with 

40 mL of water; 
mixture was 
allowed to 

stand overnight, 
than shaken for 

1 hour, and 
centrifuged. 

10.20 0.02 0.24 0.09 6.30  0.45  1.30    

  460 13.50 0.01 0.71 0.21 4.70  0.68  1.42    

  525 18.20 0.02 0.19 0.04 5.60  0.66  1.38    

 Spruce 400 1.20 0.02 0.46 0.11 0.08  0.44  0.06    

  460 1.30 0.01 0.36 0.03 0.06  0.10  0.04    

  525 1.60 0.01 0.18 0.03 0.17  0.20  0.04    

 Poplar 400 2.50 0.01 1.10 0.25 0.01  0.04  0.10    

  460 2.50 0.01 0.44 0.10 0.02  0.02  0.08    

  525 1.70 0.01 0.23 0.04 0.01  0.06  0.04    

Wu et al., 2016 Peanut Hull 600 Leaching of 
0.5 g biochar 
with 25 mL of 

deionized water 
in 50 mL 

centrifuge tubes 
at room 

temperature; 
samples shaken 

on an orbital 
shaker for 24 

hours and then 
centrifuged. 

3.50 0.03 0.52 0.14  0.17       

 Hickory wood chips 600 1.17 0.03 0.20 0.07  0.01       

 Spanish moss 600 4.59 1.79 0.36 0.10  0.03       

 Pine needle 600 0.34 0.08 0.54 0.09  0.09       

 Bagasse 600 1.97 0.05 0.43 0.13  0.04       

 Sugar beet tailings 600 7.17 1.19 0.58 0.51  0.11       

 Mixed animal 
waste 

600 7.10 1.30 0.49 0.05  0.90       

 Biosolid 600 0.20 0.09 2.21 0.31  0.80       
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Reference Feedstock 
Pyrolysis 

temp. 
[°C] 

Leaching 
method 

K+ Na+ Ca2+ Mg2+ Cl- P PO4
3- S SO4

2- N NH4
+-N NO3

--N 

Graber et al., 
2010 

Citrus wood  
Leaching of 

biochars with 
double distilled 

water (1:10 
w/w) by stirring 
at 25°C for 30 

min. 

2.74 2.34 0.08 0.03 3.24 0.01  0.61   0.0006 0.0002 

               

               

               

               

Spokas at al., 
2014 

Switchgrass 500 
Leaching of 5 g 

oven-dried 
biochar with 

distilled water 
[1:20 (w/w)] in 

125 mL 
polyethylene 

bottles; shaken 
on a 

reciprocating 
shaker (60 rpm) 

for 24 hours. 

0.08 0.13 0.09 0.04 0.05 0.02  0.02   0.002 0.005 

 Poultry litter 350 20.24 4.42 0.33 0.10 8.23 0.11  3.38   0.03 0.005 

 Coconut shell 900 0.57 0.16 0.04 0.03 0.06 0.12  0.02   0.005 0.02 

 Pine chip 350 8.06 0.28 0.06 0.23 0.13 3.30  0.10   0.10 0.07 

 Pine chip/poultry 
litter 

350 20.94 0.19 0.09 0.04 0.29 1.30  0.35   0.01 0.01 

 Pine chip 700 0.63 0.15 1.33 0.05 0.05 0.02  0.02   0 0.01 

 Hardwood 500 0.72 0.14 0.05 0.11 0.05 0.41  0.01   0.002 0.01 

 Macadamia nut 
shell 

500 0.02 0.10 0.09 0.00 0.04 0.00  0.01   0.002 0.005 

Zhao et al., 2013 Cow manure 500 Leaching of 
biochar with 

deionized water 
at a solid to 

liquid ratio of 
1:1200 (w/v) for 

16 hours at 
room 

temperature. 

0.87  0.06 0.03  0.03    0.031   

 Pig manure 500 2.56  0.002 0.25  1.92    0.008   

 Chicken manure 500 5.33  0.07 0.04  0.10    0.006   

 Sawdust 500 1.18  0.03 0.01  0.03    0.013   

 Tree leaf 500 1.20  0.16 0.08  0.004       

 Grass 500 10.44  0.08 0.04  0.06    0.035   

 Rice straw 500 13.52  0.01 0.02  0.21    0.013   

 Wheat straw 500 19.83  0.17 0.05  0.04       

 Peanut shell 500 1.86  0.03 0.03  0.02       

 Corncob 500 10.38  0.01 0.01  0.10       
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Reference Feedstock 
Pyrolysis 

temp. 
[°C] 

Leaching 
method 

K+ Na+ Ca2+ Mg2+ Cl- P PO4
3- S SO4

2- N NH4
+-N NO3

--N 

 Rice hull 500 1.37  0.03 0.09  0.38       

 Sugarcane 500 2.97  0.01 0.03  0.08       

 Polly seed hull 500 6.89  0.05 0.06  0.08    0.002   

 Shrimp hull 500 1.86  0.02 0.04  0.28       

 Bone dregs 500 10.38  0 0.0005  0.37    0.298   

 Eggshell 500 1.37  0.05 0.01  0.002       

 Chlorella 500 31.52  0.12 0.10  0.15       

 Waterweeds 500 12.26  0.03 0.03  0.15       

 Waste paper 500 0.0002  0.11 0.10  0.001       

 Wastewater sludge 500 0.16  1.15 0.06  0.002    0.073   
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Table A 21: Total TCE mass extracted for each consecutive extraction step from pre-loaded sorbents.  

 TCE [mg extracted] 

Sorbent AC BC-WC BC-GH BC-CM 

Replicate 1 2 3 1 2 3 1 2 3 1 2 3 

 0.01 SW 

Water-1 0.54 0.25 020 0.13 0.17 0.20 0.09 0.08 0.15 0.01 0.06 0.06 

Water-2 0.73 0.80 0.94 0.31 0.30 0.36 0.29 0.10 0.35 0.02 0.05 0.03 

Methanol 14.1 8.24 14.1 6.33 8.38 7.62 5.06 3.30 3.96 0.37 0.27 0.42 

Toluene 15.4 12.6 22.8 0.66 2.40 2.71 1.74 1.89 1.93 0.15 0.19 0.25 

n-hexane 6.63 7.42 8.40 3.99 0.98 1.26 0.66 1.19 0.56 0.09 0.10 0.14 

 0.1 SW 

Water-1 1.79 2.16 2.12 1.28 - a 0.61 0.64 0.69 0.77 0.84 0.76 0.84 

Water-2 1.06 1.81 1.74 0.91 - a 0.80 0.37 0.80 0.83 0.26 0.20 0.10 

Methanol 34.2 33.1 31.9 11.9 - a 15.7 13.0 10.3 8.00 1.96 1.76 1.06 

Toluene 31.2 32.3 30.0 4.19 - a 3.27 4.16 2.53 2.81 0.50 0.47 0.44 

n-hexane 17.2 16.2 18.1 2.09 - a 1.65 1.69 0.89 0.88 0.18 0.13 0.17 

 SW 

Water-1 8.32 -b -b 4.51 -b -b 4.02 -b -b 6.89 -b -b 

Water-2 7.20 -b -b 1.98 -b -b 2.04 -b -b 1.88 -b -b 

Methanol 48.3 -b -b 10.1 -b -b 8.18 -b -b 3.73 -b -b 

Toluene 49.9 -b -b 7.38 -b -b 5.91 -b -b 2.62 -b -b 

n-hexane 18.8 -b -b 3.27 -b -b 2.37 -b -b 0.68 -b -b 

a Sample lost during extraction. 
b Only one replicate performed. 
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Table A 22: Total PCE mass extracted for each consecutive extraction step from pre-loaded sorbents.  

 PCE [mg extracted] 

Sorbent AC BC-WC BC-GH BC-CM 

Replicate 1 2 3 1 2 3 1 2 3 1 2 3 

 0.01 SW 

Water-1 0.39 0.35 0.29 0.02 0.01 0.01 0.05 0.02 0.02 0.02 0.02 0.01 

Water-2 0.58 0.45 0.58 0.05 0.01 0.07 0.07 0.05 0.08 0.02 0.01 0.03 

Methanol 6.69 4.54 11.6 0.69 0.71 1.18 0.86 0.90 1.08 0.21 0.22 0.16 

Toluene 36.9 37.5 44.7 0.57 0.59 0.52 0.52 0.32 0.42 0.07 0.11 0.10 

n-hexane 7.83 10.2 6.18 0.29 0.34 0.27 0.31 0.37 0.32 0.03 0.03 0.03 

 0.1 SW 

Water-1 1.42 1.95 2.11 0.14 0.09 0.07 0.11 0.39 0.11 0.13 0.13 0.12 

Water-2 1.60 2.06 2.81 0.34 0.11 0.13 0.11 0.27 0.08 0.05 0.05 0.06 

Methanol 24.7 31.7 25.0 2.49 2.71 2.57 2.39 2.80 1.94 0.47 0.71 0.48 

Toluene 20.6 20.9 15.7 1.25 1.29 1.37 1.00 1.26 0.83 0.30 0.30 0.27 

n-hexane 13.8 12.2 16.4 0.62 0.70 0.66 0.49 0.75 0.59 0.14 0.10 0.11 

 SW 

Water-1 6.06 - a - a 0.59 - a - a 1.99 - a - a 1.54 - a - a 

Water-2 2.25 - a - a 0.76 - a - a 1.52 - a - a 0.67 - a - a 

Methanol 37.0 - a - a 8.71 - a - a 7.30 - a - a 5.52 - a - a 

Toluene 55.1 - a - a 3.96 - a - a 3.96 - a - a 1.70 - a - a 

n-hexane 21.9 - a - a 1.96 - a - a 1.26 - a - a 0.19 - a - a 
a Only one replicate performed. 
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